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PREFACE

This is the first in a mini-series of volumes that focuses on the results and fruitful
discussions of four workshops organized by the working group on Quality and Impact
assessment (first known as Contaminant behaviour and fate) of the SedNet (the European
Sediment Research Network) EU funded project. These four workshops took place between
November 2002 and June 2004 and covered the following topics and were at different
locations indicated below;
•
•

•
•

1st Workshop "Chemical Analysis and Risk Assessment of Emerging Contaminants in
Sediments and Dredged Material" held in Barcelona, on 28-30 November 2002.
2st Workshop "Impact, Bioavailability and Assessment of Pollutants in Sediments and
Dredged Materials Under Extreme Hydrological Conditions" held in Berlin on 3-5 April
2003
3rd Workshop "Monitoring Sediment Quality at River Basin Scale. Understanding the
Behaviour and Fate of Pollutants", held in Lisbon on 29-31 January, 2004
4th Workshop "Towards Harmonization of Impact Assessment Tools for Sediment and
Dredged Materials", held in San Sebastian, Spain on 10-11 June, 2004

Scientists and stakeholders attending the various workshops have received the book of
abstracts and also the Power Point presentations of the different speakers. At the same time
we have produced 6 newsletters with the summary conclusions of each workshop and also
key recommendations with a multi-purpose approach, so they can be used by either
researchers, policy makers, water managers and stakeholders.
At the first inaugural conference organised by SedNet in Venice (they were in total three
main conferences organized in Venice, Italy, by the SedNet co-ordinator, Jos Brils,) we have
created an enthusiastic core group that was able to work together during the whole duration of
the project, from January 2002 till December 2004. We should say that this was a unique and
extremely positive experience, since this core group has been able to produce this book that is
a cost-effective, positive and beneficial experience that should be taken as an example by
other European Union funded projects.
During this first conference, the complex issues of behaviour (e.g. bioavailability, binding)
and fate (e.g. degradation) of contaminants in sediments were mentioned and several studies
have taken place by numerous research institutes, both within and outside Europe. The goal of
these studies was to gain more insight into the factors that determine the bioavailability and
understanding the release of contaminants. The problem of sediment contamination was
associated, briefly, to different forms of sediment movement, either dredging, re-suspension,
floods, and to the risks associated with that movement. The different ways how to evaluate
such a risk was pointed out as one of the key questions to be answered by SedNet. In this
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respect, a substantial amount of knowledge, representing a base for assessment of the risk of
sediment pollution, was made available. However numerous knowledge gaps were then
identified. These gaps can be subdivided into a number of distinct groups; those dealing with
some general points related with the sediment contamination and diffuse pollution, dredging,
speciation of contaminants, biotransformation and bioavailability, respectively.
The main gaps in knowledge identified in 2002 are listed below:
1. Knowledge about the main sediment traps, both man-made and natural are too
fragmented and a holistic approach on the river basin level is required. How to predict
behaviour in dynamic traps?
2. Hydrodynamics is rarely included into consideration of behaviour and fate of
contaminants. Modelling needed to understand and predict impact of floods, tides,
accidents, deposition of dredged material into land, impact of climate changes etc.
3. There is an increasing concern regarding the diffuse pollution (pesticides, sewage
treatment plant effluents) at river basin scale, since point source pollution (industry) is
increasingly controlled. Although a lot is known on the impact of farming practices into
water there is a lack of information on soil, e.g. the impact of antibiotics contained in
animal feed. The cost of diffuse soil contamination is not seen so much in sediment itself
but in the consequences of the breakdown of the buffering capacity of sediment.
4. There is lack of knowledge regarding the influence of environmental factors, natural and
anthropogenic, for example influence of hydrological factors, long term behaviour of
contaminants related to geochemical conditions, historical pollution, buffering capacity of
sediments, etc.
5. More research is needed to understand the role of sediments in filtration of water from
river banks into groundwater
6. Extrapolation of the results of laboratory studies is under question, especially those
conducted under different conditions (e.g. oxic vs. anoxic conditions)
7. Open questions regarding dredging are related with the resuspension and turbidity
generated by dredging and shipping, relocation of dredged materials and subsequent
problems connected with soil pollution, dredging in harbours.
8. Needs for additional expertise related to the speciation and stable forms of inorganic
contaminants and necessity to transfer knowledge available (i.e. from mineralogists).
9. An important question is the possibility to control bioavailability. How can organisms
modify sediment chemistry? Under which conditions, in view of climate changes, is
possible to predict peaks of bioavailability (i.e. the worst case scenario)?
10. Sequestration and bioavailability of pollutants. How can we elucidate the nature of
sequestration -a slowly desorbing fraction- in sediments?
11. How to define long-term behaviour (e.g. problem of radio-active contamination)?
12. How to measure the freely dissolved pore-water concentration? How to discriminate
between the dissolved forms of an analyte from its sorbed forms?
13. How to predict consequences for ecological systems?
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14. Which contaminants should be included in risk assessment studies? Basic research has
been done for some priority pollutants, however there is a broad range of emerging
contaminants that need to be studied.
To fill these gaps, and gain more insight into the problem of contaminated sediments, a
multilayer approach was proposed:
1. Source: Identification of source, mapping and characterization of parameters should be
related with hydrology, reactivity, environmental conditions, change of conditions and
their impact, suspension-re-suspension
2. Analysis (chemistry/biology): Choice of contaminants should be put into the frame of the
Water Framework Directive, with special emphasis on emerging contaminants. It is well
known that only a limited number of substances can be chemically detected and target
compound-chemical analysis hardly gives information about the "bioavailability of
contaminants. By using bioassays, and applying Toxicity Identification Evaluation (TIE)
procedures, effects of contaminants can be detected (an example is the effect-oriented
approach in studying endocrine disrupting compounds).
3. Food-ecosystem-MoavaitaAUity: Basic approach risk assessment/TIE. Use of field
organisms in studying bioavailability. Biotransformation of contaminants should also be
studied in view of natural attenuation, long-term behaviour and relocation of sediment.
This first volume in the mini-series is the first attempt to fill many of these gaps in
knowledge and also in practice. The volume includes the following sections:
• Sampling
• Characterization of contaminants in sediments being bioavailability the main issue
• Chemical analysis
• Biological analysis
• Effect Directed Analysis and Toxicity Identification Evaluation
• Benthos sediment quality assessment
• Modelling of pollutant fate and behaviour
• Sediment Quality Guidelines.
Considering the chapters included in this volume, we should emphasis that this volume is
suitable to a wide audience, from students at the graduate level, as well as to experienced
researchers and laboratory personnel in academia, industry and government
In addition, we would like to thank all the co-authors of the different chapters (all of them
being members of the SedNet core group of the same title) for their tremendous effort in
putting together this updated, unique and comprehensive compilation of material which will
no doubt be extremely valuable to the scientific community. Finally, we can not forget two
key persons in this process: Jos Brils, the coordinator of SedNet. We would like to take this
opportunity to thank him for his enthusiasm and effort in putting together a successful
proposal, and for keeping us busy with meetings, emails and conferences on sediments,
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always in a friendly and open way. The other key person that has been involved in this miniseries (and also this volume) is Dr Jurgen Busing. As the scientific officer of SedNet, Dr.
Busing participated just as another core group member and always gave us critical advice and
support to continue with the challenging issue of sediment quality and impact assessment of
pollutants.
Thanks to all of you for making possible such a book that now is in your hands! Hoping
that you will enjoy reading it!

D Barcelo and M Petrovic
Barcelona, January 25,2006
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1. INTRODUCTION
In any practical study of environmental material, the normal first step of taking samples is
also the most crucial - not only do the samples define the scope of the subsequent work, but
poor sampling procedures can contribute significantly to overall errors. In this chapter we
address a range of sampling strategies and how they should be related to the objectives of a
project, and then consider the sampling itself and consequent actions.
It is often both possible and appropriate to measure several parameters (e.g. pH and Eh) in
situ, and these measurements are not subject to the errors associated with removing samples
from the environment and transporting them to an analytical laboratory. This procedure is of
course especially helpful where parameters are highly variable in both space and time, and in
these cases continuous and/or telemetered recordings are preferable.
2. SAMPLING STRATEGIES
Any sampling strategy is strongly determined by the goal of the investigation. No sediment
assessment program should be started without scrutinising critically the need for information.
Goals can be, for example, to assess the present status of sediments through their chemical,
ecotoxicological or biological characterisation, to identify pollution sources and their impact
on sediment quality, to estimate past pollution levels, to establish the environmental status
and of changes in it, and to obtain material for research projects. Sediment assessment can
contribute to comprehensive programmes for water quality assessment as described by the
World Health Organisation (WHO) [1], thus following the respective strategies.
2.1 Objectives of sediment sampling
Sediment sampling and analysis can represent a substantial investment of time and money.
In addition, the development of a sampling concept may involve co-operation among several
different parties, like programme manager, authority, regulator, scientist, laboratory, etc.
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Obviously, there are substantial reasons to elaborate sampling concepts thoroughly. Basic
general rules for a successful sampling strategy are (adapted from [2]):
The objectives must be defined first and the programme adapted to the and not vice versa.
Adequate financial support must then be obtained.
The type and nature of the water body must be fully understood, particularly the spatial
and temporal variability within the whole water body.
A sampling plan must be elaborated with respect to the objectives.
The monitoring of the quality of sediments must be coupled with the appropriate
hydrological and sediment transport monitoring.
The programme must be evaluated periodically, especially if the general situation or any
particular influence on the environment is changed, either naturally or by measures taken
in the catchment area.
ISO 5667-19 identifies three main categories of sampling surveys according to the objectives
and required precision of results [3]:
Survey
Strategies
Pilot survey
Reconnaissance, few randomly placed samples
Baseline survey
Impact assessment, grid or gradient sampling
Temporal trend survey
Time changes, repeated sampling of surface sediments along
gradients or sediment cores
Any sediment sampling according to global [4], European [5], national, and local
assessment tasks can be summarised within these three levels of monitoring.
Before establishing a new monitoring programme or extending an existing one, pilot
surveys are recommended to collect information on the present characteristics of the water
bodies of interest. These surveys are needed for the building of sampling plans, and to aid
interpretation of results.
Owing to their high potential for accumulation of non-polar, persistent, and toxic
compounds, sediments are particularly sensitive to anthropogenic impacts, which may disturb
the natural state of waters. At the same time, sediments are subjects to transport, deposition,
and erosion, thus forming a dynamic part of the hydrological cycle. Furthermore, they have
specific significance as habitats of numerous organisms and biocoenoses and as the place
where manifold transformation processes occur. Sampling strategies for sediments have to
account for this complexity.
2.2 Sampling plan
Generally, three main phases in the process of designing a sediment sampling concept may
be defined. In an initial assessment the goals and the existing information are analysed. In a
planning phase the sampling plan is constructed. In the execution phase the sampling is
carried out. Of course the process may be iterative meaning that as data become available,
they may lead to further questions and require reconsideration of the concept [6].
A sediment sampling plan is a document that is written to help those who need to sample
and those who need to make decisions based on the results, to think through, discuss and
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agree on how sampling should be done so that the data that emerge from the sampling are of a
quality and quantity sufficient to allow sound decision-making and project planning. To
achieve this goal, a clear purpose, objective and set of testable hypotheses must be agreed to
and form the basis of the plan [6]. An analytical plan needs to be developed concurrently with
the broader sampling plan, as they are interrelated. In order to build a sampling plan the
following elements should be considered in detail:
- type of survey and testable hypotheses
- analytical needs (e.g., volumes or mass of sediment required)
- sampling frequency -sampling design -sample number
- location of the sample stations -depth of sampling (total, sections)
- sediment sampling equipment -at-site documentation (e.g. sampling conditions, sample
texture) -sample handling, transport and storage.
The type of survey will strongly depend on the qualitative and quantitative objectives and
the testable hypothesis. The necessary or possible power of a monitoring programme will vary
with the purpose of the investigation and with the contaminant, matrix and area being
investigated. It is thus not possible to specify values for all situations.
The sampling frequency is of vital importance for regular monitoring and for research
programmes. It will have to be defined on a local basis, taking into account type of aquatic
environment. Typical sampling frequency will vary from once every 1 to 3 years for large
rivers or estuaries that have high sedimentation rates, to once every 6 years for lakes or
coastal areas with very low sedimentation rates. The time variability results mainly from the
interactions between hydrodynamic variability, mineral processes and sediment
characteristics, and the nature and (seasonal) intensity of biological activity. If basic
information on the hydrological and time variability, contaminant budgets and accumulation
rates is available, more complex criteria can be used, for example;
- the required time interval for statistically significant trends to be detected if the rate of
inputs remains fairly constant
- -the expected time interval for statistically significant trends to be detected if the rate of
input were to alter appreciably
- an arbitrary time interval chosen for logistic or legal reasons. So, a maximum interval of 6
years is suggested, to fit in with the 6-year cycles of the European Water
- Framework Directive (WFD).
The sampling design is one of the most crucial points of sediment sampling and will be
discussed in Section 2.3 in more detail. It includes determining the number and location of
samples to be collected, as well as any subdivision of the collected samples. The number of
samples strongly depends on the spatial and time variability and the size of the investigated
waterbody [1, 2, 7]. It will always be inversely proportional to the amount of known
information, and directly proportional to the level of confidence desired in the analytical
results. Sediments are frequently very heterogeneous owing to small-scale changes in
hydrological regime and geomorphologic changes in the catchment area. This variability
should be minimised by taking several sub-samples, which are mixed together in a composite
sample. The variance in the sampling procedure can be estimated by two identical sampling
procedures at the same sites from a minimum of 3% of all sample points [8]. This is of
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particular interest in the investigation of polluted sites.
The sample location should support the goals and be guided by the sampling design. The
locations for sediment trend monitoring should be representative of a water body or a whole
river-system. For several purposes it may be necessary to define reference stations which are
representative for the environmental status of the investigated area. They should be unaffected
by anthropogenic impacts or should represent the pre-existing status prior to the current
investigation. Sediments in erosion and complex erosion-deposition areas are either
unsuitable for monitoring or require more detailed sedimentological, geochemical, and
biological studies. Sediments which are physically disturbed by man's activities (e.g.,
shipping, dredging) are not generally suitable for trend monitoring purposes. If a point source
of pollution is present, the positioning of the stations should aim at obtaining gradients. In
research projects aiming at methodological progress or at the improvement of process
understanding as well as in baseline studies, the selection of contrasting sampling sites with
highly variable sediments in terms of geochemistry, texture and/or pollution may be useful [912]. In surveys dealing with the impacts of industrial or municipal activities the monitoring
will be desirable in the vicinity of major point-source inputs, like sewer outlets or discharges
of industrial wastes. An example is the Canada-wide survey which was undertaken to study
local impacts of coal mines and coal-fired electrical generating stations [13,14].
The sample size should be large enough to attain the appropriate detection limits, but small
enough to be conveniently handled and transported within the requirements for all planned
investigations. More details as well as the aspects of sediment sampling equipment, at-site
documentation, sample handling, transport and storage are addressed in the Sections 3-5 of
this chapter.
The sampling depth depends on the objective of the investigation requiring quality data
either from the surface or from deeper layers. The investigation of deeper sediment layers is
often necessary in dredging projects in order to ensure that the samples are sufficiently
representative fore the entire volume of dredging [15]. Sediment cores are particularly useful
for the determination of temporal trends. Therefore, the individual phases of development,
which are recorded in the different layers of sediment material, have to be dated. The
significance of sedimentary cores in the assessment of the quality of lacustrine systems is
summarised by Salomons and Forstner [16] and FSrstner and Wittmann [17]. The vertical
distribution of contaminants may also be of interest in penetration studies as a component in
environmental impact assessment and the design of river management strategies [18],
2.3. Sampling design
The objective of any sediment sampling is to obtain representative samples with the proper
quality to adequately and accurately characterise the sampling area according to the goals of
the investigation. Any sampling plan includes determining the number and location of
samples to be collected.
The collection of representative samples is the critical consideration in sampling design
[19]. Sampling designs accounting for the theories of heterogeneity, sampling and
homogenising [20, 21] will avoid bias and allow for statistical analysis of the results. When
discussing the representativity of analytical results for sediments in terms of heterogeneity,
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constitution inhomogeneity [22] as well as distribution inhomogeneity [23] has to be
considered. Constitution inhomogeneity is related to the single sample and may be accounted
for by a representative sample weight which is for sediments typically in the range of grams
[24, 25]. The distribution (spatial) inhomogeneity frequently represents the more difficult
problem. Statistical and geostatistical approaches are used to define the optimum number of
samples for the representative and cost-effective description of a study area [24, 26].
Depending on the analysed parameter the number of required samples for a representative
description, i.e. with an accepted error, may differ by one order or more [24].
The choice of sample stations can be based upon prior knowledge or assumptions
(deterministic), be purely random, or use grid procedures (transects, sample grids). The design
should allow flexibility to address realities in the field including restricted site access, hard
bottom, bad weather, etc. Commonly applied sampling designs are described below and can
be used in combination (compiled from [3,27]).
The judgmental or targeted sampling design is frequently desirable in order to detect pointpollution sources. It utilises previous data and information to determine the sample sites.
Samples are collected along several concentric circles with increasing diameters around the
pollutant source. Usually, the same number of replicates are collected on each circle, which
results in a higher spatial concentration of stations closer to the contamination site.
Systematic sampling designs, grids, are typically used to identify the location of
contaminated sediments on a quantitative spatial and/or temporal basis. The first sampling
location is randomly selected and all other sample sites are determined based on a regular
interval. The overall number of samples collected is dependent on the density of cells used
for the grid and the area of the project. This approach is thorough (no bias) but can be
expensive depending on the size of the boxes in the grid. For practical purposes, i.e. to limit
the number of sampling sites and to facilitate the presentation of data, some simplifications to
the ideal sampling grid may be used.
Random sampling implements an approach where a grid pattern of equal-sized cells is
placed over a map of the study site to be sampled. A number is assigned to each grid cell.
The number of samples for the project area is determined and cell numbers are randomly
selected. Samples are collected from within each of the selected cells. This approach limits
the possibility of omitting regions of the study site as well as avoiding sampling bias.
However, random sampling may not be practical where the study site is not a continuous area.
Stratified random sampling is similar to random sampling with differing sample frequency
within segments of the study site. Historical data may indicate concentrated or heterogeneous
areas of contamination that require more intense sampling to characterise the sediment. This
approach is often considered the optimum choice for sampling sediment to determine its
adequacy for disposal at sea [6].
In the cluster, multistage or ranked set sampling approach sub-areas are selected first,
usually on the basis of professional knowledge or historical information. Stations are
randomly located within each sub-area to yield average or pooled estimates of the variables of
interest for each sub-area. This type of sampling is especially useful for statistically
comparing variables among specific parts of a study area.
The maximum depth profile sampling seeks to assess the vertical profile of the sediments

6

A. Parker et al.

(e.g. sampling to intended dredging depth) as well as the surface. ISO 5667 recommends
sampling stations be positioned in the deepest parts of the area to be assessed, the depression
basins, where contamination is most likely to be found [3].
2.4. Some special considerations
Qualitative vs. hydrological and sediment transport aspects
Spatial variation in water quality is one of the main features of different types of water
bodies, and is largely determined by the hydrodynamie characteristics of the water body. In
many cases, no meaningful interpretation of the results for the qualitative assessment of
sediment quality is possible without the corresponding hydrological data base, and field
observations and samples should be associated with the relevant hydrological measurements.
For suspended-matter measurements the location of sampling stations should coincide with,
or at least be near to, discharge measurement stations. In addition, the sampling stations
should be placed immediately upstream and downstream of major tributaries, at tidal borders
and/or water-use regions (e.g. urban centres, agricultural areas including irrigation zones,
impoundments and major industrial complexes). Many rivers cross national, state or
municipal boundaries, and this might be a reason to locate sampling stations there.
In support of sediment management concepts at river-basin scale it is necessary to identify
the sources of pollution and to describe and quantify the particle bound fluxes of
contaminants. In order to achieve this detailed quantitative information on sediment
behaviour and sediment transfer is needed. Sediment transport measurements provide the
database for the understanding of sediment transfer, storage, remobilization and redistribution
of sediments. Spatio-temporal monitoring concepts are able to record the variability of the
sediment flux and to establish sediment budgets both for individual reaches and the whole
fluvial system [28,29].
Although the overall goals of monitoring sediment transport provide reliable data and
developing reliable interpretations on the data., the temporal-spatial resolution of individual
sediment monitoring concepts depends on the specific request (e.g. for establishing sediment
budgets of large rivers aimed to detect the morphological alterations on larger scale, sediment
monitoring concepts with relatively low spatial and somewhat higher temporal resolution are
sufficient). In this case suspended sediment is monitored by a network of fixed measuring
stations which are located at strategically appropriate positions like the downstream side of a
river junction or at the beginning and the end of an impounded reach [28-30]. In the case of
relocation of dredged material in tidal areas, e.g., for mapping the effects of local relocation
measures aimed at the optimisation of maintenance strategies, monitoring concepts with high
spatial resolution and relatively high frequency are desired.
Biological Monitoring
Biological monitoring of sediments provides an adequate method to determine whether
water has been adversely influenced, e.g. by pollutants. The invertebrate fauna is one of the
major quality-elements of waters as defined by the European Water Framework Directive
(WFD) [31]. In general, sediments are habitats for numerous organisms and biocoenoces.
The benthic fauna live on (Epifauna) and in the sediments (Infauna, Endofauna ) and are

Sampling of sediments and suspended matter

7

operationally defined as those animals which are retained on a mesh of 0.5 mm, while
Meiofauna are small enough to pass through a 0.5 - 1 mm diameter mesh but large enough to
be retained on a mesh of 0.042 - 0.063 mm [32]. Besides the benthic fauna, sediments are
habitat and substrate for numerous protozoan and metazoan micro-organisms. However, the
abundance of organisms is not equally distributed within sediments. The highest abundance
can be usually found in the topmost centimetres while deeper horizons normally contain only
specialists. The livespan of benthic invertebrates extends from just a few weeks to many
years, depending on species. Their presence and abundance is strongly dependent on the
quality and structure of their habitats. It must be emphasised that biological data for any given
aquatic habitat do not themselves define this habitat; other factors must be taken into account.
Among the more important are hydrological and hydromorphological variables and
physicochemical parameters. A recent overview of the biological sampling as reflected in the
national and international standardisation of methods of sampling freshwater macroinvertebrate communities is provided in [33],
Porewater is widely used in sediment toxicity testing [34], The sampling and investigation
of porewater requires special considerations. Porewater collection in the laboratory should be
carried out as soon as possible in order to prevent any changes in sediment chemistry; even
short time periods can substantially alter the sediment chemistry [35-38]. As alternatives to
the conventional time-consuming extraction procedures, porewater can also be obtained
using dialysis chambers [39] or gel samplers [40,41].
Qualitative sediment monitoring in support of the implementation of the European Water
Framework Directive
Qualitative sediment monitoring programmes in support of the implementation of the
European WFD should address the risk coming from contaminated sediments, the temporal
and spatial changes in sediment quality, and the compliance to quality objectives [42].
The presence of contaminated sediments might be one of the obstacles to achieving a "good
ecological status" for a waterbody, as defined for the principal objective of the European
WFD. With the growing concern for the potential problems caused by sediment pollution, a
large number of ecological risk assessment approaches have been proposed. Thereby, it is to
be distinguished between the evaluation of in situ risks and of the ex situ quality of dredged
sediments [43]. The assessment of in situ risks at sites where sediment quality is to be
considered is part of monitoring programs, while the ex situ assessment is an instrument of
surveys which are carried out after it has already been proposed to dredge or to restore.
Trend monitoring will provide an indication of temporal changes over a prolonged period,
e.g. increases or decreases in concentrations of contaminants over time. It will play a role in
establishing compliance with the European WFD's no-deterioration objective.
Spatial monitoring will provide an indication of the status of contamination over an area.
Such monitoring is necessary to detect the horizontal spread of a contaminant over a river
basin, and possibly to locate its source. It will provide basic information for appropriate
sediment management and can be useful in any investigative monitoring as required by the
European WFD.
Compliance monitoring of sediments is only appropriate where valid Sediment Quality
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Standards are established and implemented. European WFD quality standards for priority
(hazardous) substances are currently being established for the water phase. A major problem
lies in the complexity of deriving such criteria and in the still insufficient understanding of the
relation between sediment contamination (a hazard) and its actual risk to the ecosystem (cf.
Chapter 9). One widely accepted way to cope with this problem is the Sediment Quality Triad
[44] which requires the simultaneous observations of sediment chemistry, toxicity in
laboratory tests and the benthic community in the field.
Rivers
The optimum sampling frequency for rivers depends on the hydrological regime. Seasonal
factors are to be taken into account as well [1, 11, 45]. For trend monitoring, usually the
surface sediments of the topmost layer (0-5 cm) that settled during low and medium discharge
periods are sampled. In order to obtain the finest-grained material samples from sites with low
current velocities (e.g. groin fields) are to be collected. Sediments deposited during or after
floods are normally both too coarse-grained and diluted by freshly eroded unpolluted
sediments from mountainous areas or from soils. To establish background levels of particulate
matter composition, samples of bottom sediment should be taken in the upper reaches of the
river basin.
For protecting water quality further downstream, e.g. in lakes, reservoirs, estuaries or the
sea, it is necessary to know the loads or fluxes of river components. Suspended matter may be
a major position in such flux balances. Respective monitoring programmes should cover the
effects of tributaries, point sources, and diffuse sources. If the identification of the peak
pollution level of particulate matter is required, two situations must be considered. Whenever
pollutants originate from point-sources such as sewers, sampling should be done during lowflow periods, when suspended matter is usually low, and when pollution inputs are less
diluted by land erosion products. When pollutants originate from diffuse sources (such as
agricultural run-off for nitrogen or urban run-off for lead), sampling may be focused on the
flood periods during which the pollutant is washed in from the soil or the surface area. If mass
budgets and weighted average concentrations of particulate pollutants are needed, then the
emphasis should be placed on high-flow sampling. The sampling frequency should then
depend on the size and regime of the river. For the largest rivers, weekly or bi-weekly
samples during floods are convenient, while for smaller rivers daily measurements are needed
[!]•
Lakes and reservoirs
In lakes and reservoirs the sampling frequency will depend on the sedimentation rate.
Sampling for qualitative monitoring should be performed normally at the deepest parts of the
lake.
Estuaries and marine areas
Most of the programmes of sediment monitoring seem to have been established and stable
for little over 5 years. Some degree of international co-ordination has been developed for the
marine environment of the North Sea and the North East Atlantic (ICES, OSPAR).
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Natural processes and conditions in estuaries differ greatly from those of rivers and the
open sea. Tidal dynamics as well as salt gradients and turbidity are but a few of these
parameters indicating constant and cyclic changes of hydrological conditions. From this it
follows that the development of sampling strategies for estuaries requires a thorough
understanding of these processes, as does the interpretation of the data obtained [46]. For
dynamic systems like estuaries it might be more reliable to collect suspended matter for
monitoring purposes.
Sampling in marine areas also needs some special considerations. On the marine seabed,
sedimentation generally is much less than in fresh water areas and estuaries. Therefore, in
order to obtain samples representing defined time-spans it is particularly necessary to have
some knowledge of prevailing sedimentation rates. Only for a first survey of an area does the
deposition rate not matter. The sedimentation rate depends very much on the accumulation or
dispersion of the particulate matter in that area. As an operational criterion, a deposition rate
of 1 cm/yr would permit annual monitoring of an area [47]. It seems advisable to accompany
sediment sampling and analysis in marine areas by some kind of sediment dating, otherwise
data obtained may be of questionable value. Sampling for qualitative monitoring should
exclusively be performed in non-erosion areas, normally at the deepest parts of the locality.
Sandy areas are not normally suitable for qualitative monitoring, unless it is necessary to
assess the impact of a point source.
Three levels are considered for the sampling and analysis of sediments under the Joint
Monitoring Programme (JMP) of OSPAR appropriate to differing monitoring requirements
and providing information of increasing complexity [47]. The first, representing grab
sampling of surface sediments, is the simplest and least expensive. It will provide an
immediate assessment of the present situation in an area and may, therefore, be adequate for a
regular monitoring. The second level involves the sampling of cores at selected sites with a
box-corer or a large-diameter gravity corer. This kind of sampling will allow a greater
confidence in comparing the results of successive surveys because the surface is more reliably
sampled, as well as the examination of the stratigraphy of the deposit, in order to document
the vertical (historical) resolution. The third level combines the core sampling with a downcore dating, e.g. by radiochemistry.
Dredging and restoration
Generally, sediment for dredging or restoration projects will require analysis and testing to
obtain sufficient information for regulatory purposes. A survey of the area to be dredged
should be carried out on a case-by-case basis. Knowledge and judgment of local conditions
will be essential when deciding on the sampling strategy.
The distribution and depth of sampling should reflect the size and depth of the area to be
dredged, the amount to be dredged and the expected variability in the horizontal and vertical
distribution of contaminants. Core samples should be taken where the depth of dredging and
expected vertical distribution of contaminants suggest that this is warranted. In other
circumstances, grab sampling will usually be sufficient.
The number of sample stations can only be determined on the basis of the local conditions
of the area to be dredged subject to, for example, morphology, sediment volume and
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distribution of contaminants.
Normally, the samples from each sampling station should be analysed separately. However,
if the sediment is clearly homogeneous with respect to sediment texture, it may be possible to
analyse composite samples from two or more adjacent sampling stations at a time, providing
care is taken to ensure that the results allow derivation of valid mean contaminant values.
If the results of the analyses indicate that the material is essentially "clean", sampling in the
same area may be reduced in subsequent surveys by the number of sampling stations or the
number of determinants and still provide sufficient information for regulatory purposes.

3. SAMPLING TECHNIQUES
3.1. Issues
The methods for sampling/monitoring sediment cover a wide range of technologies from
simple mechanical devices through to optical and electronic systems. They reflect the
objectives of the measurements, modes of transport and deposition of sediment in the
environment, the resources (of manpower and funding), in addition to the physical
practicalities of measurement (including the requirement for safe working) at particular
locations. In the case of sediment quality it is also important to consider existing knowledge
of the properties, sources sinks and pathways of the determinants to be observed.
At the theoretical and laboratory flume level, sediment transport is often divided into three
modes of transport. These are bed (or traction), saltation and suspended load. However, the
realities of field measurement usually confine this to two modes bed-and suspended-loads in
which it is not possible to separate the saltating component. Some studies have also focused
upon a further transport mode, the flotation load, which is largely composed of organic
material from invertebrate and leaf derived debris [e.g. 48] up to large tree trunks.
It is also important to note that the lower limit between sediment particles and dissolved
components is largely arbitrary [49] (Separation between sediment and dissolved load is often
set at a cut-off point set by what is collectable using a 0.45 um filter (or in some cases 0.22
um) or a centrifuge. In either case, these are practical, rather than scientifically based, limits.
It is also important to recognise that where both bed- and suspended-load measurements
are made, usually with very different sampling methodologies, some caution is required in
summing data together to give "total sediment" throughputs or yields. Techniques may leave
a gap between them (leading to underestimation) or an overlap, e.g. due to bedload sampling
also capturing part of the suspended load or vice versa (giving overestimates). In some cases
different techniques have been used in parallel in attempts to prove the relative merit of
different techniques. This is rarely convincing outside laboratory applications, but the parallel
use of different techniques can provide useful opportunities for cross-calibration of methods,
generally improving the precision of the individual techniques (see section below on
integrative methodologies).
The representation of spatial variation in sediment presents many challenges, both
scientific and practical. In some sediment-quality measurements, particularly those involving
longer-term routine measurements, little account may be taken of spatial variability at the
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within-reach or cross-section of a river or canal. Any prior knowledge of the likely variability
in physical (e.g. size distribution) or chemical properties is useful in design of both sampling
strategy and choice of methodology. Ensuring that samples are "representative" presents
many issues. In the case of coarse sediments, variability within a bed may mean that to
acquire statistically representative data, large samples (e.g. tonnes!) are required. This is
beyond the staff and equipment resources of most research teams and extremely disruptive to
the environment — hence, very frequently more pragmatic decisions have to be made.
Analytical costs may also constrain the number of samples taken. One option is to take
samples which integrate material from several locations to create a composite sample. In most
instances these choices are most effectively supported by parallel additional short-term
commitment to spatial sampling of an intensive type, thereby giving greater confidence in
data obtained over longer periods from more limited sampling locations.
The representation of the temporal variations in sediment transport also presents the issue
of balancing labour resources and equipment with the objectives of the monitoring. In most
instances, excepting short-term intensive campaigns (of up to one or two days), the use of
automated systems of bulk sampling, trapping or electronic sensing of parameters, which can
be related to the amounts of sediment in transit, are required. Sampling frequencies can be
related to regular cycles such as the tide or less-regular episodic events leading to sediment
movement, such as river high flows, wind stress across lakes or storm events. Analytical costs
can also be lowered by use of composite samples. This may involve use of mechanisms such
as simple triggers such as float switches to initiate sampling routines as water level rise or
rainfall, wind, turbidity etc.
The integration of sediment samplers with measurements of other environmental
parameters can be of considerable benefit. Links with measurement of water level, turbidity,
pH or conductivity provide opportunities to stratify sampling frequencies based on thresholds
and rates of change. For example, the Wallingford Integrated System for Environmental
monitoring in Rivers (WISER) was developed to allow the adoption of a range of efficient
river water sampling strategies [50]). This suite of integrated instruments (Fig.l) enables
manual and time triggered automatic water sampling to be supplemented by sampling usually
triggered in response to stage and/or turbidity threshold values being exceeded. It permits
water samples to be collected, at varying time intervals, during short-lived high flow events
when significant sediment transport occurs [e.g. 51,52]. In addition, the WISER system can
accommodate a wide variety of other online sensors (e.g. rain gauges, thermistors and specific
conductance probes) that may also be used to trigger an automatic water sampler.
It should be emphasised that if calculations of fluxes of sediment associated chemicals are
of interest then sampling must include the physical concentration as well as the chemical
quality of sediment. Dependent on the properties of sediment (and water column) to be
measured, special requirements may be needed in the field to prevent contamination of
samples, such as the use of Teflon coatings in samplers and pipework used in sampling for
pesticides. Stainless steel and PVC may also be options where metals analysis is required.
Rapid collection of samples or preservation methods may be needed where fast changes or
degradation (perhaps due to microbial activities) of the chemical or biological material to be
analysed is expected (e.g. relevant to nitrate research). There is also potential for chemical
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exchanges to occur between the dissolved and particulate materials contained within mixed
bulk samples. Within this chapter, guidance relevant to the analysis of sediment quality is
discussed in the context of specific sampling techniques.

Fig. 1: The Wallingford Integrated System for Environmental monitoring in Rivers (WISER)
In the following sections, methodologies have been divided into those relevant to sampling
suspended load, bedload and deposited sediments. Where appropriate, descriptions of each
technique include their use, design, data output and other requirements, such as power, labour,
infrastructure, exchanges to occur between the dissolved and particulate materials contained
within mixed bulk samples. Within this chapter, guidance relevant to the analysis of sediment
quality is discussed in the context of specific sampling techniques, siting, calibration and
specific quality assurance issues.
3.2 Sediment in transport -Suspended Sediment Load
Suspended load may be defined as sediment in transport that usually varies in size from
clay through to fine sand. The monitoring of suspended load can range from instantaneous
spot samples to continuous turbidity recording.
3.2.1 Manual sampling
The simplest technique used to provide a bulk sample for laboratory analysis of sediment
concentration is to take a 'bucket' or 'gulp' sample (i.e. fill a wide-necked bottle directly from
a stream). This technique is acceptable where suspended sediment is fine and distributed
uniformly through the water flow cross-section. This has been observed in some upland
channels [53,54]which often have rough and turbulent high flow conditions. However, where
there is horizontal and/or vertical variations in concentrations, spatially-integrating samplers,
which are lowered slowly through a number of vertical profiles, can provide more
representative samples. A major problem with bulk sampling is that the velocities at the
intake may differ from the local velocities owing to turbulence effects. Consequently, great
efforts have been made, particularly by the USGS, to develop "isokinetic" samplers[55]. It is
particularly important to use such samplers when sand-sized particles are known to be in
suspension.
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The most widely accepted bulk suspended-load samplers are the depth -integrating USDH
series developed by the US Geological Survey[56]. The US DH-48 hand-held sampler is
illustrated in Fig.2. These samplers have the advantage of being highly portable and can be
used quickly at a large number of sites during periods of high flow rates. The bulk samples
are usually analysed for their sediment concentration using vacuum filtration techniques. The
filtered sediment can also be subjected to other types of analysis, although the total volume of
any one sample (i.e. usually less than 500 ml) may yield only small amounts of sediment,
particularly in the case of upland catchments (e.g. less than 0.1 g). This may not be sufficient
for the chemical analyses of some contaminants present at low concentrations. This
disadvantage can be overcome by aggregating several samples, use of larger containers or
streamside centrifuging (see later).

• . -

Fig.2: The US DH-48 hand held depth-integrating suspended sediment sampler (Source; U.S. Federal
Intrageney Sedimentation Project, undated).
Naden et al. [57] have highlighted the point that the measurement of suspended sediment
transport is by necessity often focused upon short-term storm events with significant manual
sampling and equipment costs[58,59] and errors in suspended solid determination are known to
be relatively large in comparison to the measurement of other hydrological variables [60,55].
3.2.2 Automatic water samplers
Automatic samplers, as described earlier in the paper, can reduce the labour input in the
field. Those incorporating stage triggers, which initiate sampling at pre-set flow thresholds,
are particularly useful in upland and urban rivers, which respond rapidly to rainfall (e.g. less
than 15 minutes) thereby making it difficult to deploy staff for manual measurements.
Pumping methods can be a critical factor in nature of sample taken: vacuum-pumped
samplers usually remove water/sediment mixes at higher rates than samplers which use
peristaltic pumps. The efficiency of pumping may also determine the distance and height
above the water course that most samplers will operate. For example, many autosamplers are
not able to operate effectively above heights of more than 7-8 m above the water surface. The
available depth of flow may also be a notable constraint, as when placed within 10-20 cm of
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the bed there is potential for the overall suspended load to be significantly influenced by bed
load. Pump sampling works well for fine solids (<0.062
mm) [50], and in practice usually can be left to operate effectively for one to two weeks. They
can be powered by solar panels where mains supplies are not available [58,61] They are often
used with, and to aid calibration of, a quasi-continuous instrumented systems incorporating
turbidity probes [62,52,63].
3.2.3 Turbidity
An alternative to the collection of large numbers of bulk samples to determine suspended
sediment concentration is the use of turbidity monitors [64-66]. Portable instruments based
upon nephelometric or absorptiometric principles can be used as faster replacements for
USDH samplers during flood periods [67]. These mostly emit and detect visible or infra-red
light, but, acoustic, nuclear and laser technologies have also been used [68]. Coupled with a
recorder these instruments can also provide continuous turbidity measurements. They have
also been used as laboratory-based instruments to speed up analysis. They do not, however,
provide suspended-load concentration values which are representative of the whole waterflow cross-section, and it must be emphasised that turbidity of waters is not only a function of
suspended-sediment concentration. For this reason cross-calibration with bulk sampling is
recommended. In general, use is made of two or more techniques together to derive an
integrated estimate of suspended solids concentrations and derived statistics [57].
Estimates of the amount of suspended load can be derived from the continuous records
from turbidity meters (e.g. [69,70]. A second method is to use a rating technique relating
water discharge to sediment concentrations derived from spot or depth-integrated sampling.
By far the most popular combination is the use of optical backscatter (turbidity)
measurements calibrated with bottle- and storm-triggered pump samplers [52,58,63], When
used for continuous stream monitoring, there is also a need for regular cleaning of sensor
heads and correction of instrument drift. Finlayson [71] has suggested a method for field
calibration using optical filters. However, turbidity sensor outputs (mV) are traditionally
calibrated to formazin turbidity units (FTU) using solutions of Formazin, the standard
calibration material [72,73]. Formazin is a suspected carcinogen and an alternative solution of
polymer beads (certified by AMCO) has been endorsed by the American Environment
Protection Agency. Turbidity data are regressed with sediment concentration data obtained
from samples. Sediment transport timeseries can then be estimated from the product of
sediment concentration and discharge.
3.2.4 Rating Curves: Sediment transport versus water discharge
Alternatively, a rating curve may be defined for sediment transport versus discharge.
Quantities of suspended sediment transported over given periods of time may then be
calculated from the continuous discharge record. A detailed review of the errors inherent in
the rating technique has been presented by [74]. Errors in estimates can be reduced by
partitioning data in relation to other factors such as season and hysteretic effects. Both
methods of estimating suspended-sediment load are less successfully used in upland streams
than in downstream reaches. Seasonal changes in the composition of suspended sediment are
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more marked in some upland channels, making estimation of suspended sediment
concentration from turbidity measurement less reliable. Finally it should be noted that
decisions over techniques (and investments in instruments) need to be clearly related to the
likely variability in concentration. For example, concentrations of suspended matter tend to be
much lower in upland streams relative to lowland rivers, and therefore more sensitive sensors
are required. Correlation between water discharge rate and sediment concentration is usually
much poorer in upland or urban rivers than in larger catchments.
3.2.5 Continuous-flow centrifugation
Suspended sediment may be sampled for quality analysis using a continuous flow
centrifuge.
Table 1
Evaluation of using a continuous-flow centrifuge for sampling fine channel bed/suspended
sediment [after 57]
Advantages
Can be used to collect a relatively large
sample of fine sediment over a relatively
short time period with limited manpower.
Separation of sediment and water in field
minimises equilibriation during sample
transport and storage [78]
Transport of large volumes of watersediment mixture is not necessary [78]

Technique can be used to sample river
bed or suspended sediment [78]

Disadvantages
Use of relatively heavy equipment in the field
(including a generator) [78]
Sampling times may be long (several hours) when
sediment concentrations are low [78]
Sediment retention efficiency and particle size
depends on several physical and chemical factors
(e.g. speed of rotation, flow rate, bowl design,
initial particle size and density, particle shape,
viscosity, organic coatings on particle, chemistry
of river water and sediment particles, tendency for
particle aggregation, sediment concentration) [see
Alfa Laval, undated, 78,79]
Copper and lead contamination has been reported
when using the Alfa-Laval centrifuge [77].
However, Rees et al. [79]mention that
contamination with trace metals and/or organics
can be reduced by coating all surfaces that come
into contact with the sample and using a
removable liner in the centrifuge bowl.
Often very difficult to remove all sediment from
centrifuge bowl.

Large samples reduce the likelihood of
contamination during sampling and
processing [76]
Bulk sampling integrates temporal and
Collected sediment is not suitable for particle-size
spatial variability of sediment quality [76] analysis.
Bulk samples permit replicate analysis to
determine analytical precision [76]
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To use this technique to sample suspended sediment a vacuum system extracts water from
flowing cross-section [75]. Vacuum systems may be powered by a generator and operated
from the channel bank or from a small boat. The water-sediment mixture is then separated in
the field using the continuous-flow centrifugation. This technique allows a sediment-water
mixture to be pumped continuously into a centrifuge bowl. Owing to centrifugal force,
sediment particles are forced onto the sides of the centrifuge and clarified water is discharged.
After many years of fieki-centrifuge experience, Ongley & Thomas [76] recommend a
processing rate of 4 1 min as a reasonable compromise between sampling time and recovery
efficiency. Sample sizes are commonly of the order of several to tens of grams [57,76-78].
3.2.6 Tangential-flow filtration system
As an alternative to a continuous flow centrifuge, a tangential-flow filtration system may
be used to concentrate a water-sediment mixture [77] .Water is pumped tangentially across the
filter stack, and the concentrated residue is discharged to a slurry pot and recycled. Although
this system is disadvantaged in requiring longer processing times and larger initial concentrate
volumes its portability means that it may be used in more remote locations [77].
3.2.7 Time-integrating fine sediment sampling
Time-integrated fine sediment samplers have been designed by Phillips et al. [80]. These
samplers consist of a large diameter tube with a small diameter inlet and exhaust (Fig. 3).
River water flows through the tube but its velocity decreases as it passes through the largediameter tube. Sedimentation occurs in the large tube owing to the reduction in velocity.
Sediment collection tubes are typically collected every 6 weeks but this varies depending on
flow conditions.

4mm 0

] 4mm a

Fig.3: Time-integrating fine sediment sampler. Reprinted with permission from [80]. Copyright 2000.
John Wiley & Sons
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3.3 Sediment in transport - Bedload
3.3.1 Traps
Bedload movement presents more difficulties for measurement than suspended load.
Critical-flow thresholds for movement are higher than for suspended load and are complicated
by the range in particle shape, sizes and density and the packing of the bed material.
Movement is more erratic, both in relation to discharge rate and in distribution through the
stream channel cross-section. Because of these complications, many workers have favoured
the use of traps which catch the total bedload generated by a flood, because measurement of
volume, weight and size distribution can be carried out between flood events. Traps of this
sort can consist of regular concrete chambers or simple flow barriers. In both cases, the basic
principle is to slow or stop the flow so that coarse material drops out. For example, at
Llanbrynmair, mid-Wales, the pool upstream of a weir structure was surveyed regularly to
provide bedload estimates [81]). By combining catchment yields for a year and dividing by
catchment area, comparisons of annual loss with other catchments can be made. For example,
[82] compared bedload yields from a variety of mid-Wales catchments, using similar
techniques to investigate other land-use effects.
More sophisticated versions of bedload traps have also been developed. Reid et al. [83]
used pressure pads to monitor continuously the accumulation of bedload in a trap in Turkey
Brook. In the USA, a conveyor-belt system was installed beneath a slot excavated in the bed
of the East Fork River [84] .Bedload material was conveyed to the bank side for minute-byminute analysis. A vortex sampler has also been developed in the USA which takes bedload
material and part of the water discharged from a flow-gauge structure to a work pit where the
amounts of bedload can be continuously monitored [85],In addition to permanent structures
built into the stream bed, a number of portable samplers are also available. These can be
lowered into the channel to filter out the bedload material over short sampling periods. Such
samplers include the VUV sampler developed by Novak [86] and the Helley-Smith sampler
(Fig.4) developed by Helley & Smith [87] .These samplers are used at a number of points
across the water-flow channel to produce sediment-discharge values representative of the
cross-section, when combined with data on water discharge rates. Bedload movement usually
occurs in a number of flow threads across the channel. Where these are limited in number,
e.g. either side of a protruding boulder, sampling can be restricted to small numbers of points
along the cross-section. The use of portable episodic samplers permits detailed investigations
of the critical flow thresholds for bedload movement.
3.4 Bed material sampling
It is often necessary to sample surficial and/or subsurface channel bed material. It must be
realised that there is no universal technique for sampling channel-bed material. The choice of
sampling technique will be determined by the objectives of a particular project. The relative
importance of the following will need to be considered:
a) preserving stratification of sediment;
b) inclusion of fines;
c) required sample size; and
d) required analytes
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Tall piece

Sample bap
Intake'

Fig.4: Helley-Smith bedload sampler [87]
All bed-material sampling techniques will cause a degree of sediment disturbance although
some techniques will provide samples that are less disturbed than others. Sampling techniques
may be broadly categorised into grab sampling and coring. The following section presents an
overview of key techniques. Further details may be found in reviews published by Bunte and
Abt [88], Edwards and Glysson [55], Naden et al. [57] and Radtke [89]. In addition, the
British Standard ISO 4364 provides examples of bed material samplers and guidance on their
application. An evaluation of the operational usage of selected bed material samplers is given
by Golterman et al. [49].
3.4.1 Sampling surfwial channel bed materials
Many samplers have been developed for sampling surficial channel bed materials (see
Table 2 and Fig.5).
3.4.1.1 Basic grab samplers (shovels, scoops and pipe dredging)
Perhaps the simplest techniques for sampling channel-bed material are shovel sampling,
scoop sampling and pipe dredging. Bunte and Abt [88] describe shovel and scoop sampling
of bed material. Shelton and Capel [90] describe how a Teflon spoon, scoop or spatula could
be used to sample surficial bed-sediment. A major drawback of shovel or scoop sampling is
that fines are likely to be lost. Petts [91] illustrated that shovel sampling of compacted coarse
gravel captured only a fifth of the fines (<2mm) collected by adjacent freeze core samples.
However, shovels have been used with stilling wells and high sides in an attempt to reduce
the loss of fines [see 92]. Edwards and Glysson [93] describe the crude pipe/box dredging
technique which involves dragging a length of open pipe/box along the channel bed.
However, Radtke [89] warns against the use of dredge samplers for sediment quality
investigations as there is poor control of sampling location and depth. Bunte and Abt [88]
describe the mesh-bag scoop that may be used to sample the channel bed armour layer. The
correct procedure for using a mesh-bag scoop is illustrated in ISO 4364.
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Fig.5: Selected corers and bottom samplers [49].
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Table 2.
General characteristics of selected grab and core samplers (reproduced from Radkte [89])
[Penetration depth, sample volume, and applications are presented in imperial units because equipment is eonsftucted to imperial-unit
specifications: 1 inch = 2.54 centimetres, 1 pound - 0.4536 kilogram, 1 ftiot = 0.3048 metres. D, diameter; L, length; W, width; PDC, plastic
dip coated; *, trade name; I.D., inside diameter; na, not applicable; mm, millimetre; ft, feet; SS, stainless steel; PVC, polyvinyl chloride; ft/s,
feet per second; <, less than]

Sampler
Designnation

Sampler
construction
material

Sampler
Sampler Suspension
dimensions weight
(inches)
(pounds)

Penetration
depth
(inches)

Sample
volume
(cubic
inches)

Application

USBMH-53

SS body, brass
piston

2Dx8L

0-8

0-25

Hand line or
winch and cable

0-1.7

0-10.7

56-inch-long

0-1.75

0-10.7

Winch and
cable

0-1.7

0-10.7

Hand line or
winch and cable

0-4

0-146.4

Wadable water, loosely
consolidated material less
than 0.063 mm.
Wadable to water of slow
velocity (<1 fVs) and
moderate depth; firm
unconsolidated to loosely
consolidated material, less
than 16 mm; PDC version
available; sampler must be <
equipped with safety yoke.
Wadable water,
unconsolidated to loosely
consolidated material, less
than 16 mm.
Water of moderate velocity
and depth; firm
unconsolidated to loosely
consolidated material, less
than 16 mm; PDC version
available, sampler must be
equipped with safety yoke.
Weight dependent; wadable
to water of slow velocity
(<1 fl/s) and moderate
depth; unconsolidated to
loosely consolidated
material, less than 16mm;
susceptible to loss of fines.
Weight dependent; wadable
to water of slow velocity
and moderate depth;
unconsolidated to
consolidated material, less
than 16mm; susceptible to
loss of fines.
Wadable to water of slow
velocity (<1 fVs) and
moderate depth; soft
unconsolidated material,
less than 0.25 mm;
susceptible to loss of fines;
must penetrate

USBMH-60

Cast aluminium
body, SS rotary
scoop, rubber
gasket

8x4.5x22

32

USBMH-80

SS rotary scoop

2.75 Dx
3.25 W

8

100

15-22

Grab Samplers

Cast steel body,
SS rotary
scoop, rubber
gasket

8.5x7x22

Ponar*
(2 sizes)

SS body, zincplated steel
weights and
neoprene flaps

6 x 6 or 9 x 9

Peterson*

Zinc-plated
steel

12x12

BirgeEkman*
(4 sizes)

SS or brass

6x6
or
6x6x9
or
9x9x9
or
12x12x12

Cast alloy steel

46-inch-long

rod

USBM-54

Shipek*

7.5

rod

or

or

45-60

4x6x6
or
18.6x25.lxl
7,4

0-500

39-93

Hand line ot
winch and cable

0-12

600

16-25

Rod, hand line,
or winch and
cable

0-3
or
0-4

0-216

or

or

or
21-35

or
47-68

or
100-150
11 or 135

Hand line or
winch and cable

or
0-323

0-5
or
0-6

0-729

0-1.2

0-30.5

or
0-4

or

or
0-1726

0-183

perpendicular.
Wadable to water of
moderate velocity and
depth; unconsolidated to
consolidated material, less
than G.5Q mm; susceptible
to loss of fines; PDC
version available.
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Table 2 (continuation)
General characteristics of selected grab and core samplers
Sampler
Designnation

Sampler
construction
material

Van Veen
(2 sizes)

SS body, zincpEated steel
chain, neoprene
flans

Sampler
Sampler Suspension
dimensions weight
(inches)
(pounds)

Penetration
depth
(inches)

Sample
volume
(cubic
inches)

Application

13.8x27.6

0-12

0-11
or
0-46

Wadableto waterof
moderate velocity and
depth; soft unconsolidated
material less than 0.25 mm.
Wadabie to diver
application, water of slow
velocity (<1 ftf$); soft to
semi-firm uncoflsolidated
material less than 0.25 mm;
2-inch core liners available
in plastic and SS.
Wadablc to diver
application, water of slow
velocity (<1 ft/s) and depth;
soft to firm uneonsolidated
material less than 0.50 mm;
2-inch eore liners available
in plastic and SS.
Water with very slow
velocity (<1 ft/s); loosely
consolidated material less
than 0.063 mm; 2-inch core
liners available in plastic
and SS,

or

Cable

66-88
or

19.7 x 39.4

143-187

Core Samplers
Hand

SS or SS core
tubes; Lexan*
or SS nose
piece and SS or
plastic core
catchracr

2I.D.
20-96 L

10-60

Handle
0-15 ft. L

0-96

0-300

Ogeechee*
(sand corer)

SSorSScore
tubes; Lexan or
SS nose piece
and SS or
plastic core
catcher

2I.D.
20-96

10-60

Hand corer

0-96

0-300

KajakBrinkhurst
[K-B]'
(gravity
corer)

SS, Lexan or
SS core tubes;
Lexan or SS
nose piece; SS
or plastic core
catcher;
neoprene valve.
SS core tube,
nose piece, core
catcher,
neoprene valve.

2I.D.
20,30 L

15-48

Hand line or
winch and cable

0-30

0-90

1.41.D.
20 L

17.6-33

Hand line or
winch and cable

0-20

0-40

Bronze head,
SSorPVCcore
tuibes; Lexan*
or SS nose
piece and SS or
plastic core
catcher;
plastic/polyuret
hane valve
Steel core tube.
nose piece, and
core catcher

2-51.D.
30-96 L

Variable
dependin
g on size

Hand line or
winch and cable

0-96

0-750

2.6 I.D.
120 L

55-320

Winch and
cable

120

0-490

Alpine*
(gravity
corer)

Steel core tube,
nose piece, core
catcher, and
neoprene valve

1.61.D.
72 L

242-342

Winch and
cable

72

0-180

Box

SSwith
optional acrylic
box liner

6x6x9

31-100

Winch and
cable

9

0-300

Phleger*
(gravity
corer)

Ballchet'
(gravity
carer)

Benthos*
(gravity
corer)

and
constructional
material

Water with very slaw
velocity {< 1 ft/s); soft to
firm unconsolidated
material less than 0.50 mm;
core liners available in
plastic.
Water with very slow
velocity {< 1 ft/s); loosely
consolidated material, less
than 0.063 mm; core liners
available in plastic and SS,

Water with very slow
velocity (< 1 ft/s); loosely
consolidated material less
than 0.063 mm; core liners
available in plastic.
Water wMb very slow
velocity £<1 ft/s); loosely
consolidated material, less
than 0,063 mm; core liners
available in plastic;
inconsistent vertical
penetration.
Water of slow velocity (<1
ftVs) and moderate depth;
unconsolidated material,
less than 0,25 mm,
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Table 2 (continuation)
General characteristics of selected grab and core samplers
Sampler
Designnation

Sampler
construction
material

Sampler
Sampler Suspension
dimensions weight
(inehes)
(pound)

Penetration
depth
(inches)

Sample
volume
(cubic
inches)

Application

Piston

SS or plastic
core tubes;
Lexan or SS
nose piece; SS
or plastic core
catcher
Variable

1-5 ID.
40-800 L

25-500

Hand line or
winch and cable

0-80

0-6200

Water with very slow
velocity (<1 ft/s); loosely
consolidated material, less
than 0.25 mm; core liners
available in plastic.

2-3 I.D.
40-500 L

100-300

Frame

0-500

0-2300

Water with very slow
velocity (<1 fl/s); loosely
consolidated material less
than 16 mm; assembly
might require scuba divers.

Vibracorer*

3.4.1.2 Standard US grab samplers
Several standard US samplers have been developed for sampling bed material. However,
standard US bed- material samplers can only sample particles finer than 30-40 mm in
diameter. Furthermore, they cannot accurately sample particles larger than 16 mm. These
samplers are discussed in detail by Edwards & Glysson [93]. Three types of hand-held grab
samplers are described (US BMH-60, US BMH-80 and Ponar). The US BMH-60 (handline)
and US BMH-80 (wading rod) samplers involve the rotation of a scoop that samples and
collects channel-bed material. The Ponar sampler (handline) consists of two hinged quartercylinders. The sampler penetrates the bed on impact and closes as it is lifted. Edwards and
Glysson [93] also describe the US BM-54 cable-and reel sampler. This equipment samples
bed material on impact using a spring- loaded scoop. The sample is retained in the sampler
with a rubber gasket. The BM-84 sampler is a similar sampler that is designed for use in
large fast-flowing rivers.
3.4.1.3 Excavation enclosures
Bunte and Abt [88] describe two types of barrel sampler (Fig.6). The cookie-cutter sampler
and the CSU-barrel sampler. Both these samplers involve inserting an open ended barrel into
the channel bed and excavating the channel bed. They also describe how a three-sided
plywood shield with a tarpaulin skirt could be used in a similar way (developed by the
Winema National Forest, Klamath Falls, OR).
3.4.1.4 Resuspension techniques
Several researchers have used resupsension techniques to sample fine surface and shallow
subsurface (down to 10 cm) bed sediment. For example, Lambert and Walling
[94] present a technique that involves : 1) the insertion of a large diameter metal cylinder into
the river bed ; 2) agitation of the water column and bed sediment; and 3) sampling the watersediment mixture from within the cylinder. A limitation to this technique is that it is only
suitable for use in shallow rivers or lakes (less than 1 m).
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Sample box

(b)

0.6 m

Fig.6: Barrel samplers [88] (a) Cookie-cutter sampler; and (b) CSU barrel sampler.
3.4.1.5 Vacuum sampling and continuous flow centrifugation
Naden et al. [57] describe how fine sediment may be directly sampled from the channel
bed using a vacuum system [e.g. 95,75,78]. Vacuum systems may be powered by a generator
and operated from the channel bank or from a small boat. The inlet is usually covered by a
fine mesh (e.g. 2 mm) and may be directed to sample a specific area of river bed. The watersediment mixtures are usually separated in the field by continuous-flow centrifugation (see
earlier).
3.4.2 Sampling subsurface channel bed material
Many samplers have been developed for sampling subsurface channel-bed materials (see
Table 2 and Fig.5).
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3.4.2.1 Pipe samplers and the McNeil sampler
Bunte and Abt [88] describe Pipe and McNeil samplers (Fig.7). These samplers consist of
a small-diameter pipe that extends through the bottom of a larger cylinder. The size of the
inner pipe must be larger than the largest particle to be sampled. These samplers are suited to
slow-flowing rivers with low velocities. Stratification is not preserved.

Depth stick

c.

Suspended
sediment

Cap with gasket
underneath

Fig.7: Pipe and McNeil samplers [88] (a) Pipe sampler. Adapted from Yuzyk [100] (b) McNeil
sampler. Adapted from Hamilton and Bergersen (1984), source; Shepard and Graham (1983); (c)
McNeil sampler. Adapted from Hogan et al. (1993), source: McNeil and Ahnell (1964).
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3.4.2.2 Deposition in experimental gravel
Lisle and Eads (96) describe the use of porous-walled containers and infiltration bags
(George Sterling, 1980 cited in [96]) which allow fine sediment carried by intergravel flow to
be deposited in experimental gravel that is later extracted and analysed.
3.4.2.3 Core sampling
Coring techniques may be broadly classified into bulk coring and freeze coring. Bulk
coring techniques are effective in obtaining large bed-material samples relatively easily [57].
These techniques involve the insertion of a cylinder into the channel bed and the subsequent
removal of the encased material. However, stratification of sediment is often disturbed and
fines may be lost. The general characteristics of several selected core samplers have been
summarised by Radtke [89] and they are presented in Table 3.2. Edwards and Glysson [93]
describe a number of bulk coring techniques used by the USGS for sampling bed material.
Bulk corers may be hand held or suspended on a cable. The US BMH-53 is a hand-held
sampler that uses a piston to create a vacuum that aids sampler penetration. In cohesive
sediments the sampler may collect a core with well-preserved stratification.
Vibracoring is a technique used to sample unconsolidated sediments (e.g. [97]). A cylinder
suspended on a cable is driven into bed material by the force of gravity aided by vibration
energy (see www.vibracoring.com; www.lawr.ucdavis.eduA. The vibrations reduce friction
between the corer and sediment. This allows long cores (up to 10 m) to be extract with minor
disturbance. Vibrations may originate from hydraulic, pneumatic, mechanical or electrical
power.
Table 3
Evaluation of the vibracoring technique based on www.vibracoring.com and
http://www.lawr.ucdavis.edu/
Advantages
Can extract long cores (up to 10 m)
Minimal disturbance of sediment in heart of
core due to the reduced friction between
corer and sediment.
Technique reduces friction between corer
and sediment and therefore reduces the risk
of miss sampling strata due to plugging
Quick and not labour-intensive
Can be used in a wide range of water depths

Disadvantages
Surfleial sediment may be resuspended by
vibrations
Power supply needed to generate vibrations
Most suited to sampling unconsolidated,
waterlogged, heterogeneous sediments,
Some core compaction and sediment
disruption may occur due to the vibration.

Shelton and Capel [90] also describe a number of hand-held and cable-suspended corers
that may be used for sampling bed material for quality analyses. The Guillotine sampler is a
hand-held sampler that is designed to sample without disturbing or contaminating sediments.
All parts of the corer in contact with the sediment sample are made of Teflon.
The Ekman dredge is a cable-suspended core sampler that has jaws which close on the
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bottom and flaps that cover the top of the core. Several types of gravity core samplers are
commonly used (Table 2 and Fig.5). Samplers are suspended by a cable and penetrate bed
material with the force of gravity. Core catchers are used to hold the sediment core in place as
the sampler is extracted. However, Anderson [98] illustrated that during gravity coring of
high-porosity sediment, significant surficial-sediment loss and compaction may occur.
All suspended corers should be made of stainless steel. Although cores can provide a large
amount of information about a study area, their collection is time-consuming and requires
specialist equipment.
Freeze coring
Freeze coring is the technique involving the removal of vertical cores of frozen sediment
and interstitial water from the channel bed. The cores are frozen onto probes injected with
liquid nitrogen or carbon dioxide that are driven into the river bed (Fig. 8). A tripod and winch
are needed to extract the cores. The technique successfully captures fine sediment [99, 100].
The technique causes minimal sediment disturbance which means that profiles of sedimentassociated contaminants can be reliably evaluated (e.g. [99]). Lotter et al. [101] present a
freeze-coring method that can be used in deep water to obtain cores of up to 100 cm in length.
However, Naden et al. [57] mention several disadvantages of the freeze-coring technique: a)
Large areas of stream bed are disturbed; b) Pounding of bed material may disturb
stratification and mobilise fine material; c) Labour intensive (3 people needed on site) and
expensive; and d) Large particles are often frozen to core boundaries. Therefore, it is
necessary to adopt protocols that exclude these large particles (e.g. [96,102]).

Flexible high-pressure
hose
—

BEDROCK

Fig..8: Freeze core sampling (Source: [100])
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3.4.3 General consideration for sampling bed material for quality analysis
General guidance on bed material sampling for quality analysis is given by Ongley [103]
and Radkte [89]. Guidance on sediment processing and analytical methods for the
determination of sediment-associated phosphorus, metals and organics are presented in Naden
et al. [57]. Much of the guidance presented below is also relevant to sampling suspended
sediment.
3.4.3.1 Sampling and analytical quality assurance
Quality assurance is essential in all studies of bed material quality. Concurrent replicate
sampling is extremely important to identify sampling precision and/or inhomogeneities in the
system [89]. Furthermore, Radkte [89] advises that analysis of split samples should be
undertaken to assess analytical precision.
3.4.3.2 Sample contamination
It is necessary to take precautions to minimise contamination of samples and these will
strongly depend on the planned analyses. If sampling sediment for metal analyses ensure the
following: a) only plastic, plastic coated or glass materials should come into contact with
samples; b) acid clean all equipment and fully rinse with (double) distilled water; and c) if a
metal sampler is used discard fraction of the sample in contact with metal.
If sampling sediment for organic pollutant analyses avoid using plastic equipment
(stainless steel is preferred). Metal, plastic or glass containers may be used for phosphate
analysis provided that they are cleaned with a phosphate free detergent.
3.4.3.3 Sediment-associated chemical concentration; Importance of particle size
Ongley [103] also mentions the effect of sample particle size on sediment associated
chemical concentration. Coarse particles have a lower specific surface area and therefore a
lower concentration of contaminants when compared to smaller particles. Therefore, a
sediment sample with coarse particles will have a lower contaminant concentration than a
sample of the same material composed of finer particles. Sample contaminant concentrations
should be given for a specific size fraction or should be corrected for particle size, as
suggested by Ongley [103]. Furthermore, Shelton and Capel [90] mention that the <63 um
fraction should be analysed for trace elements and the <2 mm fraction should be analysed for
pesticides and other organic contaminants. Sediment should be separated into different
particle size classes using sieves. Shelton and Capel [90] mention that a nylon mesh sieve
should be used for sieving sediment samples for trace element analyses and a stainless steel
sieve should be used for processing samples for organic contaminant analyses.
3.4.3.4 Equipment cleaning
It is extremely important that all equipment is well cleaned after sampling. Shelton and
Capel [90] provide the following guidance on cleaning equipment to avoid sediment
contamination. Wash and soak (for 30 minutes) all equipment in a large bowl of phosphatefree detergent. Wash with tap and then deionised water.
Clean equipment used for collecting sediment samples for organic and trace element
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analyses with methanol and acid, respectively. Store equipment for sampling sediment for
trace element analyses in a sealable plastic container. Wrap equipment for sampling sediment
for organic analyses in aluminium foil and then seal in a plastic container.
4. FIELD CHARACTERISATION AND PRETREATMENT
Before considering preservation and storage of sediment samples it is helpful to define the
nature of the sediment and of course the intended programme of subsequent analysis. Most
sediments in European rivers and nearshore environments will be predominantly composed of
clastic (alumino)silicate or carbonate minerals, depending on the source material. These
minerals will themselves be stable under normal ambient surface conditions, but their surficial
interaction with aqueous and pollutant phases can be highly susceptible to, for example,
changes in pH or temperature. The pollutants themselves, particularly if organic, can also
interact with each other, or be subject to microbial degradation, and some minor minerals (e.g.
sulphides) may become oxidised if exposed to air.
The general principle of storage, therefore, iso to preserve the original conditions a far as
possible, and usually involves refrigerating at 4 C and sealing in airtight (and if necessary,
sterilised) containers, which do not themselves interact with the sediment. The following
outline protocols are recommended for the main types of analysis; obviously in many cases
this will involve splitting the sediment into subsamples in the field.
Mineralogy
The main changes in mineralogy after sampling are likely to be oxidation or reduction
(possibly mediated by microbial activity) and changes in state of hydration. Samples (or
subsamples) should be kept at 4 C in sealed containers.
Bulk chemistry
If total chemical composition, including porewater and biota, is required, it is simply
necessary to avoid contamination. Storage in plastic containers at ambient temperature is
usually sufficient
Bioassays
Samples should be immediately refrigerated and kept at 4°C until analysis
Ion exchange capacity
Ideally this should be carried out in the field, but it is obviously essential carefully to
describe not only the sampling strategies and techniques used while in the field, but also the
sediments themselves, particularly if a parameter (e.g. colour) may possible change with time
or in a new environment.
As stated in the Introduction, it is also not uncommon for Eh and pH to be required as field
measurements in sediments, and excellent portable meters are now available for this purpose.
Since these properties are particularly subject to change, it is advisable to determine them as
soon as possible after a sample is taken, and then proceed to a detailed sediment description.
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4.1 Measurement of pH and Eh

The pH meter must be thoroughly checked before taking into the field, and suitable
calibration solutions prepared. Spare electrodes are also advisable. Shortly before taking
measurements on the sediments in the field, the electrodes should be recalibrated and washed.
It is very important to use samples as undisturbed as possible, and so the electrodes must be
very carefully inserted into the sediments (preferably while still in a corer, for example) so
that there is no space between them and the sediment. In most circumstances it will be best to
mark a depth scale on the electrodes.
After each measurement the electrodes must be carefully washed in distilled deionised
water; recalibration will also be necessary at regular intervals.
4.2 Sample description
Initial sample description, after recording date, time, location, sampling device and
operator, is best carried out on a freshly cut (e.g. with a spatula) surface, and should
encompass the following properties:
Single samples (e.g. small grab)
colour (preferably using an accepted guide such as the Munsell chart)
texture (grain size)
internal structure
biota
Core samples (if extruded in field)
length of core (which should then be cut in two)
detailed log of sediment sequence (using standard core symbols and logging sheet)

REFERENCES
[1]
[2]

[3]
[4]
[5]
[6]
[7]
[8]

D.Chapman (ed.) Water Quality Assessments - A Guide to Use of Biota, Sediments and
Water in Environmental Monitoring, 2nd Ed. World Health Organisation, Geneva (1992).
J. Bartram and R. Ballance (eds.), Water Quality Monitoring: A Practical Guide to the
Design and Implementation of Freshwater Quality Studies and Monitoring Programmes,
Chapman and Hall, London (1996).
ISO 5667-19: Water quality - Sampling - Part 19: Guidance on sampling of marine
sediments (2004).
WHO GEMS /WATER 1990-2000, The challenge ahead, WHO/PEP/91.2 ,World Health
Organisation, Geneva (1991).
SedNet, Contaminated Sediments in European River Basins, Final Draft, November 17
(2004).
London Convention, Guidelines for the sampling and analysis of dredged material for
disposal at sea., LC 1972 (2004).
L. Hakanson and M. Jansson, Principles of Lake Sedimentology, Springer-Verlag, BerlinHeidelberg-New York, Tokyo, pp 58-62 (1983).
A.G. Darnley, A.J. Borklund, B. Bolviken, N. Gustavsson, P. Koval, J.A. Plant, A. Steefelt, M.
Tauchid and X. Xuejing, Global Geochemical Database for Environmental and Resource

30

[9]
[10]
[11]
[12]
[13]
[14]
[15]
[16]
[17]
[18]
[19]
[20]
[21]

[22]
[23]
[24]
[25]
[26]
[27]
[28]

[29]

[30]
[31]

A. Parker et al.
Management. Recommendation for International Geochemical Mapping. IGGP 259/360 final
report, UNESCO .Paris (1995).
D.J. Burdige and K.G. Gardner, Mar. Chem., 62 (1998) 45-64.
P. Heininger, J. Pelzer, E. Claus and S. Pfitzner, Acta Hydrochim. Hydrobiol., 31 (2003)
356-367.
M. Kralik, Appl. Geochem., 14 (1999) 807-816.
L.H. McCarthy, T.G. Williams G.R. Stephens, J. Peddle, K. Robertson and D.J. Gregor, Sci. Tot.
Environm., 197(1997)21-53.
V. Cheam, G. Garbai, J. Lechner and J. Rajkumar, Water Qual. Res. J. Canada, 35 (2000)
583-608.
V. Cheam, T. Reynoldson, G. Garbai, J. Rajkumar and D. Milani, Water Qual. Res. J.
Canada, 35 (2000) 609-631.
Oslo and Paris Commissions, OSPAR Guidelines for the Management of Dredged Material,
Technical Annex 3 (1998).
W. Salomons and U. Forstner, Metals in the Hydrocycle, Springer-Verlag, BerlinHeidelberg-New York, Tokyo (1984).
U. Forstner, G. Wittmann, Metal Pollution in the Aquatic Environment, Springer-Verlag,
Berlin-Heidelberg-New York, Tokyo (1979).
W.M. Daniels, W.A. House, J.E. Rae and A. Parker, Sci. Total Environ., 253 (2000) 81-92.
P.M. Gy, Mikrochim. Acta [Wien] 11(1991) 457-466.
L.H. Keith (ed.), Principles of Environmental Sampling, ACS Professional Reference Book,
American Chemical Society, Washington D.C. (1988).
P.M. Guy (ed.), Sampling of heterogeneous and dynamic material systems. Theories of
heterogeneity, sampling and homogenizing data handling in science and technology,
Elsevier, Amsterdam, 1992.
F.F. Pitard, Pierre Gy's sampling theory and sampling practice, Vol. I. Heterogeneity and
Sampling. CRC Press, Boca Raton, FL.
G. Matheron, Econ. Geol., 58 (1963) 1246-1266.
D. Truckenbrodt, J. Einax and Fresesnius J. Anal. Chem., 352 (1995) 437-443.
G. Henrion, R. Henrion, K. Szukalski, I. Fabian and P. Heininger, Fres. J. Anal. Chem., 340
(1991) 1-5.
H.J. Winkels and A. Stein, J. Environ. Qual., 26 (1997) 933-946.
R.O. Gilbert, Statistical methods for environmental pollution monitoring, New York: Van
Nostrand Reinhold Co., 1987.
T.D. Day, Network evaluation and planning: Canada's sediment monitoring program.- In
Erosion and sediment transport monitoring programmes in river basins. IAHS Publ. No. 210
(1992) 337-342.
A.J. Horowitz, Monitoring suspended sediment and associated trace element and nutrient
fluxes in large river basins in the USA.- In: Sediment transfer through the fluvial system.
IAHS Publ. 288 (2004) 419-428.
X. Yang, Manual on Sediment management and measurement.- World Meteorological
Organization, operational hydrological report No 47, WMO-No. 948, Geneva, 2003.
WFD;EU2000.

Sampling of sediments and suspended matter

31

[32] R.P. Higgins and H. Thiel, Introduction to the Study of Meiofauna, Smithonian 1988.
[33] A. Davies, J. Limnol., 60 (2001) 1-6
[34] R.L. Wenning and C.G. Ingersoll (Eds), Use of Sediment Quality Guidelines and Related
Tools for the Assessment of Contaminated Sediments. Executive Summary Booklet of a
SETAC Pellston Workshop, SETAC (2002).
[35] A. Mudroch and S.D. MacKnight, Handbook of Techniques for Aquatic Sediment
Sampling, 2nd Ed. CRC Press, Boca Raton, FL (1994). pp 171-189.
[36] G.T. Ankley and M.K. Schubauer-Berigan, Arch. Environ. Contam. Toxicol, 27 (1994) 507512
[37] S.E. Bufflap and H.E. Allen, Wat. Res., 29 (1995) 165-177
[38] P.V. Winger, PJ. Lasier and B.P. Jackson, Arch. Environ. Contam. Toxicol., 35 (1998) 813
[39] R.H. Hesslein, Limnol. Oceanogr., 21 (1976) 912-914
[40] M.D. Krom, P. Davison, H. Zhang and W. Davison, Limnol. Oceanogr., 38 (1994) 19671972
[41] W. Davison, H. Zhang and G.W. Grime, Environ. Sci. Technol., 28 (1994) 1623-1632
[42] J. Brils, J. Soils & Sediments, 4 (2004) 72-73.
[43] P. den Besten, E. de Deckere, M.P. Babut, B. Power, T. Angel del Vails, C. Zago, A.M.P. Oen
and S. Heise, J. Soils & Sediments, 3(2003)144-162.
[44] P.M. Chapman, Ecotoxicology, 5 (1996) 327-339.
[45] P. Heininger, J. Pelzer, E. Claus and P. Tippmann, Wat. Sci. Tech., 37 (1998) 95-102.
[46] D.A. Jay, R.J. Uncles, J. Largier, W.R. Geyer, J. Vallino and W.R. Boynton, Estuaries,
20(1997)262-280.
[47] Oslo and Paris Commissions, OSPAR Guidelines for the Monitoring of Sediments. A 13.1
Guidelines for the Sampling and Analyses of Sediments under the Joint Monitoring Programme
(1991).
[48] H.J.M. van Zon, ,Litter transport as a geomorphic process. A case study in the GrandDuchy of Luxembourg. Ph.D. Thesis, Univ. of Amsterdam (1978).
[49] H.L.Golterman, P.G.Sly, and R.L.Thomas, Study of the relationship between water quality and
sediment transport. A Guide for the Collection and Interpretation of Sediment Quality Data.
Technical Papers in Hydrology N.26, United Nations Educational, Scientific and Cultural
Organisation, Paris (1983).
[50] J.G.Evans, P.D.Wass and P.Hodgson, Sci. Total Envir., 194/195(1997) 111-118.
[51] G.H.Old, G.J.L. Leeks, J.C.P. Packman, B.P.G. Smith, T. Goodwin, I. Guymer, N. Hewitt, M.
Holmes, W. Shepherd, and A. Young, Fine sediment dynamics in urban systems. R&D
Technical Report P2-153/TR, Environment Agency (North East Region) (2002).
[52] P.D.Wass, and G.J.L. Leeks, Hydrol. Process., 13 (1999) 935-953
[53] D.G.Hall, The sediment hydraulics of the River Tyne. PhD Thesis, University of Durham
(unpublished) (1964)
[54] J.C.Bathurst, G.J.L.Leeks, and M.D.Newson, Field measurements for hydraulic and
geomorphological studies of sediment transport- The special problems of mountain streams. In:
Proceedings of the International Symposium on Measuring Techniques in Hydraulic Research,
IAHR Section on Hydraulics Instrumentation. Delft, 22-24 April, 137-151.(1985)
[55] T.K.Edwards and G.D.Glysson, Field methods for measurement of fluvial sediment. U.S.

32

A. Parker et al.

Geological Survey. URL http://water.usgs.gov/pubs/twri/twri3-c2/ (2000)
[56] H.P.Guy, and V.W.Norman, Field methods for measurement of fluvial sediment, U.S.
Geological Survey Techniques of Water Resources Investigations, Book 3, Ch C2, 59pp. (1970)
[57] P.Naden, B.Smith, H.Jarvie, N.Llewellyn, P.Matthiessen, H.Dawson, S.Scarlett and D.Hornby,
Siltation in Rivers. A Review of Monitoring Techniques. Conserving Natura 2000 Rivers
Conservation Techniques Series No. 6. English Nature, Peterborough. (2003)
[58] C.J.Gippel, Hydrol. Process., 9 (1995) 83-97
[59] D.M.Robertson and K.D.Richards, Influence of different temporal sampling strategies on
estimating loads and maximum concentrations in small streams. Proceedings of the 2000
Conference of the National Water Quality Council, US. URL:
(http://204.87.241.1 l/2000proceeding/papers/pap_robertson.pdf) (2000)
[60] J.R.McHenry, N.L.Coleman, J.C.Willis, C.E. Murphree, G.C.Bolton, O.W.Sansom and A.C.Gill,
1967. Performance of nuclear-sediment concentration gauges. Proc. Isotopes in Hydrology
Symp. International Atomic Energy Agency, Vienna, pp. 207-225. (1967)
[61] S.D.Marks, and GJ.L.Leeks, The impact of particulate outputs associated with timber
harvesting. Environment Agency R&D Technical report P140. WRc, Swindon. (1998)
[62] R.Gippel The use of turbidity instruments to measure stream water suspended sediment
concentration. Department of Geography and Oceanography, University College, The
University of New South Wales, Australia. Monograph Series. (1989)
[63] J.Lewis, Wat. Resourc. Res., 32 (1996) 2299-2310.
[64] G.E.Eden, The measurement of turbidity in water. Proceedings of the Society for Water
Treatment and Examination, 14 (1965) 27-41.
[65] M.F.C.Thorn and T.N.Burt, Transport of suspended sediment in the tidal River Crouch.
Report No. INT 148. Wallingford, Oxon: Hydraulics Research Station (1975)
[66] H.M.S.O. Colour and turbidity of waters. Methods for the examination of waters and
associated materials. London: H.M.S.O. (1981)
[67] G.J.L.Leeks, Development of field techniques for assessment of river erosion and deposition in
Mid-Wales. In: Catchment Experiments in Fluvial Geomorphology, T.P, Burt and D.E. Walling
(eds) Norwich: Geo Books, p. 299-309. (1983)
[68] D.G.Wren, B.D.Barkdoll, R.A.Kuhnle and R.W.J.Derrow, Hydraulic Eng., 126 (2000) 97104.
[69] T.E.Brabben, Use of turbidity monitors to assess sediment yields in East Java, Indonesia. In:
Erosion and sediment transport measurement, International Association of Hydro logical
Sciences. Publication No. 133 (1981) 105-113.
[70] D.C.Grobler and A. Van B.Weaver, Continuous measurement of suspended sediment in
rivers by means of a double beam turbidity meter. In: Erosion and Sediment transport and
measurement. International Association of Hydro logical Sciences. Publication No. 133
(1981)97-103.
[71] B.L.Finlayson, Catena, 12(1985) 141-147.
[72] P.D.Wass, S.D.Marks, J.W.Finch, G.J.L.Leeks and J.K.Ingram, Sci. Total Envir., 194/195
(1997) 263-283
[73] F.D.Wilde, and J.Gibs, Handbooks for Water-Resources Investigations- Section A. National
Field Manual for the Collection of Water-Quality Data, Field measurements - Turbidity, U.S.

Sampling of sediments and suspended matter

33

Geological Techniques of Water-Resources Investigations, Book 9, Chapter A6.7, 30pp. (1998)
[74] D.E.Walling, Water Resources Res., 13(1997) 531-538.
[75] P.N.Owens, D.E.Walling, J.Carton, A.A.Meharg, J.Wright and G.J.L.Leeks, Sci. Total
Environ. 266 (2001)177-186
[76] E.D. Ongley and R.L.Thomas, R.L., Hydrological Processes, 3(1989) 255-260
[77] A.J.Horowitz,, K.A.Elrick and Hooper, R.C. Hydrological Processes, 3(1989) 163-184.
[78] J.L.A.Long, W.A.House A.Parker and J.E.Rae, The collection and analysis of river
sediments for the investigation of their role in the translocation of micro-organic
contaminants. In: Jamet, P. and Cornejo, J. (eds) Research Methods to Assess the
Environmental Fate of Pesticides, COST66, INRA Paris. (1997)
[79] T.F.Rees, J.A.Leenheer and J.F.Ranville, Hydrological Processes, 5(1991) 201-214.
[80] J.M.Phillips, M.A.Russell and D.E.Walling, Hydrological Processes, 14(2000) 2589-2602.
[81] G.J.L.Leeks. and G.Roberts, G. The effects of forestry on upland streams- with special
reference to water quality and sediment transport. In: Environmental aspects of plantation
forestry in Wales, J. Good (ed). ITE Symposium No.22. 9-24. Institute of Terrestrial Ecology,
Merlewood Research Station, Grange-over-Sands. (1987)
[82] M.D.Newson, Earth Surface Processes, 5(1980) 275-290
[83] I.Reid, I., L.E.Frostick and J.T.Layman, Earth Surface Processes and Landforms, 10(1985) 3344.
[84] L.B.Leopold, and W.W.Emmett, Bedload measurements, East Fork River, Wyoming.
Proceedings of the National Academy of Sciences of the United States of America,
73(1976) 1000-1004.
[85] P.C.Klingeman and W.W.Emmett, Gravel bedload transport processes. In: Gravel-bed Rivers.
Fluvial Processes, Engineering and Management. R.D. Hey; J.C. Bathurst and C.R. Thome
(eds.), John Wiley and Sons, Chichester, p. 141-179 (1982)
[86] P.Novak, 'Bed-load' meters; development of a new type and determination of their efficiency
with the aid of scale models. In: Transactions of the 7th General Meeting of the International
Association for Hydraulic Research. Delft: IAHR (1957)
[87] E.J.Helley and W.Smith, Development and calibration of a pressure-difference bedload
sampler. Open-File Rept. United States Geological Survey (1971).
[88] K.Bunte and S.R.Abt, Sampling surface and subsurface particle-size distributions in wadeable
gravel- and cobble-bed streams for analyses in sediment transport, hydraulics and streambed
monitoring. General Technical Report RRMS-GTR-74, 1-428. 2001. Rocky Mountain Research
Station, United States Department of Agriculture Forest Service. URL
http://www.fs.fed.us/rm/pubs/rmrs_gtr74.html (2001)
[89] D.B. Radtke, Handbooks for Water-Resources Investigations- Section A. National Field
Manual for the collection of Water-Quality Data, Bottom-material samples, U.S. Geological
Survey Techniques of Water-Resources Investigations, Book 9, Chapter A8 (1997)
[90] L.R.Shelton and P.D.Capel, Guidelines for collecting and processing samples of stream bed
sediment for analysis of trace elements and organic contaminants for the national water-quality
assessment program. U.S. Geological Survey Open-File Report 94458 Sacramento, California
(http://water.wr.usgs.gov/pnsp/pest.rep/bs-t.html) (1994)
[91] G.E.Petts, Research and Management, Vol. 2 (1988) 141-153

34

A. Parker et al.

[92] D.Scheutt-Hames, B.Conrad, A.Pleus and K.Lautz, Literature review and monitoring
recommendations for salmonoid spawning gravel scour. TFW Ambient Monitoring
Programme URL: (http://www.nwifc.wa.gov/TFW/document/report2.htm) (1996)
[93] T.K.Edwards and G.D.Glysson, Field methods for measurement of fluvial sediment. US
Geological Survey, Book 3, Chapter C2, 89pp (1999)
[94] C.P.Lambert and D.E.Walling, Catena, 15(1988) 65-80.
[95] P.N.Owens and D.E.Walling, Wat. Res., 36 (2002) 685-701.
[96] T.E.Lisle and R.E.Eads, Methods to Measure Sedimentation of Spawning Gravels. Research
Note PSW-411, 1-7. Berkeley, CA, Pacific Southwest Research Station, Forest Service, U.S.
Department of Agriculture. (1991)
[97] E.A.Prych and D.W.Hubbell, Geol. Soc. Amer. Bull.,77 (1966) 549-556.
[98] C.J.Anderson, Limnology and Oceanography, 36 (1991) 1021-1030.
[99] G.E.Petts ,M.C. Thorns, K.Brittan and B.Atkin, Sci. Total Environ., 84 (1989) 259-272.
[100]M.C.Thoms, Sed. Geol., 78 (1992) 191-200.
[101]A.F.Lotter, I.Renberg, H.Hansson, R.Stockli, and M.Sturm, Aquat Sci., 59 (1997) 295-303.
[102]J.N.Adams and R.L.Beschta, Canadian J. Fisheries and Aquatic Sciences 37 (1980) 1514-1521.
[103]E.Ongley, Sediment Measurements In: Water Quality Monitoring - A practical Guide to the
Design and Implementation of Freshwater Quality Studies and Monitoring Programmes,
UNEP/WHO. (www.who.int/docstore/water_sanitation_health/wqmonitor/chl5.htm)
(1996)

Sustainable Management of Sediment Resources: Sediment Quality and Impact Assessment of Pollutants
Edited by Danià
Dania Barceló
Barcelo and Mira Petrovic
© 2007 Elsevier B.V. All rights reserved.
reserved.

35

Characterisation of contaminants in sediments - effects of
bioavailability on impact
J. Parsons1, M. Jesus Belzunce Segarra2, G. Cornelissen3,O. Gustafsson3,
T. Grotenhuis4, H. Harms5, C.R. Janssen6, J. Kukkonen7, P. van Noort8,
J.J. Ortega Calvo9 and O. Solaun Etxeberria2
1

Institute for Biodiversity and Ecosystem Dynamics, University of Amsterdam, Amsterdam,
The Netherlands
2

Marine Research Division, AZTI Foundation, Pasajes, Spain

3

Department of Applied Environmental Research, Stockholm University, Stockholm, Sweden

4

Wageningen University, Wageningen, The Netherlands

5

UFZ - Centre for Environmental Research, Leipzig, Germany

laboratory of Environmental Toxicology, Ghent University, Ghent, Belgium
7

University of Joensuu, Joensuu, Finland

8

RIZA, Lelystad, The Netherlands

9

IRNAS, CSIC, Sevilla, Spain

1. INTRODUCTION
The total concentration of a compound in sediment provides an approach for the
estimation of the level of contamination. Such an analysis provides information on the
distribution patterns of contaminants along the river basin, estuaries and littoral, information
that is needed for spatial and temporal monitoring studies. These data are also used by
regulatory bodies to estimate the potential risk. However, these measurements are often
inadequate to assess bioavailability and toxicity to organisms. Not all of the sediment-bound
contaminant is readily available for organisms. The impact of contaminants on sediment biota
depends on their bioavailability, i.e. the extent to which they can be taken up by sediment
organisms or the extent they cause adverse effects.
An assessment of the risks of sediment contaminants should therefore include
consideration of the bioavailability of the contaminants. Sediment quality criteria are often
derived from water quality criteria by multiplication of the latter by sediment to water
partition coefficients. Although, this equilibrium partitioning model has been successful in

36

J. Parsons et al.

accounting for the distribution of functionally diverse chemicals (both metals and organic
compounds) in many laboratory-based sorption studies on a wide range of soils and
sediments, the ability of this procedure to account for the toxicity of the chemical has been
less successful. Despite this latter observation, this simple approach has received broad
recognition and formed the basis for several environmental quality standards.
These widely employed phase-distribution models based on partitioning with bulk
sediment, or organic carbon for hydrophobic organic compounds (HOCs), developed in
simplified laboratory systems, are, however, frequently unable to accurately predict the actual
solid-water distribution of chemicals in aquatic field environments. The results from longterm sorption experiments, and particularly from field observations of phase distributions of
HOCs, have made it increasingly clear that equilibrium-based partitioning models may not be
universally applicable since: (i) a fraction of the contaminant is frequently seen to exhibit very
slow sorption or desorption kinetics, (ii) solid-water distribution coefficients of some organic
certain compounds in the field are far in excess of expectations from equilibrium partitioning
and (iii) sorption isotherms exhibit nonlinearity.
These observations of non-equilibrium sorption have important consequences for the
effects of contaminants in sediment since it is often assumed that uptake occurs through the
water phase. Under non-equilibrium conditions the bioavailability of a sorbed compound will
be determined by the kinetics of desorption to the aqueous phase. A realistic assessment of the
impact of contaminants on sediment quality is therefore only possible if the actual
bioavailability of the contaminants is included. This is essential to assess both the potential
effects of contaminants on sediment biota as well as the fate of contaminants in sediment and
the potential for bioremediation. In order to achieve this we need to know which part of the
total is in fact the bioavailable fraction and we need methods to measure this fraction easily.
Recent research on the sorption processes, bioaccumulation and toxicity of contaminants
in sediments has resulted in new insights into the mechanisms controlling the bioavailability
of metals and organic contaminants in sediments, hi addition, new biomimetic methods have
been developed in which bioavailable fractions can be measured readily. Much of this work
has been carried out in European projects such as WELCOME, ABACUS and LIBERATION.
This chapter discusses these recent developments and how they may be included in impact
assessment of contaminants in sediment.
2. BIOAVAILABILITY OF METALS FOR BENTHIC ORGANISMS
Unlike HOCs, there is no universally accepted method, such as the correlation between
Kow and lipid-based concentration, to estimate the uptake, accumulation and toxicity of
metals and organometals in benthic organisms. The wide range of their chemical properties
and their interaction with environmental factors and the fact that the way that organisms
physiologically 'handle' metals and organometals greatly differs from one species to another,
complicate the task of assessing the accumulation, toxicity and the transfer of sedimentary
metals and organometals in the benthic food chain.
There are a number of reactions and factors that control metal bioavailability in
sediments. Indeed, metal bioavailability is controlled to varying degrees by factors such as
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sulphides, organic carbon, carbonates, redox state, pH, physical disturbance and transport
processes. Metal cations frequently implicated with contamination and associated with
sulphides include Cd, Cr, Cu, Pb, Ni, and Zn. However, these metals are often bound to a
variety of sediment fractions of Fe and Mn oxides and organic materials and ranging from
easily extractable (and bioavailable) to resistant residual mineral phases [e.g. 1-6], There are a
number of comprehensive reviews and guidance documents dealing with major aspects of
assessing sediment quality and metal bioavailability [1, 7-12]. Literature on metal
contaminated sediments generally indicates that environmental risk assessments and sediment
quality criteria based on the bioavailable metal fraction is clearly superior to "total" metal
concentrations.
During the past decade the equilibrium partitioning (EqP) approach for deriving
benchmark sediment quality guidelines has received increasing attention from both academics
and regulators. This approach is based on the assumption that the primary toxicity of a
chemical is correlated to the pore water concentration, suggesting that it is a major route of
exposure [13]. However, this route of exposure does not include uptake from ingestion of
contaminated sediment particles and overlying waters which have been shown to be important
routes of exposure for some benthic organisms [14-16].
For divalent metals, including Cu, Cd, Ni, Pb, and Zn, an equilibrium/bioavailability
linkage was observed with the procedurally defined "acid volatile sulphide" (AVS) and
"simultaneously extracted metal" (SEM) fractions [13,17-19]. There have been many studies
since the 1990s describing the important role of the AVS fraction in the binding metals in
anoxic sediments and the use of this concept for predicting the absence (and recently, the
occurrence) of toxicity [e.g. 17-28]. The AVS fraction contains the relatively labile Fe and
Mn monosulphides as the dominant component and trace metals such as Cd, Cu, Pb, Ni, and
Zn tend to displace Fe and Mn from sulphide. This metal sulphide form is essentially nonbioavailable to benthic organisms. On the other hand, if the total concentration of the metals is
greater than the concentration of AVS, some metal fraction potentially is bioavailable and
could cause toxicity if no other metal ligands are available (e.g., Fe and Mn oxyhydroxides,
organic carbon, carbonates). No toxicity should occur if 2SEM/AVS < 1, since all of the free
metal available would be bound to the AVS phase (e.g. zinc sulphide). Using the SSEM AVS difference instead of the SEM/AVS ratio gives additional insight into the magnitude by
which AVS binding has been exceeded. At a molar SSEM - AVS difference < 0 no effects
are expected to occur. It should be noted that although this approach (ESEM - AVS < 0 or
SSEM/AVS < 1) can predict when there will not be toxicity with a high degree of certainty, it
does not predict whether or not there will be toxicity if SSEM - AVS > 0 or ZSEM/AVS > 1.
Next to AVS, organic carbon has also been shown to be an important partitioning phase for
metals in sediment and in water. Thus, when the excess LSEM is normalized to the organic
carbon concentration (i.e. S(SEM - AVS)//0C), it has been found in comparisons with toxicity
data that a boundary for chronic effects exists when SSEM - AVS//00 is in excess of 100 to
150 umol/g oc, allowing for the prediction of toxicity.
In their excellent overview paper, Ankley et ai. [17] summarized these and other potential
approaches for predicting bioavailability of metals in sediments and for establishing sediment
quality criteria (SQC). They discerned four approaches:
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1. comparison of molar AVS concentrations to the summed molar concentrations of the
five simultaneously extracted metal with the AVS;
2. measurement of interstitial water metal concentrations and calculations of summed
interstitial water criteria toxic units (IWCTU) for the five metals, based upon final chronic
values from water quality criteria documents;
3. calculation of summed IWCTU based on sediment AVS concentrations and metalspecific partitioning of the metals to organic carbon;
4. calculation of summed IWCTU based upon partitioning of the metals to a minimum
binding phase sorbent (e.g. chromatographic sand).
They concluded that, at that moment, approaches 1 and 2 were the most useful in terms of
predicting metal bioavailability and deriving SQC, and that more research was needed to
implement the other two approaches. They also stated that further research was needed to
understand processes controlling bioaccumulation of metals from sediments by benthic
organisms, as well as metal accumulation by pelagic species that ingest metal contaminated
benthos.
Much of the controversy on the potential use of some of the approaches described above
result from lack of knowledge on long-term, sub-lethal effects of metal contaminated
sediments, the importance of other exposure routes (e.g. dietary; sediment ingestion), and the
confusion between bioaccumulation based observations and toxicity effects. On the latter
issue, caution should be used when using tissue concentrations to predict hazards or risks, as
some metals are essential, such as Cu and Zn and are actively regulated by organisms, while
others tend to store metals in detoxified forms.
In their examination of the SEM/AVS approaches, Lee et al. [29] demonstrated - using
four marine benthic species - that metal concentrations (Cd, Ni, Ag and Zn) in animal tissue
correlated with metal concentrations from sediments, but not with porewater, across a range
of reactive sulphide concentrations. They conclude that their results contradict the notion that
metal bioavailability is controlled by geochemical equilibration (i.e. approaches summarized
above) of metals between porewater and reactive sulphides. Although, numerous studies have
shown that metal accumulation does not necessarily lead to adverse effects and the latter
assessment is usually the main driver for SQC derivation and risk assessments, the studies of
these authors and others do indicate that there is uncertainty associated with the use of
geochemical equilibrium approaches for accounting for metal bioavailability in sediments.
Lee et al. [29] suggest that, especially under circumstances of moderate to low sediment
contamination, exposure of organisms may occur via ingestion of particles and effects on
populations may be manifested via chronic toxicity. Their recommendations for advancing
our understanding metal bioavailability in sediments and fully evaluating how broadly the
AVS-normalized approaches can be applied include (1) consideration of chronic responses
and mechanisms that link toxicity and accumulation, and (2) laboratory or field effect studies
which simulate naturally occurring contaminated sediments.
One such long-term field study was recently conducted by Burton et al. [30]. It was
aimed at assessing the zinc concentrations in freshwater sediments that are tolerated by
benthic macroinvertebrate communities and to determine whether there is a relationship with
the SEM-AVS model. The results of this study were used to evaluate possible inter-
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relationships of site-specific characteristics taking into account short-term to seasonal
variability with its associated effects on dietary uptake and oxic and anoxic gradients. Test
sites included: Schmallenberg. Germany; Ankeveen, The Netherlands; Pallanza, Italy; and
Biesbosch, The Netherlands. In both the lake and riverine systems, one sediment type was
high in AVS and one was low in AVS, which resulted in Zn spiked sediments that ranged
from low to high SEM/AVS ratios. The colonization trays were sampled seasonally, ranging
from 6 to 37 weeks of exposure (one to three sampling periods), and evaluated using several
appropriate benthic indices. Results of the field evaluations at the four test sites confirmed the
validity of the AVS-SEM model, predicting benthic macroinvertebrate effects correctly 92%
of the time. The AVS-SEM model predicts that there should be no toxicity to benthic
invertebrates when the SEM/AVS ratio is less than one or when carbon normalized AVS
fraction below 150 umol/g OC. In sediments where the SEM/AVS ratio or the AVS and
organic carbon normalized fractions exceeded 8 and 583 umol/g OC, toxicity was observed
from the Zn spiked sediments. Conversely, when the SEM/AVS ratio or carbon normalized
AVS fractions were below 2 or 100 umol/g OC, no toxicity was observed. Total Zn
concentrations in sediments showed no relationship to benthic effects, with Ankeveen
sediments being non-toxic at 913 mg Zn/Kg DW, while Pallanza sediments were toxic at 175
mg Zn/Kg DW. Contrary to the concerns expressed by Lee et al. [29] and others, this longterm, experimental field study - using long-term population and community level endpoints clearly supports the SEM/AVS-based approaches (see above) for evaluating and predicting
metal bioavailability (based on effects) in sediments.
Recently, Di Toro et al. [31] demonstrated the use of 'water column' biotic ligand model
- a predictive metal bioavailability tool - for explaining metal toxicity in sediments. The
'water column' biotic ligand model (BLM) [32] is used to compute the effect concentration in
the aqueous phase that results in a metal concentration at the site of action (the biotic ligand)
that produces x% mortality. It accounts for the varying bioavailability of dissolved metal due
to metal complexation with inorganic anions and with dissolved organic carbon by relating
toxicity to the free metal ion activity. The BLM also accounts for the protective effects of the
hardness cations and the effect of pH as a competitive equilibrium at the biotic ligand
following a model originally proposed by Pagenkopf in 1983 [12] (see Paquin et al. [33] for a
comprehensive review of the historical development of the BLM). Using a slightly different
experimental and computational approach, De Schamphelaere and Janssen, De
Schamphelaere et al. and Heijerick et al. [34-42] have demonstrated that the BLM concept
also holds for predicting chronic toxicity of various metals to different freshwater species.
The sediment BLM (sBLM) proposed by Di Toro et al. [31] is an extension of the water
column BLM in which porewater DOC is not considered (based on the analysis of the
importance of this factor for determining sediment toxicity); instead sediment POC is
included. This study demonstrates that the organic carbon normalized excess SEM (SEMx,oc
= (SEM - AVSyfoc ) can be used to predict the sediment concentration at which metal
toxicity is observed. The authors use the biotic ligand model to compute the LC;o
concentration of metal on sediment particulate organic carbon, SEMx,oc, that is in
equilibrium with the LCso in pore water - following the precepts of the Equilibrium
Partitioning (EqP) model - and in equilibrium with the critical concentration at the site of
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action (the biotic ligand). It is concluded that a sediment biotic ligand model can be
successfully developed that avoids the complications of explicitly modeling the pore water
chemistry. The sediment concentration is computed by assuming equilibrium between the
critical metal concentration on the biotic ligand and sediment particulate organic carbon. This
concentration is compared to the sediment metal concentration in excess of AVS, normalized
to the organic carbon concentration of the sediment (SEM - AVS)/foc3. BIOAVAILABILITY OF HYDROPHOBIC ORGANIC CHEMICALS FOR
BENTHIC ORGANISMS
3.1, Sorption of hydrophobic organic chemicals
The sorption of hydrophobic organic chemicals (HOCs) is an important process because
it governs the fate, transport and ecotoxicological risks of soil- and sediment-bound
chemicals. Around 1980 it was discovered that the organic matter (OM) in soils and
sediments was the principal factor controlling sorption of HOCs and it was proposed to
normalize sediment-water distribution ratios to the Total Organic Carbon (TOC) content [43,
44]. hi the 1990s and 2000s, several findings like nonlinear sorption isotherms [45-47],
multiphasic desorption kinetics [48, 49] and strongly elevated TOC-water distribution ratios
(KTOC) in the field [50, 51] led to the suggestion of a dual-mode sorption concept [45,48,49],
hi this concept, the OM is regarded to be composed of two domains, one showing linear
absorption and one showing nonlinear adsorption. The absorption domain has been proposed
to consist of amorphous OM like humic/fulvic substances and lignin [45], whereas harder,
more condensed moieties like coal and kerogen contribute to the adsorption domain [45, 48,
49]. The results of previous research on sorption properties of various geosorbent constituents
have been summarized in excellent reviews [52-54]. hi an attempt to characterize these two
domains it was found that persulfate oxidation could oxidize the amorphous OM fraction
together with the bioavailable PAH. [55]. Characterization of the SOM before and after
bioremediation of PAH contaminated sediments showed that the condensed SOM domains
are situated in the humin fraction of the SOM. It was reasoned that the condensed organic
matter is less polar than expanded organic matter, which is in accordance to several studies
that reported a negative correlation between SOM polarity and the affinity of SOM for
hydrophobic organic contaminants [56-63].
One particularly strongly sorbing form of TOC is Black Carbon (BC) [51, 64-66]. BC is
formed by combustion processes; the two main forms are soot (BC formed by condensation
reactions) and charcoal (charred residues of the original fuel). Part of the BC in the
environment stems from combustion of biomass (forest fires, residential wood burning); part
of it is from fossil fuel combustion (traffic, industry, coal, oil). So far, sorption to BC has
mainly been studied for pure soots and charcoals [51, 64-66]. This research has shown that
sorption to BC can be exceptionally strong, with BC-water distribution ratios, KBC, exceeding
OC-water ones by a factor of 100 or more. Generally, BC contents are about 1-15% of TOC
[66, 67], so in several cases BC can be expected to contribute more strongly to overall
sorption than all the other OM constituents.
A BC-inclusive Freundlich sorption model is
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where foe and fee are the sediment mass fractions of OC and BC, respectively, Koc is the
OC-water distribution coefficient (L/kg), Cw is the aqueous concentration (jxg/L), KF,BC is the
Freundlich BC-water distribution ratio [(ng/kgBcVd^g/L)"] and HF is the Freundlich exponent
of BC sorption. A concentration dependence appears in the BC term because of the
nonlinearity of BC sorption.
In recent studies in the ABACUS project, the abovementioned model (eq. 1) is further
evaluated for environmental BC. The sorption characteristics of the BC after combustion were
studied by determining sorption isotherms of sediment that was combusted at 375°C. In order
not to overlook processes occurring at low but environmentally relevant concentrations (in the
ng/L range), we determined isotherms over a wider concentration range (CV= 0.0005-6 Hg/L)
than in previous BC sorption studies. The applied sorption method was the
Polyoxymethylene-Solid Phase Extraction method (POM-SPE) recently developed by Jonker
and Koelmans [65].
The importance of Black Carbon sorption for total sorption was determined after the OM
and native sorbates had been removed by combusting five sediments at 375°C under air [70].
KF.BC was determined for dio-PHE (phenathrene) by measuring sorption isotherms in the
combusted sediment that contained only minerals and BC.
Example sorption isotherms for BC and TOC are presented in Figure 1.
Table 1
TOC and BC contents of the five studied sediments and Freundlich parameters of TOC and
BC sorption (from [72])
Sediment

TOC (%)

BC (%)

Log KF.OC

IF.OC

log KEB

VAR
MEK

0.120 ±0.003
21.03 ±0.12

0.024 ± 0.002
0.«4±0.12

5.03 ± 0.04
5.40 ±0.14

0.85 ±0.02

4.97 ±0.14

0.98 ±0.03

n.d.

n.d.

KUO

1.39 ±0.07

0.152 ±0.008

5.12 ±0.10

0.92 ±0.05

5.07 ±0.11

n.e.d.

HOY

3.30 ±0.02

0.105 ±0.010

4.76 ± 0.07

0.83 ± 0.03

5.4 ± 0.2

n.e.d.

KET

5.51 ±0.01

0.720 ±0.010

5.05 ±0.06

0.93 ±0.03

4.6 ±0.4

n.e.d.

0.54

n.d., not determined due to very low BC content.
n.e.d., not explicitly determined but assumed to be equal to the nF)BC of KET sediment for the
calculation of Fig. 2.
The sorption isotherm of the original sediment was almost linear (Freundlich coefficient,
np > 0.9), whereas the isotherm of the BC remaining after the sediment combustion was
highly nonlinear (rip = 0.54). This shows that the BC sorption sites have a limited capacity. In
Table 1, the sorption parameters for all five sediments are presented. The K^gc"™, the sorption
coefficient of environmental BC, has been corrected for competition effects between the
native PAHs and the added dio-PHE,
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Fig. 1. Freundlich isotherms for dio-PHE in original, unchanged KET sediment (closed diamonds,
straight line) and combusted KET sediment [OM and all sorbates removed by 375°C combustion
(triangles, dotted line)]. On the y-axis are log Cmc (M>g*g TOC; original sediment) and log CBc (ug/kg
BC, combusted sediment). The KET sediment is from the first major sedimentation area of River
Rhine, a river that transports large amounts of contamination. Reprinted with permission from [71]
Copyright 2004 American Chemical Society.
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Fig. 2. Relative contribution of BC to total PHE sorption in five sediments: contaminated KET
sediment from The Netherlands and four relatively pristine sediments from Eastern Finland. Data from
[72]
On the basis of BC and TOC contents and the respective sorption coefficients, the relative
contribution of BC to total sorption was calculated. This is shown in Figure 2.
It appears that at low aqueous PHE concentrations (ng/L and below), BC is a very
important geosorbent constituent with respect to sorption (40-80% of sorption is to the BC).
At higher concentrations (ug/L) 3 BC sorption sites become saturated and BC sorption is
overwhelmed by sorption to the other OM constituents.
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log CBC (µg/kg BC)

The effect of sorbate planarity on BC sorption was determined by measuring sorption
isotherms for 4 compounds with the same Kow (planar anthracene (ANT), phenanthrene
(PHE) and 4-PCB as well as for nonplanar 2,2'-PCB) to BC in combusted KET sediment. The
sorption isotherms are shown in Figure 3. The KFIBC decreased in the order ANT (6.24) >
PHE, 4-PCB (5.62; 5.42) > 2,2'-PCB (4.54). There is also a difference in BC sorption linearity
between the nonplanar 2,2'-PCB and the three planar compounds: BC sorption of the
nonplanar compound was almost linear {nF#c = 0.92), in contrast to the planar ones (n^sc ~
0.54-0.70). This implies that at low concentrations (e.g. 1 ng/L) KBc of 2,2'-PCB is much
smaller than KBC of the other three compounds, whereas at high concentrations where BC
sites become saturated, sorption is approximately equally strong for all compounds. The K^BC
and nF values for planar and nonplanar compounds imply that BC is far less important for
sorption in the environmentally relevant nanogram per liter range for nonplanar 2,2'-PCB than
for planar ANT, PHE and 4-PCB, and that steric effects play an important role in BC
sorption.
6
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Fig. 3. BC-normalized Freundlich isotherms for dio-PHE (triangles), dio-ANT (squares), 4-PCB
(diamonds) and 2,2'-PCB (circles) in combusted KET sediment (OM and all native sorbates removed
by 375°C combustion). Lines obtained by linear regression. On the x-axis is log Cw (ng/L), on the yaxis is log CBC (ng/kg BC). Reprinted with permission from [73]. Copyright 2004 American Chemical
Society.

The extent of adsorption onto black carbon depends on this number of accessible sites,
apart from the magnitude of the equilibrium constant for adsorption onto a site. For the
maximum capacities for adsorption of several PAHs and PCBs onto BC (5 different soots and
5 different soot-like materials) it was found that about 80% of the variation in maximum
adsorption capacities for groups of sorbates (PAHs, non-ortho PCBs, mono-orf/zo-PCBs, and
di-orf&o-PCBs) could be explained by the variation in both sorbent carbon content and the
relative magnitude of the area of the shadow of a sorbate molecule on a planar surface [72].
For mono-layer adsorption of low-polarity organic compounds onto black carbon it was
recently proposed, based on literature data for the enthalpy of adsorption, that the enthalpy for
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the sorbate-sorbent interaction can be taken equal to that for the interactions in the pure solid
state of the sorbate [75]. Furthermore, in the same study, for the entropy difference between
the adsorbed and the solid state it was derived from literature data for chlorinated benzenes
and PAHs that this difference can be taken equal to the entropy of melting (ASm) minus 15
J/mol.K. Based on this the equilibrium constant for mono-layer adsorption, i.e. the Langmuir
affinity, can be estimated to be equal to exp((ASm -15 J/mol.K)/iJ)/solid solubility [75].
The existence of several different mechanisms for sorption of organic compounds by
sediments can also be studied kinetically by performing desorption-to-water studies where the
solute concentration in water is kept virtually zero by the presence of a strong additional
sorbent such as Tenax* [76]. From these type of studies, it was observed that,
phenomenologically, desorption from sediment can be described on the basis of three distinct
first-order kinetic steps: initially a fraction (the rapidly desorbing fraction) desorbs at a time
scale of a few hours, followed by a second (the slowly desorbing fraction) desorbing at a time
scale of a few days, and finally a third fraction (the very slowly desorbing fraction) desorbs on
a time scale of several weeks [77].
It is important to note that the rate of desorption depends not only on the quantity of
organic matter but also on the structure or quality of organic matter. For example, the
decrease in the O/C ratio in soil organic material was directly related to increased
phenanthrene binding and hysteresis decreasing its desorption rate [78]. This observation was
interpreted to mean that older more diagenetically processed organic matter binds certain
organic contaminants to a greater degree. In a similar sense, a recent study examining the
distribution of PAHs in two weathered sediments demonstrated that PAHs were preferentially
associated with the lower density fraction of sediments containing detrital plant rather than
soot carbon [79]. Further evidence that particle geochemistry affects PAH bioavailability is
that coal derived particles have a greater PAH binding capacity and slower PAH desorption
rates than silt/clay particles in sediment [80]. In additional field studies of PAH desorption,
the rates were in the range of 0.016 to 0.08 d"1 [81]. Similarly, the desorption of selected nonpolar contaminants was found to only exhibit the slow or very slow desorption rates from
field collected sediments compared to the desorption rates measured for laboratory-spiked
sediments [82].
From a study on the kinetics of desorption of three organochlorine compounds from a
sediment, it was found that the fraction of the compounds in the rapidly desorbing domain
was sorbed by a linear isotherm, whereas the fraction in the slowly desorbing domain was
sorbed by a non-linear Langmuir isotherm, which was different from the Langmuir isotherm
for the very slowly desorbing fraction [49]. For several contaminants in some sediments,
variation in organic carbon normalized partition coefficients was greatly reduced by
normalization to the fraction of sorbates in the rapidly desorbing domain [74, 75].
Furthermore, sorption in the slowly and very slowly desorbing domains of some sediments
was subject to competition phenomena [85, 86]. That suggests that in general the rapidly
desorbing domain can be related to the fraction that is linearly sorbed and that the slowly and
very slowly desorbing domains are associated with adsorption.
The adsorption in the very slowly desorbing domain seems to be adsorption onto black
carbon since the extent of sorption in the rapidly desorbing domain was higher for non-planar
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compounds in several sediments [87] and since the extent of sorption in the very slowly
desorbing domain of two sediments was found to be higher for planar compounds as
compared to non-planar PCBs [88], similarly as for adsorption onto activated carbon. For the
slowly desorbing domain the mechanism is not yet clear. From desorption studies on two
sediments, it was suggested that the slowly desorbing domain is perhaps related to sorption by
pore deformation hi glassy natural organic matter and that the very slowly desorbing domain
is perhaps related to sorption by black carbon type of materials [88]. Nevertheless, ongoing
investigations suggest (van Noort, unpublished results) that the slowly desorbing domain may
be associated with black carbon as well.
3.2. Bioavailability of hydrophobic organic chemicals for accumulation in sediment
organisms
Sediment characteristics, like the amount of total organic carbon [13] and the
geochemistry of organic matter [89], are shown to affect the bioavailability sedimentassociated contaminants to sediment-dwelling organisms. Recent research has demonstrated
that within a single sediment type, that the rapidly desorbed fraction of sediment-associated
contaminant is correlated to the bioavailable fraction for various environmentally present and
laboratory-spiked PAHs [90]. This confirms earlier modelling efforts suggesting that the
desorption rate from sediment was critical for the bioaccumulation of sediment-associated
contaminants [91]. Thus, it appears that differences hi bioavailability across sediments may
be explained by the ability of contaminants to desorb from sediments.
A series of desorption and bioavailability experiments was carried out with seven
laboratory dosed sediments as part of the ABACUS project [92, 93]. The objectives of this
work were to confirm the potential applicability of sediment desorption kinetics as surrogates
for bioavailability in two freshwater benthic organisms, Lumbriculus variegatus and Diporeia
spp. exposed to several types of sediment. The sediments were characterized extensively and
they exhibited a wide range of biogeochemical characteristics. There were some interesting
correlation or lack of correlations in the obtained data set. Neither OC, total nitrogen or soot
carbon showed any correlation with the more biologically derived fractions of the organic
matter like pigment, lignin, and lipid components. Moreover, the NaOH extractable portions
of the organic matter, which is usually comprised of the operationally defined refractory
humic substances (i.e., humic and fulvic acids) were generally inversely correlated with the
pigment and lignin portions of the sediment. The lignin, pigment, and lipid measures were
generally strongly related. One interpretation of these observations taken together is that the
plant derived materials intercorrelate [92].
The desorption rates and fractions were substantially different among the compounds and
sediments. The desorption rates (krv and ksim) for BaP (benzo[a]pyrene) were generally
slower in most sediments than for HCBP (2,2',4,4',5,5'-hexachlorobiphenyl). The desorption
rate was not correlated with the amount of OC in the sediment. For PY (pyrene) and TCBP
(3,3',4,4'-tetrachlorobiphenyl), the compound desorption was most rapid for PY relative to
TCBP in all desorption pools. As with BaP and HCBP the rate of desorption was not
correlated with the amount of OC in the sediment. In general, the two PAH and the coplanar
TCBP behaved similarly while the non-coplanar HCBP seemed to behave differently with
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respect to the sediment characteristics that appear to control desorption. The factors that
produced positive correlations with the desorption flux and the size of the rapidly and slowly
desorbing fractions of the PAH and TCBP were the pigments and the lipids in the sediment.
HCBP did not behave at all like the more planar compounds. Fewer significant correlations
were found because the rates were not very different among the sediments. HCBP was the
only compound to exhibit an interaction with OC but the negative correlation of the
desorption rate constant for the rapidly desorbing pool versus OC was not significant (p =
0.83) [92]. Correlations between the toxicokinetic parameters and the factors representing the
desorption kinetics were examined to describe the variation in the bioavailability across the
range of sediments. In the L. variegates assay, for the two PAH congeners, the flux off the
particles (i.e., the rate constant times the concentration in a compartment) was directly
proportional to the rate of bioaccumulation as determined by the uptake coefficient. The flux
out of the sediment can be related to the uptake rate constant (ks) because ks is directly
proportional to the flux into the organism as represented by ksCs since Cs is constant Thus, in
general, the faster the flux out/off particles the faster the flux into the organism. However, the
correlation for PY, the more water-soluble PAH was less significant 0.1>/?>0.05 perhaps
reflecting the difficulty in obtaining accurate kinetic parameters because of the sampling
scheme. Diporeia spp. exhibited trends between the desorption characteristics and the
bioaccumulation of contaminants but did not show as many positive correlations as those
found for L. variegatus. The best description of the bioavailability was the log BSAF (biota
sediment accumulation factor) regressed against the fraction rapidly desorbed (Frapy) across
all sediments and compounds for both species, r2 = 0.67 and 0.66 for L. variegatus and
Diporeia respectively [93].
Combining the equation to calculate BSAF
r

r

K

r

(2

>

with the BC-inclusive sorption model

yields

Joe
where foe is the OC fraction in the sediment, Cw is the aqueous HOC concentration (ug/L),
Kupid (L/kg) is the lipid-water partitioning coefficient, Koc is the OC-water partition
coefficient, fee is the fraction BC, KF,BC is the Freundlich BC-water partition coefficient
[(|ig/kgBcy(ng/L)"]> a n d «is the BC Freundlich coefficient.
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By applying eq. 4, it can be observed that BSAF is dependent on Cw and the BC/TOC
ratio (Fig. 4). In the modeling representative values for the parameters in eq. 4 are assumed
(the ones for Ketelmeer sediment). Figure 4 also shows that a BC sorption framework can
also account for the often-observed difference in BSAF between (mostly planar) PAHs and
(mostly nonplanar) PCBs. It is therefore concluded that it is important to include the
contribution of BC when assessing the overall in situ sorption characteristics of a given soil or
sediment.
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Fig. 4. Left panel: BSAF as a function of C w at various BC percentages; right panel: BSAF as a
function of fac/fmc (at a constant Cw of 0.1 ng/L). The modeling parameters were according to the
constrained environmental BC sorption parameters. Reprinted from [94]. Copyright 2005 Society of
Environmental Toxicology and Chemistry.

3,3. Bioavailability of hydrophobic organic chemicals for microbial degradation in
sediments
Microbial degradation is the principal removal mechanism of environmental organic
chemicals. However, particularly in the terrestrial environment and the sediments of lakes and
rivers, the biochemical activities of bacteria and other microorganisms are limited by the
relative inaccessibility of these theoretically degradable compounds. The limited contact
between bacteria and the chemicals is caused by either sorption and sequestration in the solid
phase or dissolution in non-aqueous phase liquids (NAPLs) [95]. All these phenomena lead to
low bioavailable concentrations controlling the degradation rate by the existing biomass and
in case of being utilized as carbon substrate, the maintenance of existing biomass and the
formation of new biomass capable of contaminant degradation [96]. In sediments and watersaturated soils, the problem of unavailable carbon substrates may also go along with limited
availability of electron acceptors that are suited to bring about the mineralization of the
contaminants. Particularly the degradation of reduced and thermodynamically stable
compounds such as aromatic hydrocarbons suffers from both their tendency to sorb to the
solid phase and the requirement of either oxygen or alternative, similarly suited electron
acceptors.
With respect to the risk of sediment contamination with organic contaminants and the
possibility to remove it with biological means, two sets of questions are of high timeliness
because they have not yet been conclusively answered: (i) Is the availability of a contaminant
for microbial degradation equal to its availability for accumulation in organisms and
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concomitant exertion of toxic effects? Are those environmental chemicals that are
inaccessible for microbial degradation also unlikely to get into contact with the tissues and
cells of organisms that would suffer from such contact? (ii) Does the bioavailability of a
contaminant only depend on the rates at which it desorbs from the solid phase? Do
microorganisms just have to wait for the contaminant to appear in the aqueous phase they
inhabit? Or have bacteria developed mechanisms allowing them to mobilize a compound
beyond the rates of passive desorption from the inaccessible state?
The first set of questions can be approached by an empirical comparison of microbial
biodegradation and the accumulation of contaminant in the tissues and cells of target
organisms. Alternatively, modelling and theoretical considerations can be of help. Both
approaches are presently applied in the frame of the European project ABACUS, in which
microbiologists and ecotoxicologists are involved. It appears to be clear already that
bioavailability is highly subjective and depends on the kind of organism, its behaviour, type
of nutrition, surface to volume ratio and most importantly for the above question, whether the
contaminant is consumed while exerting its bioactivity or not. Consumptive processes rely on
a steady re-supply of the contaminant in order to maintain the bioavailability whereas nonconsumptive processes strive towards equilibrium, meaning that high bioavailability can be
kept over extended periods with a static amount of chemical. Part of the subjectivity of
bioavailability can be explained when one accepts that environmental chemicals act as
selective factors for the evolution of organisms. Whereas those microorganisms that evolved
features facilitating the active acquisition of poorly bioavailable chemicals (see below)
possess a selective advantage, evolution of such bioavailability-promoting features by target
organisms suffering from toxic effects of environmental chemicals are less likely.
The second set of questions can be tackled most easily by examining the
physicochemistry and microbial physiology of biodegradation under bioavailability
restrictions. The studies may perform model calculations taking into account the kinetics of
microbial degradation and microbial biomass formation as functions of available contaminant
concentrations, in combination with the kinetics of contaminant delivery as a function of
driving forces, such as microbial degradation. Experimental results, model calculations and
theoretical considerations lead to conclude that microbes can be at least as efficient as abiotic
mechanisms in mobilizing per se inaccessible contaminants. For example the Tenax®
desorbed fraction of aged PAH in sediment was found to correlate well with their
biodegradation under optimised conditions [55]. Extraction with cyclodextrin and the
surfactant Triton X-100 also correlated well with the biodegradation of PAH. Contaminant
desorption from the solid phase occurs when the aqueous concentrations in contact with the
sorbent is below the equilibrium concentration. This can be achieved by abiotic extractants as
well as by microbial degradation, with the extraction power of the extractant and the specific
substrate affinity of the bacteria controlling the release rates respectively. It has been shown
that bacteria have evolved extreme affinities for poorly water-soluble substrates that easily
compete with chemical extractants [97]. However, unlike chemical extractants, bacteria
possess additional features. They may actively and specifically move to the source of the
contaminant following increasing concentrations of substrate molecules, upon arrival they
may attach to the substrate source upon surface modification or not, they may force the
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release of sorbed contaminant by degrading the sorbent, they may send out carrier molecules,
surface-active agents or extracellular enzymes to access and mobilize per se inaccessible
organic substrates and they may create movement of the medium containing the substrates
[98].
Pollutant-degrading microorganisms can move through the porous matrix of soils and
sediments to degrade pollutants localized at distant places, increasing therefore
bioavailability. This mobilization can be mediated by water flow [99] or by chemotaxis [100].
In the latter study, strains capable to degrade different PAHs (naphthalene, phenanthrene,
anthracene, pyrene and fluoranthene) were isolated from rhizosphere soils contaminated with
coal tar and oil. Three representative Pseudomonas strains were selected for detailed
chemotaxis studies with PAHs (Fig. 5). The chemotactic attraction caused motion rates in the
order of 1 mm/min, which is remarkable when compared with the assumed average distance
between individual microcolonies in soil (100 mm). This suggests that chemotactic PAHdegrading bacteria may be able to access in a few seconds a significant fraction of the waterfilled pore volume that immobilized bacterial colonies cannot exploit. It is likely that
chemotactic bacteria can detect distant PAH concentration gradients created by desorption from
solid particles, and adhere to the source of the pollutant where they can degrade it at higher rates.
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Fig. 5. Chemotaxis towards PAHs of the soil strains Pseudomonas alcaligenes 8 A (A, naphthalene), P.
stutzeri 9A (B, naphthalene) and P. putida 10D (C, naphthalene and D, phenanthrene). Reprinted with
permission from [100]. Copyright 2003. Elsevier.
An example of the role of adhesion on biodegradation has been shown recently with
NAPLs [101]. NAPLs such as creosote or coal tar, often remain as a free phase in the
environment after massive contamination, and influence the bioavailability of PAHs. The
biodegradation of PAHs present in NAPLs has been found to be severely limited by the slow
kinetics of abiotic mass transfer or partitioning of these hydrophobic compounds into the
aqueous phase. However, adhesion to the NAPL-water interface seems to be the predominant
mechanism by which degrading bacteria can accelerate the already slow release of these
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hydrophobic pollutants (Figure 6). The results showed that strain Sphingomonas sp. LH128 is
capable of mineralizing phenanthrene initially present in a NAPL (hepta-methylnonane) at a
higher rate than the predicted by abiotic partitioning (Fig. 6A, solid line). The addition of the
adhesion-inhibiting agent Triton® X-100 suppressed this phase of maximum mineralization
rate, and induced maximum mineralization rates that were not statistically different to
partitioning rates (Fig. 6B).
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Fig. 6. Mineralization of phenanthrene in HMN without (A) and with (B) Triton* X-100. Reprinted
with permission from [101]. Copyright 2003 American Chemical Society.
Bacteria can also mobilize hydrophobic compounds by promoting their solubility through
surface-active compounds or biosurfactants. The biodegradation of phenanthrene by the
biosurfactant-producing strain Pseudomonas aeruginosa 19SJ, isolated from a PAHcontaminated soil, was investigated in experiments with the compound present as crystals
[102]. Growth on solid phenanthrene exhibited an initial phase not limited by dissolution rate,
and a subsequent, carbon-limited phase (Fig. 7A). Rhamnolipid biosurfactants (rhamnose
equivalents - RE) were produced from solid phenanthrene at concentrations that exceeded the
critical micelle concentration (CMC) determined with purified rhamnolipids (50 mg RE/ml).
The biosurfactants caused a significant increase in dissolution rate and pseudosolubility of
phenanthrene (Fig. 7B). The results suggest that the biodegradation of solid phenanthrene by
P. aeruginosa 19SJ was not exclusively governed by abiotic mass transfer of the compound
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into the water phase, but changes in this mass transfer, derived from the physiology of the
organism, lead to an increased bioavailability.
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Fig, 7. A, growth (as log CFU, colony forming units) and production of rhamnolipids by P.
aeruginosa 19SJ from 10 mg/ml solid phenanthrene. B, Effect of purified rhamnolipids from P.
aeruginosa 19SJ on dissolution of 10 mg/ml solid phenanthrene (numbers express the concentration of
rhamnolipids in |igRE/ ml.). Reprinted with permission from [102] Copyright 2001 Blackwell
Publishing.

4. METHODS TO DETERMINE BIOAVAILABLE FRACTIONS OF
CONTAMINANTS IN SEDIMENTS
Estimating the bioavailable fraction of metals in sediments is a difficult task. Several
approaches have been tried before with various levels of success. These include, for example,
the extraction with weak acids and extraction by adjusting to pH levels in the gut of
organisms [103, 104]. From the geochemical perspective, the form of the association of
metals with mineral and organic matrices determines the biological and physico-chemical
availability, mobilization and transport of metals. The sequential selective extraction methods
distribute metals between various operationally defined fractions or chemical forms. These
fractions likely occur under various environmental conditions and can be used to estimate
mobility and bioavailability of the metals [105]. Although the sequential extraction
procedures are valid to describe the distribution and transformation of metals species in
various media and have been widely used as useful tool for predicting long-term adverse
effects from contaminated solid material, it is well known that there are several limitations
associated with these procedures [106], These limitations are mainly related with the samples
treatment, the use of appropriated reagents and the provoked reactions.
Recently, new measurement approaches have been developed based on diffusive
sampling within sediments (suspensions). Ion exchange resins have become available and
look promising for this type of work. Notably DGTs (Diffuse Gradients in Thin films) are
currently applied to estimate the concentrations of metals in the dissolved phase sediment
pore waters [107, 108]. The DGT technique depends on the diffusion of labile ions through a
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gel (poly aery lam ide hydrogel) where after they are bound by a chelating resin (Chelex
absorbent). It can be used for sampling dissolved metals in the water mass (in a form of small
disk) or for sampling metals in the pore waters of sediments (by inserting the DGT probe into
the sediments). This device allows minimum disturbance of the sampled medium and induces
a flux from the pore water that can be related to the elemental concentration in the sampled
medium. Several advantages of the DGT technique are: 1) it collects about 30 metal ions in
waters aipHs from 4.7-6; 2) measured diffusion coefficients in the gel are close to those for
ions in water; 3) it is little affected by environment factors (pH, pressure, salinity,
temperature); 4) the diffusion gel resistance is about 10-15% and high sampling capacity (up
to months without overloading); 5) high sensitivity with LOD from 0.001-0.1 ug-L-1 per 24 h
[109]. Although the DGT sampler may provide a new tool for assessment of reactive metal
ions in water and be particularly relevant for integrative use with biological effects
measurements, no single method seems sufficiently developed to reach any firm conclusions.
More experience and information seems to be required.
A number of methods have been developed to measure bioavailable fractions of organic
contaminants. The magnitude of the rapidly desorbing fraction of PAIIs in sediment was
found to be a predictor of the extent of short-term bioremediation [110].
It was recently reported for 23 different organic compounds in 5 soils and 5 sediments
[111] that BSAF-values for two organisms varied over more than two orders of magnitude
(indicated by the dashed line in Tig. 8, derived from data in [111]) and that many of these
values were substantially less than the theoretical value (dotted line in Fig. 8). However, the
variation in BSAF-values was substantially reduced when the amount extracted from soils or
sediment by Tenax® in 6 h was used instead of the total solvent extractable amount for the
calculation of BSAF-values; the median BSAF-value was virtually equal to the theoretical
value. That is in line with expectations since (i) earlier it was shown that Tenax® extracts in 6
h about 50% of the fraction absorbed by sediments [112] and (ii) Kraaij et al. demonstrated
[113] that variation in BSAF-values can be explained by the variation in the fraction absorbed
by sediments
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Another approach for risk assessment is to measure the freely dissolved concentration in
interstitial or pore water and compare that result directly with the waterborne quality standard.
Furthermore, the concentration in the freely dissolved phase resulting from e.g. equilibrium
partitioning is an indicator for the potential of a sediment to contaminate the surroundmg
aqueous environment. Kraaij et al. also demonstrated [113] that in the presence of sediment
equilibrium concentrations in organisms can be predicted from freely dissolved
concentrations in water, determined by solid phase micro-extraction (SPME) and theoretical
bioconcentration factors for accumulation into organisms from water. On a soil or sediment
organic carbon content basis, partition coefficients for absorption hardly vary. Therefore,
there is conceptually no difference between estimating equilibrium concentrations in
organisms from either freely dissolved concentrations in water or the amount absorbed in
sediment or soil. Furthermore, Morrison et al found [114] that concentrations of DDT, DDE,
and DDD in Eisenia foetida taken up from a soil correlated with the amount taken up by
Tenax® resin in 14-16 h.
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5. USE OF BIOAVAILABILITY DATA IN ASSESSMENT OF THE RISKS OF
CONTAMINANTS IN SEDIMENTS
In many cases, sediment quality standards are derived from water quality standards by
multiplying the latter with a sediment-water partition coefficient. Usually, these partition
coefficients are for the process of absorption, not adsorption. Therefore, for an assessment
based on sediment quality standards and correcting for reduced bioavailability, the
concentration in sediment extracted by Tenax® in 6 h multiplied by 2 can be compared with
these sediment quality standards. Alternatively, freely dissolved concentrations in sediment
(or soil) pore water, can be compared to water quality standards. A word of warning seems to
be in place. In some countries, water quality standards have been derived for water including
a normalized concentration of suspended matter. In suspended matter, sorption may be
predominantly by non-linear adsorption because it has been shown for a recently deposited
sediment that organic contaminants were predominantly sorbed in the very slowly desorbing
domain [115]. The application of those water quality standards to total concentrations in water
will ignore the reduced bioavailability of compounds associated with suspended matter and
will, hence, overestimate risks of contamination. Furthermore, those water quality standards
should not be used for the comparison with freely dissolved concentrations in pore water.
For the assessment of sediment contamination, bioassays are also occasionally employed.
Some of these bioassays involve solvent extraction of organic contaminants from sediment.
To account for reduced bioavailability, extraction by Tenax® seems to be a better choice.
Measured bioavailable concentrations in sediment give information on environmental
risks of contamination levels only at the time and place of sampling, because bioavailable
concentrations may change in time if the environmental conditions change. At present, it is
not yet possible to quantitatively predict these changes. These changes may be induced by
changes in the type and concentration of natural organic compounds competing for adsorption
sites. Natural organic compounds that may compete for adsorption sites are, for instance,
methane, humic and fulvic compounds, low molecular weight aliphatic and aromatic
carboxylic acids. For example, application of sediment to soil may substantially alter the
environmental conditions of the sediment. Production of methane may then cease, and,
methane initially present may disappear. As a result, competition for adsorption sites by
methane may decrease leading to decreased bioavailability in time. On the other hand, it
cannot be excluded that concentrations of other competing natural organic compounds in
sediment-amended soil may be higher than in the original sediment, due to their production in
the root zone, for instance. Competition due to the occurrence of high concentrations of these
natural organic compounds may counteract the decrease in bioavailability by decreasing
methane production. Therefore, for the environmental risk assessment of sediments to be
removed from the waterbed, research on the quantification of adsorption competition by
natural organic compounds is needed to eventually design techniques and models for the
prediction of the influence of changing environmental conditions on bioavailability.
Furthermore, the understanding of adsorption competition is instrumental in designing
amendment techniques for in situ reduction of organic contaminant bioavailability in
sediments after removal from the waterbed.
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6. CONCLUSIONS
Recent research has lead to increased insight into the mechanisms of sorption of
contaminants, both metals and hydrophobic organic contaminants, and their consequences for
the bioavailability of these contaminants. The combination of the SEM-AVS approach with
the biotic ligand model is a promising method to relate concentrations of metals at the site of
toxic action with the bioavailable concentrations in porewater and sediment. Long-term field
studies have demonstrated that these approaches are suitable for evaluating and predicting the
effect-based bioavailability of metals in sediments
Desorption of hydrophobic organic compounds from sediment can be described on the
basis of three distinct kinetic steps which appear to be related to two domains of sediment
organic matter. One of these domains, amorphous organic matter, such as humic and fulvic
substances and lignin, sorbs HOCs linearly with rapid desorption kinetics. In contrast, the
slowly and very slowly desorbing factions of HOCs appear to be related to non-linear sorption
to condensed organic matter, such as coal, soot and kerogen. Because of its non-linear nature,
sorption to condensed organic matter is particularly important at low aqueous concentrations
of the contaminants. Sorption to soot and other forms of black carbon is particularly strong for
planar compounds such as PAHs.
Based on observations with different organisms and both spiked and field-contaminated
sediments, the bioavailability of HOCs for accumulation in sediment organisms appears to
correlate well with the linearly sorbed, rapidly desorbing fraction. Similarly, the
bioavailability of sorbed HOCs for microbial degradation also seems to be restricted to the
linearly sorbed fraction. However, microbial mechanisms to enhance uptake of substrates,
such as chemotaxis and adhesion may lead to degradation rates higher than those predicted
from desorption rates. Whether these mechanisms can influence the bioavailability of the
nonlinearly sorbed HOCs remains to be seen.
Over the last few years, a number of biomimetic methods have been developed that
mimic the way that organism take up contaminants from sediment and sediment pore water.
Some of these methods, such as negligible-depletion SPME and Tenax®-based desorption
have been used successfully to predict accumulation and degradation of HOCs in sediments in
pilot studies. Comparable methods for metals use ion exchange resins and the DGTs. These
methods seem to be very promising for application in assessments of the risks and impact of
sediment contamination.
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1. INTRODUCTION
Because of their high potential for accumulation of contaminants, sediments are
particularly sensitive to anthropogenic impacts. Ignoring their special character as sink and
source of contaminants can lead to wrong conclusions concerning the status already reached.
The presence of contaminated sediments might be one of obstacles to achieving "good
ecological status" for a waterbody. Therefore, sediment monitoring play an important part in
the assessment of impacts on environmental quality and it is aimed to assess compliance with
the no deterioration objective of the Water Framework Directive (WFD) and to assess the
long term impacts of anthropogenic activity.
The selection of target compounds to be monitored in sediments is generally based on: (1)
persistence; (2) bioaecumulation/adsorption; (3) relevance at the large scale (river basin); (4)
high fluxes (tendency to increase concentrations/fluxes on the long term basis) and (5)
ecotoxicity. The primary criterion for the selection of compounds to be monitored in
sediments is their physico-chemical preference for the solid phase. The trigger for monitoring
and deriving a sediment Environmental Quality Standards (EQS) is a sediment-water partition
coefficient (log Kp) > 3 for organic substances or metals. However, Kp values are rather
difficult to generate empirically so log Kow (octanol-water coefficient), which is a good
predictor of the partition coefficient of the contaminant in the organic fraction of the sediment
(Koc) is likely to be a standard default for organic contaminants. As a rule of thumb,
compounds with a log Kow > 5 should preferably be measured in sediments, while
compounds with a log Kow < 3 should preferably be measured in water. For compounds with
a log Kow of 3 to 5 the sediment matrix is optional and will depend on the degree of
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contamination. However, for metals there is no real analogue of Kow, so the simplest
approach is to include the rather limited number of metals that will be of concern for
toxicological reasons (e.g. cadmium, chromium, mercury, copper, nickel, lead, silver and
zinc) [1].
Generally, environmental contaminants monitored in sediments and suspended matter fall
broadly into two groups:
1. The first group includes contaminants listed in the list of priority compounds of the Water
Framework Directive (WFD), which have long been recognized as posing risks to human
health, due to their acute toxicity, carcinogenic, or mutagenic effects and their persistence
in the environment (i.e. persistent organic pollutants, POPs). Some of the priority
compounds are relatively new on regulatory lists and evidence regarding their unforeseen
adverse health effects and occurrence in the environment are still emerging. There are
currently 33 priority substances (2455/2001/EC) for which sediment EQS are required
under the WFD. Additionally, 8 other hazardous substances are covered by the daughter
directives of the Dangerous Substances Directive 86/280/EC and 76/464/EEC (i.e. DDT,
aldrin, dieldrin, endrin, isodrin, trichlorethylene, perchlorethylene tetrachloroetbylene and
carbon tetrachloride) (Table 1).
Table 1
List of 33 priority pollutants of the EU Water Framework Directive (2455/2001/EC) + 8
substances covered by the daughter directives 86/280/EC and 76/464/EEC
Priority substance

CAS number

Alachlor
Anthracene
Atrazine
Benzene
Brominated diphenylethersb
Cadmium and its compounds
Cio-i3-chloroalkanes
Chlorfenvinphos
Chlorpyrifos
1,2-Dichloroethane
Dichloromethane
Di(2-ethylhexyl)phthalate (DEHP)
Diuron
Endosulfan (alpha-endosulfan)
Hexachlorobenzene

15972-60-8
120-12-7
1912-24-9
71-43-2
Not applicable
7440-43-9
85535-84-8
470-90-6
2921-88-2
107-06-2
75-09-2
117-81-7
330-54-1
115-29-7(959-98-8)
118-74-1

Monitoring in sediments"
O- optional matrix
P- preferred matrix
P
O
P
O

o
o
o
p
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Table 1 (continuation)
Priority substance
Hexachlorobutadiene
Hexachlorocyclobexane (gammaisomer, Lindane)
Isoproturon
Lead and its compounds
Mercury and its compounds
Naphthalene
Nickel and its compounds
Nonylphenols(4-(para)-nonylphenol)
Octylphenols (para-tert-octylphenol)
Pentachlorobenzene
Pentachlorophenol
Polyaromatic hydrocarbons
(Benzo(a)pyrene)
(Benzo(b)fluoroanthene)
(Benzo(g,h,i)perylene)
(Benzo(k)fluoroanthene)
(Indeno( 1,2,3 -cd)pyrene)
Simazine
Tributyltin compounds
(Tributyltin-cation)
Trichlorobenzenes (1,2,4Trichlorobenzene)
Trichloromethane (Chloroform)
Trifluralin
DDT (including DDE and DDD)
Aldrin
Dieldrin
Endrin
Isodrin
Trichloroethylene
Tetrachloromethylene
Tetrachloroethylene

CAS number
87-68-3
608-73-1 (58-89-9)

Monitoring in sediments9
O
O

34123-59-6
7439-92-1
7439.97.6
91-20-3
7440-02-0
25154-52-3 (104-40-5)
1806-26-4 (140-66-9)
608-93-5
87-86-5
Not applicable
50-32-8
205-99-2
191-24-2
207-08-9
193-39-5
122-34-9
688-73-3 (36643-28-4)

pc

12002-48-1 (120-82-1)

-

67-66-3
1582-09-8
50-29-3
309-00-2
60-57-1
72-20-8
465-73-6
79-01-6
56-23-5
127-18-4

-

o
o
o
o
o
o
o
p

o
p
p
p
p
p
-

o
p

o
o
o
o
-

" according to the Expert Advisory Group on Analysis and Monitoring of Priority Substances (AMPS)
of the DG Environment [2]
b
including bis(pentabromophenyl)ether, octabromo derivate and pentabromo derivate
c
marine environment
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The WFD requires that EQS should be established for sediment, as well as for biota. It is
important to note that although EQS are to be established for all substances in water, certain
particularly hydrophobie substances may not be found in the liquid phase at significant
concentrations. Given this, the appropriateness of monitoring of a substance in sediment and
suspended matter should be carefully taken into account.
Based on the rule of thumb mentioned above, monitoring in sediments is preferred for 12
out of the 41 priority substances and is optional for a further 21 substances. For example,
HCB (hexachlorobenzene) should preferably not be monitored in water but in sediment,
because of its preference to adsorb to sediment particles (to organic carbon in particular).
Atrazine, on the other hand, should be monitored in water and not in sediment, because of its
high water solubility.
1. The second group includes unregulated contaminants, which may be candidates for future
regulation depending on research on their potential health effects and monitoring data
regarding their occurrence. A wide range of man-made chemicals designed for use in
industry, agriculture and consumer goods and chemicals unintentionally formed or
produced as by-products of industrial processes or combustion are potentially of
environmental concern. Beside recognized pollutants, numerous new chemicals are
synthesized each year and released into environment with unforeseen consequences.
Examples of compounds that have emerged recently as particularly relevant are listed in
Table 2. This group is mainly composed of products used in everyday life, such as
surfactants and surfactant residues, Pharmaceuticals and personal care products, gasoline
additives, fire retardants, plasticizers, etc. The characteristic of these group contaminants
is that they do not need to be persistent in the environment to cause negative effect since
their high transformation/removal rates can be compensated by their continuous
introduction into environment.
Among all emerging contaminants pharmaceutically active substances are a group of
compounds of particular interest that until recently have been exposed to the environment
with very little attention. The reason why these substances are interesting as environmental
contaminants is that they are developed with the intention of performing a biological effect
and they often have the same type of physico-chemical behaviour as other harmful
xenobiotics (persistence in order to avoid the substance to be inactive before having a curing
effect, and lipophilicity in order to be able to pass membranes) [3]. Among human
Pharmaceuticals Jones et al [4] identified several drugs amongst the top 25 prescribed in the
UK with log Kow > 3 that may enter the environment at high volumes, particularly through
sewage treatment plants (STP) effluents. These include ibuprofen, sulphasalzine, naproxen,
erythromycin, quinine sulphate, meneverine hydrochloride and mefenamic acid. Boxal et al.
[5] identified several veterinary drugs with the preference to bind to sediments including
fluoroquinolones/quinolones, maerolides, macrolide endectins, tetracyclines and synthetic
pyrethroids.

Chemical analysis
analysis of
of contaminants
contaminants in
in sediments
sediments
Chemical

Table 2
Non-regulated compound classes
Compound class
Pharmaceuticals
Veterinary and human antibiotics
Analgesics/antiinflamatory drugs
Psychiatric drugs
Blood-lipid regulating agents
P-blockers
X-ray contrast agents
Steroids and hormones
(contraceptives)
Personal care products
Fragrances
Sun-screen agents
Insect repellents
Antiseptics
Surfactants and surfactant
metabolites
Flame retardants

Industrial additives and agents
Gasoline additives
Disinfection by-products

Examples
Penicillins, tetracyclines, sulfonamides, macrolides,
fluoroquinolones
Ibuprofen, diclofenac, naproxen, acetaminophen,
acetylsalicylie acid, fenoprofen
Diazepam, carbamazepine
Bezafibrate, clofibric acid, fenofibric acid,
atorvastatin, simavastatin
Metoprolol, propranolol, timolol,
Iopromide, iopamidol, diatrizoate
P-Estradiol, estrone, estriol, ethynyl estradiol, DES

Nitro, polycyclic and macrocyclic musks,
Benzophenone, methylbenzylidene, camphor
N,N-diethyltoluamide
Triclosan, Chlorophene
Alkylphenol ethoxylates, alkylphenol carboxylates
and dicarboxylates
Tetrabromo Msphenol A, hexabromocyclododecane
(HBCD)
Tris(2-chloroethyl)phosphate
Chelating agents (EDTA), benzene and naphthalene
sulfonates
Dialkyl ethers, Methyl-?-butyl ether (MTBE) and
related compounds
Iodo-THMs, bromoacids, bromoacetonitriles,
bromoaldehydes, cyanoformaldehyde, bromate,
NDMA
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2. ANALYSIS OF TARGET POLLUTANTS

Table 3. lists a summary of standardised analytical methods available for the analysis of
WFD priority substances (including substances covered by the daughter directives 86/280/EC
and 76/464/EEC) in different environmental matrices. As it can be seen standardized
analytical methods are not availably for all the priority substances likely to be found in
sediment. For certain contaminant groups a unambiguous description of the substances is still
missing (e.g. the selection of congeners of brominated diphenyl ethers, the quantification of
alkylated phenols) and for short chain chlorinated paraffins analytical procedure is still in
development and the need for harmonisation is clearly recognized by the research community
and the policy makers.
The use of standardised methods is recommended, because these methods are well
established and have often been subjected to collaborative trials to give an illustration of their
interlaboratory comparability and applicability. However, their weaknesses are that they often
do not represent the current state of the art.
This chapter attempts to survey current state-of-the-art in the application of modern
analytical techniques in analysis of sediments. It gives, in addition to an overview of standard
methods, the overview of analytical methodology papers from the scientific literature, where
more recently developed methods have been reported. Although these may not be
accompanied by full performance data or have not been independently validated, they can
give an idea of the most current developments to indicate the options for more formal method
characterisation. However, the research in the field of environmental analysis is very active
and results in huge number of papers published every year. Since, it is impossible for a single
chapter to be comprehensive in a coverage of all analytes of interest we focused our attention
on recent trends in the analysis of several important classes of priority and emerging
contaminants in sediments.

Available standard method
Standard (year)

US EPA 8100
ISO WD 22032 (2)
UK - Chemical Strategy Method (03)

Matrix

ET-AAS
Voltametry
ICP-MS
ICP-AES
ET-AAS

GC/FID
GC/MS
GC-NCI-MS or HPLC-APCIMS

Water
Water
Water
Water
Water

Water
Water
Water
Water
Water

[S,W]

[D,G,S]
[D,G,S,W]
[D,G,S,W]
[D,G,S,W], Sediment

Water
Sludge, Sediment
Water [S,W], Sludge,
Sediment

[D,G,S,W]

[D,G,S,W]
[G,S,W]

ICP-MS
ICP-MS
GC
TLC, AMD-Technique
GC-MS

TLC, AMD-Technique
ISO 11370 2000 (95)
Water
US EPA 505 (91)
GC/ECD (MS for confirmation) Water (D,G,S)
ISO 17993:2002orUK-No.6.1 see PAH's

Principle

Chemical analysis of contaminants in sediments
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Table 3
Standard methods available for WFD priority substances (including substances covered by the daughter directives 86/280/EC and
76/464/EEC) that should be monitored in sediment as preferential or optional matrix (according to AMPS - see Table 1)

Priority Substance

Alachlor
Anthracene
Brominated diphenylethers
(bis(pentabromophenyl)ether,
octabromo derivates and
pentabromo derivates)

Cadmium and its compounds EN ISO 5961 (95)
DIN 38406-16 (90)
ISO/DIS 17294-2(02)
EN ISO 11885 (98)
ISO DIS 15586'(01)

C10-13 -chloroalkanes
Chlorfenvinpho s

UK-PEE001(02)
UK - PEE004 (02)
no Standard available
DIN EN 12918 (99)
ISO 11370 2000(95)
UK - SX007 (03)

I

ON
-J

Table 3. Continuation
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Priority Substance

Chlorpyrifos
(-ethyl, -methyl)
Di(2-ethylhexyl)phthalate
(DEHP)
Endosulfan

Fluoranthene
Hexachlorobenzene

Hexachlorobutadiene
Hexachlorocyclohexane
gamma-HCH (Lindane)
Isoproturon

GC
GC-MS
GC/MS
GC-MS
GC/ECD
LVI-GC-MS
GC/ECD

Principle

Water, Soil, Sludge
Water [D,G,S,W]
Water, Soil, Sludge
Water [S,W]
Water [D,G,S]
Water [D,G,S,W]
Water [S,W]
Water [D,G,S,W]
Water [S,W]
Water [D,G,S,W]
Water [S,W]
Water [D,G]
Water [S]

Water [D,G,S,W]
Water [S,W]
Water [D,G,S,W]
Sediment
Water [D,G,S,W]
Water [S,W]
Water, Soil, Sludge

Matrix

M. Petrovic et al.

Standard (year)

GC/MS
GC/ECD
GC/ECD
LVI-GC-MS
GC/ECD (MS for conf.)
GC or Headspace-GC-ECD
LVI-GC-MS
GC/ECD
LVI-GC-MS
GC/ECD
LVI-GC-MS
HPLC/UV
HPLC-DAD

Available standard method

DIN EN 12918 (99)
UK-SX007(03)
ISODIS 18856(02)
UK - Chemical Strategy Method (03)
EN ISO 6468 (97)
UK-SX028(01)
US EPA 8081
ISO 17993: 2002 or UK -No.6.1 see PAH's
US EPA 8270
EN ISO 6468 (97)
US EPA 8081
UK-SX028(01)
US EPA 505 (91)
EN ISO 10301 (97)
UK-SX028(01)
EN ISO 6468 (97)
UK-SX028(01)
EN ISO 6468 (97)
UK-SX028(01)
EN ISO 11369 (97)
UK - SX009 (03)

O\
00

-^
§
|

Water

Matrix

g
|
|
si|

£
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Water, Soil, Sludge
Water [D,G,S]
Water [D,G,S,W]
Water [D,G,S,W]
Water [D,G,S,W]
Water [D,G,S,W], Sediment

Table 3. Continuation

Standard (year)

Available standard method

ET-AAS
flame AAS
ET-AAS
Voltametry
ICP-MS
ICP-AES
ICP-MS
ET-AAS
Water [D,G,S,W]
Water [D,G,S,W]
Water [D,G,S,W]
Water

Chemical analysis of contaminants in sediments

Priority Substance

Cold Vapour-AAS
CV-AAS with Amalgamation
AFS
Atomic fluor. spectrometry
Water [D,G,S,W]

Nickel and its compounds

<*

^

|

o

^

Lead and its compounds

DIN 38406-6 (98)
ISO 8288
US EPA 7421
DIN 38406-16 (90)
ISO/DIS 17294-2(02)
EN ISO 11885 (98)
UK-PEE001(02)
ISO DIS 15586 ' (01)

Purge/Trap + Therm. Desorp.

Water [S,W]
Water, Soil, Sludge
Water
Water, Soil, Sludge
Water [D,G,S]
Water [D,G,S,W]
Water [D,G,S,W]
Water [D,G,S,W], Sediment

a

Mercury and its compounds

EN 1483 (97)
EN 12338 (98)
UK - PS002 (03)
EN 13506 (01)
ISO 17993: 2002 or UK - No.6.1 see PAH's
Draft ISO 15680 '(01)
P&T-GC-MS
GC/MS
ET-AAS
ET-AAS
Voltametry
ICP-MS
ICP-AES
ET-AAS

Naphthalene
UK-SX022(03)
US EPA 8270
DIN 38406-11 (91)
US EPA 7521
DIN 38406-16 (90)
ISO/DIS 17294-2(02)
EN ISO 11885 (98)
ISO DIS 15586 '(01)
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Priority Substance

Nonylphenols
Octylphenols
Pentachlorobenzene

Pentachlorophenol

PAH's

Benzo (a)pyrene
Benzo (b)fluoroanthene
Benzo(g, h, i)perylene
Benzo(k)fluoroanthene
Indeno (I,2,3-cd) -pyrene

Available standard method
Standard (year)
ISO CD 18857-1 (01)
Swedish EPA Report 3829-1990
ISO CD 18857-1 (01)
EN ISO 6468 (97)
UK-SX028(01)
US EPA 8081
EN 12673 (99)
UK-SX011(02)
ISO 8165-2 (99)
ISO 17993:2002
UK-No. 6.1(02)
US EPA 8270
DIN 38414-23 (02)
XP X33-012 (00)
ISO 17993:2002orUK-No.6.1
ISO 17993:2002orUK-No.6.1
ISO 17993: 2002 or UK-No.6.1
ISO 17993:2002orUK-No.6.1
ISO 17993: 2002 or UK-No.6.1
see PAH's
see PAH's
see PAH's
see PAH's
see PAH's

Matrix
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Principle

Water [D,G,S,W]
Water [D,G,S,W]
Water [S,W]
Water, Soil, Sludge
Water [D,G,S,W]
Water [G,S,W]
Water
Water [D,G,S]
Water [D,S,W]
Water, Soil, Sludge
Sludge, Sediment
Sludge
Water [D,G,S]
Water [D,G,S]
Water [D,G,S]
Water [D,G,S]
Water [D,G,S]

Water [D,G,S,W]

GC/MS
GC/ECD
GC/MS
GC/ECD
LVI-GC-MS
GC/ECD
GC/ECD/MS after Deriv.
GC-NCI-MS
GC/ECD after Deriv.
HPLC/Fluo
HPLC/Fluo
GC/MS
HPLC/Fluo
HPLC/UV or GC/MS
HPLC/Fluo
HPLC/Fluo
HPLC/Fluo
HPLC/Fluo
HPLC/Fluo

-J

o

Table 3. Continuation

Available standard method

Chemical analysis of contaminants in sediments

Priority Substance
Standard (year)
Tributyltin compounds
ISO/DIS 17353
WD DIN 38414-XX
NF T 90-250 (01)
UK-SX024(03)
ISO/AWI23161 (02)
EN ISO 10695: (00)
Trifluralin
UK-SX028(01)
ISO 11370 (00)
EN ISO 6468
DDT
EN ISO 6468
Aldrin
UK-SX028(01)
EN ISO 6468
Endrin
UK-SX028(01)
UK-SX028(01)
Isodrin
EN ISO 6468
Dieldrin
UK-SX028(01)
Water: S- surface, W — waste, D - drinking, G — ground
EN = European Standard
ISO = International Standard
DIN = German Standard
DIN V = German Pre-standard
WD = Working Draft
1
Standard is part of CEN working program (2001-11)

Principle
Matrix
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GC/MS-FPD-AES

Water (D,G,S,W]
Sludge, Sediment
Sediment
Water [S,W]
Soil
Water [D,G,S,W]
Water [S,W]
Water
Water [D,G,S,W]
Water [D,G,S,W]
Water [S,W]
Water P,G,S,W]
Water [S,W]
Water [S,W]
Water [D,G,S,W]
Water [S,W]

GC
LVI-GC-MS
GC/MS
GC/MS; GC/ECD; GC/NPD
LVI-GC-MS
TLC, AMD-Technique
GC/ECD
GC/ECD
LVI-GC-MS
GC/ECD
LVI-GC-MS
LVI-GC-MS
GC/ECD
LVI-GC-MS
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3. ORGANIC COMPOUNDS
A number of analytical methodologies have been reported for the analysis of specific
classes of priority organic compounds and non-regulated contaminants in sediments and
several comprehensive reviews were recently published covering different analytical aspects
for PCBs [6,7], dioxins [7,8], organochlorine pesticides [6], PAHs [6], polybrominated
compounds [6,7,9-13], organotin compounds [14-16], alkylphenolic compounds [7,9,17,18],
Pharmaceuticals [19,20] and steroid sex hormones [7,21].
The monitoring of "conventional" priority pollutants, such as PAH, PCBs, DDT and its
metabolites, which have long been recognized as posing risks to human health, due to their
acute toxicity, carcinogenic, or mutagenic effects and their persistence in the environment,
follows long-established standards and certified methods developed by EPA and ISO are
available (see Table 3). However, these compounds continue to be studied and research is
oriented toward improvements of analytical methodology with the objective to lower
detection limits, increase sample throughput, minimize sample manipulation and increase
overall method efficiency in terms of selectivity and sensitivity. Another group of
contaminants are those recently included in the priority list of WFD, such as PBDE,
alkylphenols and chloroalkanes. For these compounds different methods, mainly based on
LC-MS or GC-MS are being developed, and further research is focused on the harmomzation
and standardization of protocols, improvements of existing methods and development of new,
more efficient protocols.
With respect to non-regulated or so-called "emerging" contaminants there is a growing
need for a systematic survey of these compounds in the environment, even if some of them
turn out not to be health threat. However, in some cases the lack of appropriate analytical
methods is an important obstacle for more intensive occurrence studies. The prerequisite for
proper risk assessment and monitoring of their presence in surface water (and sediment) is the
availability of a multiresidual analytical method that will permit measurement at the low (or
even below) ng/L or ng/kg level. However, the fact that these compounds are not on the
regulatory lists as environmental pollutants resulted in comparatively little attention received.
Consequently, analytical methodology for different groups of emerging contaminants is
evolving and the analysis of this group of contaminants requires further improvements in
terms of sensitivity and selectivity.
An overview of the analytical methods used to determine selected organic pollutants in
sediments is shown in Table 4,
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Ref

^>

Table 4
Examples of representative extraction, clean-up and detection methods used for quantitative determination of selected groups of organic
pollutants in sediments
Detection

L 1

5

jH

Solvent

I

Extract clean-up

Extraction method

[22]

Target analytes

SFE

1

Polychlorinated and
pofybrominated compounds
PCDDs/PCDFs

[23]

PLE

GC-HRMS
Dual column GCECD

PCBs

[24]

Soxhlet

GC-HRMS

PBDEs

Not required

[27]

[25]

CO2

Hexane:DCM(l:l)

GC-ECD

[28]

[26]

Soxhlet

Florisil

GC-ECD

[29]

GC-NCI-MS

SFE

Silica gel

GC-MS

GC-MS

PBDEs

No clean up

Gf-prn

nm

F1 " "1
onsi

Not required
CO2
Modified silica
Acetone:hexane (1:1) column
Modified silicaToluene
Florisil and Active
Carbon columns
SPE-Alumina

PBDEs
Pesticides
Hexane:DCM(l:l
Chlorinated pesticides
Soxhlet
v/v)
Hexane, DCM, light
LLE, Soxhlet, MAE
Chlorinated pesticides
petroleum
gamma-HCH, 4,4'-DDE, 4,4'MAE and steam
DDD
distillation techniques
5 pyrethroid, 20 organochlorine,
aeetone-methylene
ij M lllwiaLlUil
1 organophosphate pesticides
chloride (1:1 v/v)
glyphosate and AMPA
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Target analytes
PAHs

Extraction method

Hexane:DCM

Cyclohexane

Solvent
silica gel

Extract clean-up

LC-UV-FL

GC-FID

Detection

[32]

[31]

Ref
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Sonication

[33]

Sonication
GC-FID, GC-MS

alumina, silica
HPLC, n-phase Nucleosil silica
column

[34]
[35]

GC-(EI)-MS

GC-(EI)-MS

[39]

[38]

[37]

[36]

GC-MS

GC-MS

GC-DC-PFPD,
GC-MS

MeOH:DCM

Gel permeation
chromatography
SPE

activated basic
alumina

-

_

Sonication

DCM

Organotin compounds
Sonication

LLE or sonication

Shaking

Phthalates
9PAE
Soxhlet

HC1 (pH=5 +/-0.5)
in-situ ethylation and
extraction to pentane
1 M HCl:methanol:
ethyl acetate;
extraction of OTs to
hexane, Et2O:hexane
(8:2) with tropolone,
pH = 4.5, next KOH

BBP, DBP, DEHP
Cyclohexane/ethyl
acetate
MeOH

DMP, DEP, DBP, BBP, DEHP, MAE
DOP

MeOH

CO2

Silica gel column

Hexane-acetone (6:4) SPE-CN
SPE-C18
DCM-MeOH(3:7)

Solvent

SEC

1. SPE-NH2
2. RP-HPLC
fractionation
Alumina column
GC-FID

LC-FL

LC-ESI-MS

GC-EI-MS

LC-ESI-MS
LC-ESI-MS

Detection

[47]
[48]

[46]

[45]

[43]
[44]

[42]

[40]
[41]

Ref
%
|

E?

I

O

*3

amu

APEO (nE0=l-3), APs

APEOs, APECs, APs,
halogenated derivatives

Chemical t

Extraction method

MeOH

LC-ESI-MS-MS

[49]
[50]
[51]
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Sonication
Sonication

DCM
SPE

LC-ESI-MS
LC-FL
GC-NCI-MS

[52]
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Soxhlet, or PLE

SFE + in-situ
acetylation
High-temperature
continuous flow
sonication
PLE

MeOH-acetone(l:l)

SPE-C18
SPE-C18
SPE-C8

LC-MS-MS

Extract clean-up

PLE

DCM-MeOH(3:7)
MeOH
MeOH

SPE-Oasis MCX

Target analytes

NP, NPEOs

Sonication
Soxhlet
Sonication

Acetone

Non-ionic surfactants
NPEOs(nEO=l-19),NP
APEOs, APECs, APs,
halogenated derivatives
OP,NPNPE,O,NPE2O

NP

Sonication

Ionic surfactants
LAS
LAS, SPC
LAS, DATS
Pharmaceuticals and sex
hormones
Antibiotics, Blood-lipidregulators, Antiphlogistics

ofo
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Extraction method

Extract clean-up

Detection
Ref
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Solvent

[57]

[55]
[56]

[53]

Mcllvaine buffer
[54]

Target analytes
LC-FAB-MS
LC-PB-MS
LC-ESI-MS

SPE, or on-line RAM LC-ESI-MS
GPC, silica gel
GC-Ion trap-MS-MS
column

SPE-BondElut
Certify LRC
SPE-C18

MeOH-acetone(l:l)
MeOH + acetone

MeOH-acetone(lrl)

Homogenization/
Tetracyclines, tylosin
Centrifugation
Natural and synthetic estrogens Sonication
and progestogens
Natural and synthetic estrogens PLE
Natural and synthetic estrogens Sonication

Not required
GC-Ion Trap MS

cyclohexane

Personal care products
Polycyclic musks
SDE (simultaneous
steamdistillatiorj/solvent
extraction)
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3.1. Sample pre-treatment for organic analysis
The majority of analytical methods used in sediment analysis have been developed for
(contaminated) soil. Therefore, it is common practice in routine laboratories to dry the
sediment samples and then to treat them in the same way as soil samples. Handling operations
of sediments include drying, sieving, grinding, mixing and homogenization. Typically for
drying of sediment samples air, oven and freeze drying respectively are used to prepare
sediment prior to chemical analysis (Table 5).
Table 5
Overview of sediment drying techniques [58]
Air drying
- may generate undesirable
changes in sediment
properties (changes in
availability and
complexatkm properties)
- used to avoid losses of
components with are
volatile at temp, above 5060oC

Oven drying
- usually carried out for the
determination of major and
trace inorganic
components
- not acceptable for volatile
or oxidizable components
- may contribute to the
alteration of non-volatile
organics

Freeze drying
- recommended for labile
components
- loss of volatile
components is minimized
- particles in dried sediment
remain dispersed
- aggregation of the particles
is minimized
- oxidation of inorganic
components and organic
compounds is minimized
- sterility is maintained

Dry sediment is subsequently ground and passed through a sieve (typically 63 urn) to
remove extraneous matters such as wood chips and grave and to reduce grain size. The
sieving will mostly reduce the fraction of the sediment that is largely chemically inert such as
coarse-grained, feldspar and carbonate minerals, and will increase the components active in
pollutant enrichment (i.e. hydrates, sulphides, amorphous and fine-grained organic materials).
Thus it is imperative to base chemical analysis on a standardized procedure with regard to
particle size. The fraction < 63 um has been recommended for the following reasons [58,59]:
- pollutants have been found to be present mainly in the < 63 \im fraction (clay/silt
particles)
fraction < 63 \xm is nearly equivalent to the part of sediment carried in suspension
sieving does not alter pollutant concentrations
comparison of results is allowed since numerous studies have already been performed
on the < 63 um fraction
After sieving, the homogenized powder is typically stored in brown glass bottles or
wrapped in an aluminium foil and kept at -20 °C until chemical analysis.
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3.2. Extraction and clean-up
While standardized extraction schemes for metals and phosphorus in sediments were
developed under the auspices of the Community Bureau of Reference (BCR) and the Institute
for Reference Material and Measuring (IRMM), and Certified Reference Materials (CRM) are
commercially available, for organic micro-contaminants the harmonization of various
extraction and analysis schemes and comparison of data obtained by different laboratories is
still not completed and no standards are adopted.
Usually, the nature and amounts of organic contaminants in sediments are determined by
an exhaustive extraction of the target compounds into an appropriate solvent and subsequent
analysis of so-obtained extracts. This approach generally apply liquid (solvent, or gas)
extraction techniques, such as Soxhlet extraction, sonication, microwave assisted extraction
(MAE), pressurized liquid extraction (PLE) and supercritical fluid extraction (SFE) [60],
Methods based on solid-phase extraction (e.g. head-space SPME) are also developed for
volatile and semi-volatile compounds. Advantages and drawback of each technique are
summarized in Table 6.
The general problem in analysis of sediment samples is that the extract obtained by
exhaustive extraction techniques typically contains a large number of matrix components,
which may disturb the quantitative analysis. Typically, a substantial amount of interfering
substances is found in crude extracts and subsequent clean up and fractionation are
indispensable. Often, multi-step clean up procedure is necessary to enable the separation and
detection of trace levels of organic contaminants. However, the multiplicity of operations
always poses a greater risk of contamination of the sample with artefacts.
The are several approaches for extract clean up: (i) solid-liquid adsorption
chromatography using long open columns packed with different adsorbents (Florisil,
Alumina, different types of carbon, etc.); (ii) off-line solid-phase extraction (SPE) on
disposable cartridges packed with Cig, NH2 or CN modified silica or graphitized carbon; (iii)
analytical or semi-preparative HPLC, using normal or modified silica; (iv) gel permeation
chromatography (GPC) and (v) thin layer chromatography (TLC).
One of the matrix components that may falsify the results are lipids, which co-elute with
the analytes during chromatographic analysis. Some other, non-organic components of the
extract also should be eliminated, such as elemental sulphur, in order to protect the column.
Clean-up procedures employed to remove lipids depend on the composition of extract,
but amongst the most popular methods we may mention reaction with sulphuric acid, which is
a rapid and easy method, but often destroying structure of analysed compounds. Similarly,
saponification using alkaline methanol solution can also decompose chlorinated compounds.
Less destructive, though not so efficient due to not quantitative re-adsorption, is gel
chromatography or chromatography on charcoal. To remove elemental sulphur generally
copper is used in different grain-size forms. Sometimes mercury was used, but it is not a
recommended method.
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- inexpensive equipment
- easy to handle and to
optimize
- fast extraction
- moderate solvent
consumption (20 - 100
ml)

Sonication
able to solvate a wide
range of organic
compounds
rapid extraction
low solvent
requirements (low
toxicity and low costs)
mild extraction
conditions reduce the
risk of thermal
degradation

SFE*

• high investment cost of
the commercialized
systems
• elevated temperatures
may degrade
thermolabile analytes

• simple optimization
procedure (easy to
transfer an existing
Soxhlet or sonication
method)
• fast extraction
• low solvent
consumption (20-30 ml)
• no filtration required
• high level of automation
• easy to use

PLE

- requires further
filtration of the extracts
• solvent must absorb
microwaves (unless
water is present in the
matrix)
• inhomogeneity of the
field inside the cavity

• several extractions can
be performed
simultaneously (up to
12)
• high level of automation
• fast extraction (cca 1030 min)
• low solvent
consumption (10-70 ml)
• moderate investment

MAE
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filtration or/and
centrifugation required
depending on matrix
needs repeated
extractions to achieve
good recovery
not automatable

not suitable for polar
organic solutes
possible losses upon
trapping of the analytes
fastidious optimization
procedures
high cost of equipment
problems for matrices
with a high water
content

Table 6
Comparison of methods for extraction of organic pollutants from solid samples
Soxhlet
easy to handle
inexpensive equipment
no filtration required
high matrix capacity

using supercritical CO2

Drawbacks
- demands large volumes
of highly purified
solvents (up to 200 ml)
- high costs of purchase
and disposal of solvents
- long extraction times
(up to 48 h)
- generates dirty extracts
- not automatable

-

Advantages

:
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3.3. Instrumental analysis
Due to the chemical diversity of organic compounds present in sediment the range of
instrumental techniques applicable to their analysis is also very wide. Gas chromatography
(GC) with different detectors like mass spectrometric (MS) or electron capture detector
(ECD) and liquid chromatography (LC) with diode-array detector (DAD) and fluorescence
(FL) detectors are widely used in such analyses, however within modern analytical techniques
applicable to trace analysis, GC and LC combined with MS and tandem MS, respectively,
play a pivotal role providing sufficient selectivity and inherent sensitivity in the analysis of
complex environmental matrices. Most of the analytical procedures developed for
environmental determination of priority compounds and emerging contaminants have been
designed for the analysis of single particular classes of compounds, while limited number of
multi-residue methods in which different compound classes can be determined in a single
analysis is reported.
In the last decades, especially impressive progress was made in the application of LC-MS
and LC-MS-MS. Interface designs have changed considerably and have become much more
sophisticated and efficient. The development of atmospheric pressure ionisation (API)
technologies overcame the limitations as poor structural information or sensitivity seen with
termospray (TSP) or particle-beam (PB), respectively. API is used as a generic term for soft
ionization obtained by different interface/ionization types, such as atmospheric pressure
chemical ionisation (APCI) and electrospray (ESI) that operate under atmospheric pressure
conditions. ESI is particularly well suited for the analysis of polar compounds, whereas APCI
is very effective in the analysis of medium- and low-polarity substances. Additionally, these
have been interfaced with a variety of mass analysers, including single and triple quadrupole
(QqQ), ion trap IT), orthogonal-acceleration time-of-flight (oaTOF) and quadrupole time-offlight (Q-TOF) instruments, thus offering a wide range of possibilities for target analysis, as
well as for the identification of new contaminants and metabolites.
Another technique that proved its usefulness in the analysis of complex samples is
comprehensive two-dimensional gas chromatography (GC x GC). The technique has been
developed to increase the peak capacity of the chromatographic separation process, by
coupling two independent GC columns using an interface called a "modulator". The most
obvious advantage of GCxGC is the large peak capacity. Because retentions in the two
dimensions are almost independent, the peak capacity that can be achieved is close to the
product of the peak capacities of the two individual columns [61]. Another advantage of
GCxGC system is the increase of signal to noise ratios, which leads to an improvement in
detection limit. Finally, all peaks in the chromatogram are described by two time co-ordinates,
which make the identification more reliable.
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3.3.1. Polychlorinated persistent pollutants (dioxins, furam, PCB andPCN)
Polychlonnated dibenzo-ju-dioxins (PCDDs), polychlorinated dibenzofurans (PCDFs) and
polychlorinated biphenyls (PCBs) constitute a class of ubiquitous pollutants with aromatic
structure, high chemical stability and extremely poor water solubility. Soils and sediments are
the main abiotic reservoirs where PCDDs, PCDFs and PCBs from different emission sources
are accumulated and the contamination of sediments may pose an unacceptable risk to aquatic
organisms, which tend to bioaccumulate these lipophilic compounds and subsequently to
wildlife and humans through the kigestion of contaminated fish and shellfish [62].
In order to assess the quality of freshwater and coastal sediments, quality objectives for
PCDDs and PCDFs have been formulated. Of the eight approaches available, the tissue
residue-based (TRB) is the most commonly used. This method involves establishing a safe
chemical concentration in sediment which results in an acceptable tissue residue in biota. A
NOEC (no observed effect concentration) of 200 pg I-TEQ/g dry weight (d.w.) in sediment
was derived, but when chronic toxicity data are scarce a safety factor of 10 is applied, which
resulted in a safe sediment value of 20 pg I-TEQ/g d.w. [63]. Empirically derived sediment
quality guidelines (SQGs) were developed on the basis of the associations observed between
measures of adverse biological effects and the concentrations of potentially toxic substances
in sediments. One set of SQGs developed includes the effects range low (ERL) and effects
range median (ERM) values. The ERL value is known to be a concentration which has no
harmful effect on biota. An ERL value of 50 ng/g d.w. was established for total PCBs in
sediments [64].
Analytical methodologies are especially difficult due to the complexity of the mixtures of
congeners; 75 PCDDs, 135 PCDFs, 209 PCBs, 75 PCNs, etc. The different toxicity of each
congener requires the development of congener specific methods. Overcoming all these
analytical problems has only been possible with the application of rigorous cleanup schemes
and by using GC-MS. The cleanup steps provide a suitable removal of the bulk matrix and
some interfering compounds; the GC allows an appropriate separation between the different
congeners, and MS affords a sensitive and selective method of detection.
The method of choice for the determination of many halogenated contaminants is GC
because the volatility of these compounds allows a GC determination. The development of
capillary columns in GC enables congener-specific determination of a number of these
mixtures. The isomer specific elution pattern of PCDDs and PCDFs is well established for
such widely used columns as DB-5/DB-5ms (methyl, 5% phenyl polysiloxane), DB-Dioxin
(44% methyl, 28% phenyl, 20% cyanopropyl polysiloxane with 8% polyoxyethylene), Sil
88/SP 2331 (100% cyanopropyl-polysiloxane) [65-67]. Analogous studies have been reported
on the chromatographic separation of PCB congeners using different columns such as DB-5
[68] or SGE HT8 [69]. More and more scientists have become aware of the limitations of
single-column capillary GC for the determination of these POPs. The chromatographic
separation of the toxic isomers from all the non toxic ones requires the use of at least two
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columns with different composition and polarity. Injection on two different columns is
recommended for an unambiguous determination.
Recent studies examined the potential of GCxGC for the qualitative analysis and
characterization of complex mixtures of halogenated contaminants, such as PCBs, with
emphasis on the non- and mono-ortho PCB congeners [70,71]. Focant el al. [72] optimized a
GCxGC methodology for the determination of PCBs, PBBs and PBDEs. Using this technique,
they solve most of the potential co-elution problems that can arise during the simultaneous
analysis of several classes of halogenated POPs.
The complexity of dioxin and related compound analyses require a comprehensive
approach for their quantitative determination in environmental samples. Moreover, it is well
known that concentrations of dioxins in environmental samples [73,74] are decreasing. This
temporal trend reflects a general decline in dioxin inputs to the environment owing to tighter
controls. The safe values established in different directives and recommendations are more
and more restrictive, thus analytical methodologies must be able to achieve the low detection
limits now required.
The dioxin and dioxin-like PCB analyses involve detection of multiple congeners at the
ppt or ppq level for which isotope dilution techniques using GC- high resolution mass
spectrometry (HRMS) are currently recommended methods (EN Method 1948, US EPA
Method 1613, US EPA Method 8290, US EPA Method 1668) [75-77]. HRMS was used
operating in the electron ionization (El) mode at a resolving power of 10000. Under these
conditions, different ions (isotopic labelled included) were monitored in selected ion
monitoring (SIM) mode. Two characteristic ions of the molecular cluster were selected for
each of the congener groups from tetra- to octa-PCDD and PCDF, or from tetra- to heptaPCB. Identification of analytes was based on the following restrictive criteria: (i) retention
times of chromatographic peaks must be within the appropriate chromatographic windows;
(ii) simultaneous responses for the two masses monitored must be obtained; (iii) signal to
noise ratios must be greater than 3; and (iv) relative isotopic peak ratios must be within ±15%
of the theoretical values. Once these criteria were accomplished, assignment of toxic
congeners was performed by comparing the retention times with the corresponding labelled
standards added as internal standards. Quantification was carried out by an isotopic dilution
technique, based on the addition of labelled standards.
Since the availability of labelled standards for other POPs such as PCNs, similar isotope
dilution techniques using GC-HRMS were developed for an accurate determination of these
contaminants [78,79]. At the moment, isotope dilution techniques using GC-HRMS are the
established and recommended methods. However, other MS techniques, such as IT-MS and
TOF-MS, are now being developed for this kind of analysis. The IT-MS was developed to
analyze PCDDs and PCDFs [80-82] and PCBs [83]. The advantage of IT-MS systems is the
much lower price, reducing analysis costs. However, the sensitivity of IT-MS instruments is
considerably lower than of HRMS instruments. The limit of detection for IT-MS systems for
2378-TCDD (signal/noise 3/1) can be assumed to be in the range of about 100 to 300
femtogram (fg), whereas modern HRMS instruments have a detection limit of about 3 fg [80].
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Another disadvantage of the IT-MS is the low reproducibility of quantification. Ionization
conditions are meaningful parameters for the reproducibility. Once the ionization conditions
are optimized, IT-MS-MS performs reproducible quantification. Furthermore, as long as the
quantification is reproducible, semi-cleaned-up samples analyzed by IT-MS-MS and
corresponding cleaned-up samples analyzed by HRMS produce the comparable results. This
indicates that the conventional labour-intensive dioxin cleanup procedure can be simplified by
means of the IT-MS-MS with optimized ionization conditions. The voltage, the current and
the temperature of the chamber are the parameters for the ionization condition optimization.
Two complementary approaches are available in TOF-MS. One employs instruments that
provide high resolution but have a moderate scan speed, the other instruments that feature a
high storage speed of, typically 100-500 spectra per second but usually provide only unit mass
resolution. The first instruments are interesting for high resolution applications, whereas the
second group is used in studies that apply GCxGC. Due to its non-scanning character TOFMS is a valuable tool for fast GC because this type of instrument can be used to monitor the
entire mass range in very short times with high sensitivity. Narrow bore columns are a
popular choice when performing complex GC analyses. They produce excellent
chromatographic resolution without incurring the penalty of excessive run time. In the field of
GC-MS, the disadvantage of short run times where separated components have narrow peak
widths is that the desirable data sampling rate exceeds the capability of the MS. Scanning type
mass spectrometers are inherently unsuitable for fast separations, since they are, at best,
limited to only 5 or 10 data samples per second. Therefore, when the GC peak widths are
below 0.5 s wide, a different type of mass detector must be used. The TOF-MS is ideally
suited to this type of analysis due to the high sampling rates that can be achieved (hundreds of
mass spectra per second).
Recent studies showed the capabilities of TOF-MS for the analysis of PCBs in different
type of samples [84-88]. The TOF-MS analyses were generally achieved using an orthogonal
acceleration TOF mass spectrometer. Using this state of the art technology it is possible to
operate at elevated resolving power (7000). The GC-TOF-MS results were consistent with the
GC-HRMS results within the 95% confidence interval limits [86]. These results are very
encouraging, and show that GC-TOF-MS allows for analysis times an order of magnitude
faster than GC-HRMS methods without a loss in qualitative or quantitative power.

3.3,2. Brominatedflame retardants (BFR)
3.3.2.1. Polybrominated diphenyl ethers (PBDEs)
Polybrominated diphenyl ethers (PBDEs) are used in large quantities as flame-retardant
additives in polymers, especially in the manufacture of a great variety of electrical appliances,
including television and computers, building materials, and textiles. Structural similarity to
other environmental chemicals with known toxic effects (PCBs, PCDDs, PCDFs) could
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indicate than also PBDEs could be harmful to health. Although the acute toxicity of PBDEs is
low, there is concern for its long term effects on the endocrine system. Several studies
indicate that commercially obtained tetra- and penta-BDE are endocrine disrupters, which can
exert effects on the thyroid system and since 1994, PBDEs are listed as compounds that can
affect the regulation of thyroid and steroid hormones.
Several methods for analysis of PBDEs have been developed involving extraction with
organic solvents or supercritical fluid extraction and further cleanup by adsorption
chromatography [89] or by SPE [90]. Most of the analyses have concentrated on only a few
specific major PBDE congeners. De la Cal et al. [91] developed a simple and rapid method
for the ultra-trace quantification of individual congeners using a sequential pressurized liquid
extraction (SPLE) method that automatically and rapidly achieves quantitative and selective
extraction of 39 PBDE congeners, from mono- to hepta-BDE, in sediment samples. Method
consists of on-line cleanup by inclusion of a layer of alumina in the extraction cell, thus
obtaining cleaner extract with the overall recovery ranging from 47 to 82% for spiked tri- to
hepta-PBDE congeners in sediment sample.
PBDEs could be analyzed using different GC-MS techniques. In this section, different
ionization techniques, El and negative chemical ionization (NCI), are surveyed. Two different
EI-MS operating modes are discussed one based on HRMS and the other on low resolution
mass spectrometry (LRMS). Moreover, the more recent MS strategies on PBDE analysis are
presented, based on the use of quadrupole ion trap (QIT)-MS and TOF-MS. The capabilities
and limitations associated with each technique, with special emphasis on the sensitivity and
selectivity are discussed (Table 7).
Table 7
Comparison of performance of different MS approaches used in PBDE analysis
Technique
NCI-MS

Sensitivity
++

EI-LRMS

+

EI-HRMS

+++

QIT-MS

++

TOF-MS

++

Identity Confirmation
+
(bromine ion)
++
(nominal molecular mass)
+++
(exact molecular mass)
++
(nominal molecular mass)
+++
(full scan)

Accuracy
++
(internal standard)
+++
(isotopic dilution)
+++
(isotopic dilution)
+++
(isotopic dilution)
+++
(isotopic dilution)

Cost
+
+
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Injection techniques
Splitless mode is the most commonly used injection technique for GC separation.
However in case of deoa-BDE-209, which is thermally labile, high injector temperatures must
be avoided. Thus, injection into the GC system is a critical and important part of the
chromatographic analysis. A careful selection and optimization the injection techniques have
to be performed in order to reduce the discrimination of this compound. Two injection
systems were tested for BDE-209 analyses: splitless and on-column injection [92]. For the
former system, a pressure-pulse injection should be used to reduce the exposure to high
injector temperatures. Alternatively, on-column injection may be used, but this technique
requires very clean extracts.
Chromatographic separation
In general, molecules elute from a GC column in order of increasing polarity; that is, for
the brominated compounds, in order of increasing bromine number. Using an HP-5ms
chromatographic column, PBDEs elute in order of increasing bromine number. Figure 1 show
a GC-EI-MS chromatogram obtained following the injection of a standard mixture containing
40 from mono- to hepta-BDE congeners. Different ion traces were monitored in the SIM
mode, corresponding to each degree of bromination: m/z 248, 328, 406, 326, 406, 484 and
564. As it can be seen, the latest mono-BDE congener (BDE-3) eluted before the first di-BDE
congener (BDE-10), and the latest di-BDE congener (BDE-15) eluted before the first tri-BDE
congener (BDE-30), etc. However, some co-elutions between penta- and hexa-congeners was
observed, i.e., hexa-BDE-155 eluted before penta-BDE-105. For this reason, 8
chromatographic windows were established, seven for each degree of bromination (from
mono- to hepta-) and additional for the chromatographic region with elution of
penta+hexaBDEs.
A few studies were published regarding the PBDE elution pattern [93]. De Boer et al.
[94] reported that a good separation can be obtained for most PBDE congeners using 50 m
columns. However, more studies are required in order to determine potential coelutions
between PBDE congeners. Using the available 46 PBDE standards from mono- to decabromination, a gas chromatography relative retention time model was developed to predict
retention times of the 209 individual PBDE congeners [95].
BDE-209 should receive special attention because of its sensitivity for higher
temperatures and the higher susceptibility for degradation in the GC system. Analyses were
carried out using short GC columns (10-15 m) avoiding long exposures to elevated
temperatures [96,97]. The film thickness of the short column should preferably be 0.1-0.2 jj.m,
again with the aim not to extend the exposure to high temperatures unnecessarily [94]. This
means that the analysis of BDE-209 should occur separately from the analysis of the rest of
PBDE congeners.
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Determination by El- and NCI-MS
GC coupled to either NCI or El low resolution MS are the alternatives more frequently
used for PBDE analyses. NCI-LRMS is by far the most popular technique due to high levels
of sensitivity provided. However, if high specificity and accuracy in quantification is needed
(for instance, by using isotopic dilution method), El-LRMS shows better performance, at the
expense of lower sensitivity. In this section, the capabilities and limitations associated with
each ionization mode, with special emphasis on the sensitivity and selectivity are discussed.
NCI mass spectra of all PBDEs is dominated by the molecular ion [Br]" and does not
show any molecular ion. In contrast, El provides better structural information, giving the
molecular ions and the sequential losses of bromine atoms [98]. Identification of PBDEs is
based on the following restrictive criteria: (i) retention times of chromatographic peaks must
be within the appropriate chromatographic windows; (ii) simultaneous responses for the two
masses monitored must be obtained; (iii) signal to noise ratios must be greater than 3; and (iv)
relative isotopic peak ratios must be within ±15% of the theoretical values.
Eljarrat et al. [98] determined that regarding the sensitivity, NCI showed lower detection
limits than El: NCI gave approximately 15 times higher response for PBDEs than EL NCIMS gave detection limits between 30 fg and 1.72 pg, whereas EI-MS gave detection limits
between 0.53 and 32.09 pg [98]. On the other hand, a dioxin-like GC-HRMS based analytical
method was developed for the determination of congener specific PBDE compounds [99].
GC-HRMS in El mode provided the most selective method and reasonably sensitivity for the
determination of PBDEs. However, sophisticated and expensive instruments which require a
trained personnel and frequent maintenance are needed for HRMS.
BDE-209 determinations were usually carried out using NCI-MS. PBDE-209 constitutes
>95% of the commercial deca-BDE formulation. Given the shift in production of PBDE
towards deca-BDE, the development of analytical methods for PBDE-209 is required and
currently is faced with a number of analytical difficulties. The compound is not stable at high
temperatures in the injector and on the GC column. Moreover, the compound is sensitive to
degradation by UV light and its behaviour in the MS source is different from that of
chlorinated and low-brominated compounds. Difficulties in clean-up procedures and in
chromatographic systems are the most probable reasons for the paucity of determinations of
PBDE-209 and also the low accuracy of determinations of this compound reported in the
literature. Until now laboratories were not very experienced in this analysis. For high
molecular mass BDE congeners, such as nona- and deca-BDEs, the choice of surrogate
standard is not obvious. PBB-209 has been used, but it may be present in the samples. The use
of PCB-209, commonly selected as internal standard for PBDEs determination by NCI,
resulted in high relative standard deviations indicating that it is not a good standard selection
[96]. Recently, BjSrklund et al [100] demonstrated that the mass spectrometric properties of
BDE-209 make it possible to apply 13C-labeled BDE-209 as an internal surrogate standard for
the determination of BDE-209 by isotopic dilution. A combination of the [Br]- and [CfiBr5O]"
fragment ions is proposed for the detection with NCI-MS in the SIM mode to increase
selectivity, sensitivity and accuracy in the determination of BDE-209.

87

Chemical analysis of contaminants in sediments

Recently, a method based on selective pressurized liquid extraction (SPLE) followed by
GC-NCI-MS has been evaluated for analysis of PBDE-209 in sediment samples (Fig. 1). The
limit of determination of the entire SPLE-GC.NCI-MS procedure was around 50 pg g.l dry
weight (dw), with repeatability of replicates between 4 and 2 1 % relative standard deviation
[96].
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Fig. 1. GC-NCI-MS (mlz 79) chromatograms obtained for marine sediment (MS5) by use of a DB5 ms (15 m*0.25 mm i.d., 0.25 nm film thickness) chromatographie column. PBDE-209
(fR=25.85 min.) and potential octa- and nona-BDE congeners were detected. Reprinted with
permission from [96]. Copyright 2004. Springer-Verlag

Potential interferences in NCI and El determinations
The presence of potential interferences corresponding to different chlorinated
compounds as well as brominated compounds was studied by E. Eljarrat et al. [101] using
NCI and El. The two ionization modes are subjected to different types of interferences. In
general, EI-MS is affected by chlorinated interferences especially PCBs. NCI-MS eliminated
chlorinated interferences but presented different brominated interferences, well resolved with
EI-MS approach.
PCB constitutes a family of compounds that could interfere with the GC-EI-MS analysis
of PBDEs. Environmental and biotic samples are frequently contaminated with both PBDEs
and PCBs. Moreover, analytical procedures for PBDE analyses are mainly based on already
available analytical methods for PCB quantification. Thus, purified extracts contained both
PCBs and PBDEs. Few of the ions commonly used for the determination of di-, tetra- and
penta-BDE homologue groups are isobaric with penta- and hepta-CB homologue groups.
Moreover, under the chromatographie conditions normally used they are some co-elutions, i.e.
some hepta- (CB-180) and octa-CBs (CB-199) eluted with tetra-BDEs. Moreover, some octaCBs (CB-194) eluted with penta-BDEs (Fig. 2). Special attention must be paid on the
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coelution of tetra-BDE-47 (the most abundant PBDE congener found in environmental
samples) and hepta-CB-180. Nominal masses corresponding to ions monitored for tetra-BDEs
and hepta-CBs are the same (m/z=324). Their exact masses are different being 323.8785 for
tetra-BDEs and 323.8647 for hepta-CBs, A resolving power (RP) of 23500 is needed to
separate the two ions. However, it is not recommended to work at such elevated resolutions
due to the significant loss of sensitivity. To solve this PCB interference, NCI mode could be
applied. In NCI system, m/z 79 and 81 corresponding to bromine ions, were monitored and
thus all chlorinated interferences were eliminated. Another option to solve the hepta-CB
interferences could be also applied, using the EI-MS approach. Monitoring ions from
molecular peak, i.e., m/z 484 (M+2) and 486 (M+4), instead the selected ions corresponding
to the loss of two bromine atoms (M-2Br), we will obtain a less sensitive response but without
hepta-CB contributions. The m/z 486 ion gives approximately two times less response than
that obtained monitoring m/z 324 ion.
Tetra-BDEs
C 12 O«Br 4 H 6
m/z = 481.7152
Monitored Mass
1

2

/ ,

m/z = 483.7132

C12O*>Br2H6

m/z = 323.8785

C12O™Br2>»Br2H6
m/z = 485.7111
Rs = 23500

Hepta-CBs
m/z = 393.8025

m/z = 395.7996

C1235C14"C1H3

_

m/z = 323.8647
Interfering Mass

1

2

4

3

3

m/z = 397.7967
Fig. 2. Interferences between tetra-BDEs and hepta-CBs. A RP=23500 is needed to resolve the ions
obtained by losses of two bromine and two chlorine atoms, respectively. Reprinted with permission
from [101]. Copyright 2003. Elsevier
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NCI-MS eliminated chlorinated interferences but presented different brominated
interferences. Bromine interferences in the NCI method solved by the use of El approach are
the following two critical chromatographic pairs: BDE-154 and PBB-153, and BDE-153 and
TBBPA, which co-elute in many cases [94]. EI-MS normally offers enough selectivity for the
identification and quantification of TBBPA (m/z 540) and BDE-153 (m/z 484) even when they
co-elute. The same occurs with the pair formed by BDE-154 (m/z 484) and PBB-153 (m/z
622). However, using NCI-MS, the simultaneous presence of PBDEs, PBBs and TBBPA in
the same extract could result in erroneous quantifications.
Determination by MS-MS
It was generally believed that the tandem mass spectrometry (MS-MS) technique
surpasses others in analytical specificity, but it was not widely used owing to its relatively
poor sensitivity and reproducibility. Some recent studies have tested the feasibility of QIT-MS
for the analysis of PBDE congeners.
Pirard et al [102] reported a new strategy for simultaneous determination of PCDDs,
PCDFs, PCBs and some PBDE congeners (from di- to hexa-BDEs) working with resonant
mode. More recently, and according to the characteristic fragmentation pattern showed by
most PBDE congeners, with major breakages of C-Br bonds and no complex re-arrangements,
a non resonant mode of excitation was optimized for 28 different PBDEs (from mono- to
hepta-BDEs) [103]. The non resonant mode constitutes a more convenient approach since less
parameter need to be adjusted, making optimization stage less complex and time-consuming.
Both developed methods allowed the quantification by isotopic dilution technique.
The sensitivity obtained using QIT-MS was compared with the two most widely used
techniques, NCI-MS and EI-MS. Limits of detection (LODs) ranged from 57 to 128 fg, from
62 to 621 fg, and from 0.7 to 14 pg, for NCI-MS, QIT-MS and EI-MS, respectively. Thus,
similar sensitivity was observed for QIT-MS and NCI-MS techniques. Taking into account
that the main disadvantage of NCI-MS is their low specificity, and that this problem is well
solved by QIT-MS, IT-MS seems to be the alternative offering best compromise between
sensitivity and selectivity (Table 7). However, future research is required in order to assess
possible matrix effects and likely influence of interferences. It is well know that an important
disadvantage of IT-MS systems is the low reproducibility of quantification. Excessive
interfering ions coexisting with analytes in the trap cause space charge effects and leads the
analysis to irreproducible quantification. Ionization conditions are meaningful parameters for
the reproducibility.
Determination by TOF-MS
Actually, two different approaches in TOF-MS are used in environmental application.
One employs instruments that provide high resolution but have a moderate scan speed, the
other instruments that feature a high storage speed of, typically 100-500 spectra/s but usually
provide only unit mass resolution. The first instruments are used in high resolution
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applications, whereas the second group is interesting in studies that apply fast GC, i.e.
GCxGC.
Some studies showed the capabilities of fast GC coupled to TOF-MS for the analysis of
PBDEs. Van Bavel et al [104] used a GC-TOF methodology for fast screening of PCBs,
pesticides and PBDEs. In this study compounds of interest eluted in less than 7 minutes,
achieving enough resolution to identification and quantification. More recently, Focant el al
[72] optimized an analytical method based on thermal desorption-programmable temperature
vaporization-comprehensive two dimensional GC-TOF-MS for the analysis of selected
halogenated contaminants, including one PBB and 8 PBDE congeners. Results showed that
GCxGC coupled with the analytical resolution of TOF-MS produces a powerful combination
that solves most of the potential co-elution problems that can arise during the simultaneous
analysis of several classes of compounds such as halogenated POPs. It can also ensure that
there are not co-elutions during routine determinations of one class of compounds in a sample
potentially containing many others. For example, the critical chromatographic pair BDE-154
and PBB-153 was successfully resolved using GCxGC-TOF-MS. Cochran et al [105]
evaluated a vacuum-outlet GC-TOF-MS for the analysis of PBDEs. In vacuum-outlet GC a
high linear velocity of the carrier gas makes for a fast analysis. Seventeen congeners, from trito deca-BDE, were satisfactorily separated in only 14 minutes. The sensitivity of this method
was improved by a column combination (GCxGC).
3.3.2.2. Hexabromocyelododeeane (HBCD)
Recent reports suggest that usage of HBCD is increasing, due to a recent ban of pentaBDE, and announced measures against octa and deca BDE [106,107].Consequently, a shift in
production of PBDEs towards other BFRs like HBCD took place [108]. Current methods are
all based on GC. However, a complication in the GC analysis is that HBCD starts to degrade
at 240-270 °C [109], thus there is a risk that significant amounts of the chemical will be
degraded in the instrument during analysis, hi addition, the elution from a capillary GC
column usually results in a broad, diffuse peak and breakdown products of HBCD can
difficult the quantification of some PBDE congeners (BDE-47 and 99) due to their co-elution,
as suggested by Covaci et al [110] and Eljarrat et al [111]. Measures to be taken to minimise
the degradation during GC-analysis are: (a) to use a short residence time on the column, i.e.
by using a fast temperature program and (b) to keep the injector temperature (270 °C) as low
as possible [112].
HBCD is a cyclic compound produced from bromination of cyclododecatriene (a
butadiene trimer), which results in the formation of three isomers (a, p and y, with the y
isomer being the predominant product. These congeners are not resolvable with GC
techniques; however, they can be resolved using LC techniques. Budakowski and Tommy
[113] developed a congener-specific method based on HPLC/ES-MS/MS in the NI mode for
the analysis of HBCD. Through the use of a C18 column and water/methanol LC gradient, it
is possible to completely separate the a-isomer from the P- and Y-isomers while the P- and Y-
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isomers are separated at half their peak heights (Fig. 3). The developed method displayed
detection limits in the range of 4 to 6 pg on-column. With respect to method parameters
themselves, the authors claimed the ability to use a turbo-gas temperature of 500°C despite
the thermal lability of HBCD.
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Fig. 3. Elution of the a-, P-, and Y-isomers of HBCDD using a starting percentage of 30:70
water/methanol increased to 100% methanol in 3 min and held for 3.5 min. Reprinted with permission
from [113]. Copyright 2003. John Wiley & Sons

3.3.3. Chloraalkanes
Polychlorinated alkanes, PCAs (often called chlorinated paraffins, CPs) are highly
complex mixtures of chlorinated n-alkanes having a chlorination degree between 30 and 70%
and a liner chain length between 10 and 30. They are classified according to chain length to
short chain PCAs, also called short chain chlorinated paraffins, SCCPs (C10-C13), medium
chain PCAs or MCCPs (C14-C17) and long chain PCAs or LCCPs (C18-C30) [114]. SCCPs
have been the most extensively used mixtures mainly as extreme pressure additives in
lubricants and cutting oils as well as plasticizers and fire retardants. PCAs are classified as
persistent and non-biodegradable and bioaccumulable compounds. Of all PCA products short
chain PCAs are of particular interest due to the high amounts released into the environment,
the highest toxicity and possible carcinogenicity to humans. As a result short chain PCAs
have been included in the list of priority dangerous substances of the European WFD.
Consequently, environmental levels of PCAs should be monitored more extensively in the
near future, which requires reliable analytical method.
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The analysis of PC As is difficult mainly due to the extreme complexity of PCAs mixtures
containing thousand of different isomers, enantiomers and diasteriomers. Currently no GC
technique is able to separate PC As partly or completely into single isomers. The separation of
the individual compounds cannot be accomplished even if capillary GC is used, and the
chromatograms obtained have a characteristic broad profile corresponding to a large number
of co-eluting peaks (Fig. 4). Only comprehensive GCxGC would possible provide the
required resolution of a separation of congeners, however it would result in an enormous
dataset and a strict selection of relevant congeners would be essential to avoid an extremely
laborious data interpretation [114].
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Most of the methods developed so far are based on GC-ECD or GC coupled to high or
low resolution MS. Detection using MS typically involves electron capture negative
ionization (ECM) due to its high selectivity and sensitivity [115-117]. Recently, alternative
approaches using the electron ionization (El) [118,119], and positive chemical ionization
(PCI) [119] are reported. As an example, Fig. 5. shows the mass spectra obtained by El, PCI
and ECNI.
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Fig. 5. Mass spectra of the CP-5 PCA congener using (a) electron ionisation (El), (b) positive
chemical ionisation (PCI), and (c) electron-capture negative ionisation (ECNI). Reprinted with
permission from [119]. Copyright 2004. John Wiley & Sons
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ECNI low resolution MS has been often used, although high resolution MS at a resolving
power of 12000 is required to obtain elution profiles corresponding to the different
homologue groups [120,121]. Studying the risk from systematic errors due to mass
interference between short chain and medium chain PCAs when using LRMS in the ECNI
mode, Reth and Oehme [122] concluded that the quantification of major congener groups is
not affected by any interferences (CIO with 5-7 chlorine atoms, Gil, C12 and C13 with 5-8
chlorine atoms, C14 with 5-9 chlorine atoms and C15 with 7-9 chlorine atoms. However, a
quantification of the less abundant C16 and C17 congeners was not possible due to
interference from the major Cll and C12. Moreover, the presence of short chain PCAs with
9-10 chlorine atoms can be mimicked by medium chain PCAs and vice versa for medium
chain PCAs with 4-5 chlorine atoms by short chain PCAs. Additionally, it was shown that the
use of different technical mixture as quantification standards can lead to considerable
deviations in the results (up to 100%).
3.3.4. Organotin compounds
Organotin compounds (OTs) such as polyvinyl chloride (PVC) stabilizers, fungicides,
bactericides, insecticides, industrial catalysts and wood preservatives have been widely used
during the last decades for industrial and agricultural purposes [123].
Toxic tributyltin (TBT) has been widely used as a paint additive to prevent biofouling on
pleasure boats, large ships and vessels, harbour structures, marine platforms and aquaculture
nets. Therefore, TBT and its degradation products, dibutyltin (DBT), monobutyltin (MBT) are
the main species found in river and marine sediments. Owing to their high hydrophobicity and
low degradability, butyltins released from vessel paints tend to be ad/absorbed to suspended
particulates in waters (especially those with high organic carbon content) being the sediment
its final fate. Therefore, OTs are transferred from wastewaters to sewage sludges produced in
wastewater treatment plants (WTP) due to their partial degradation of OTs [124]
In general, OTs have to be extracted from sediments and separated prior to analysis with
specific detectors. The determination of OTs in sediments can include extraction,
derivatisation, clean-up, chromatographic separation and detection Methods that are sensitive
enough for an accurate and simultaneous determination of OTs compounds at very low
concentrations (low ng Sn/L) are necessary. Selective analysis of organotin species is
performed by coupled techniques based on the combination of a chromatographic separation
technique with a sensitive and elemental-specific detection method. The analytical methods
for determination of organotin species, after extraction from the sediments, mostly use a
separation technique, such us GC or LC with selective detection. Comprehensive reviews
covering the methodological aspects and/or the analytical procedures for the determination of
organotin compounds in sediment have been published [125-128]
The most commonly employed technique is GC coupled with element-specific detection
methods like atomic absorption spectrometry (GC/AAS) [129-131], mass spectrometry
(GC/MS) [132-136], inductively coupled plasma and microwave-induced plasma atomic
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emission spectrometry (ICP-AES, MIP-AES, respectively) [137-141], or flame photometric
detection (GC/FPD) [142-145] The performances of four specific detectors (FPD, PFPD pulsed flame photometric detector-, MIP-AES and ICP-MS) used for the speciation of OTs
after SPME and GC separation have been evaluated by Aguerre et al. [146], The most
sensitive methods for analysis of OTs involve the extraction from the sediment of target
analytes and conversion into either fully alkyl derivatives or volatile hydrides, and
determination with specific detectors following chromatographic separation. As OTs are
mostly polar and non volatile compounds, a derivatisation step is required prior
determination. In some cases after the acid or polar solvent extraction, a liquid-liquid
extraction (LLE) with a non-miscible solvent (benzene, hexane, cyclohexane, toluene,
EtOAc-MeOH, DCM, hexane-EtOAc) is carried out to recover OTs from the extracts [147].
Several authors have used complexing agents and salting out effect to increase the solubility
of OTs in the organic solvent.
Extraction techniques such as microwave [148] and ultrasonic [149] assisted extractions
and lately PLE [150] have been developed to reduce both extraction time and solvent use
from sediment samples. A comprehensive evaluation of the extraction variables affecting the
determination and stability of butyl- and phenyltin compounds from sediment is described by
Abalosetal.[151]
Extraction from sediment samples after acid leaching (HC1, HOAc) with shaking or
sonication, followed by sequential solvent extraction (LLE with an organic solvent) and
alkylation with Grignard reagent was a common approach. Nevertheless, the use of Grignard
reagent requires strictly anhydrous conditions. According to that OT species need to be
extracted into an apolar aprotic solvent (hexane, toluene). The use of complexation reagents
like tropolone or sodium diethyldithiocarbamate to improve the solubility of mono- and disubstituted OTs within low polarity extracting solvents are usually required.
Extraction procedures based on in situ derivatization by sodiumtetrahydroborate (NaBIii)
[130] or sodium tetraethylborate (NaBEt<t) have become very popular as derivatization
reagents during the last years. The latter procedure allows a simultaneous extractionderivatization in a buffered medium being the ethylated derivatives recovered with a nonpolar solvent [152]. A clear advantage of the use of those reagents versus Grignard reagents is
that makes the sample preparation faster and easier because derivatization can be performed
in the aqueous phase and following extraction of the ethylated organotin compounds into an
organic phase such as hexane or isooctane.
Moreover, sodium tetra (n-propyl)borate (NaBPr4) has been compared with NaBEtt [153]
and already been tested for the determination of TBT in sediments [12] and by SPME using
isotope dilution (ID) GC/MS [154] with successfully results.
An alternative approach to L-L extraction is the SPME technique. This technique
involves the extraction of the volatile or semivolatile organic analytes directly from aqueous
or gaseous samples onto a fused-siliea fibre that is coated with a suitable stationary phase. In
this technique, that avoids the use of solvents, sampling can be carried out usually from the
headspace after derivatization. A simple procedure using a simple gas chromatograph
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equipped with flame ionization detection (FID) that allows the determination of butyltin
species in contaminated sediments has been proposed [155]. Applications of SPME for trace
element organotin speciation are reviewed by Mester et al. [156]. For butyltin extraction from
sediment using SPME sonication with HC1 in methanol [155,157], glacial acetic acid by
mechanical stirring [158] and microwave-assisted acid digestion [146] have been described.
5.5.5. Alkylphenolic compounds
Alkylphenol ethoxylates (APEOs) are effective non-ionic surfactants, widely used as
industrial cleaning agents and wherever their interracial effects of detergency, (de)foaming,
(de)emulsification, dispersion or solubilisation can enhance products or process performance.
Although parent APEOs are not classified as highly toxic substances (EC50, 48 h, Daphnia
magna 1.5 mg/L) their environmental acceptability is strongly disputed because of persistent
metabolic products (alkylphenols, APs and carboxylie derivatives, APECs) generated during
wastewater treatment. The estrogenic potential of these compounds is four to six orders of
magnitude lower than that of the endogenous 17p-estradiol [159]. However, NP and short
chain NPEOs are lipophilic compounds with a log K,™, of 4,48 (NP) and around 4.2 (NPiEO,
NP2EO and NP3EO) so they partition preferentially to the organic fraction of sediments and
they show considerable potential to bioaccumulate in freshwater organisms.
Over the years a large number of analytical methods have been developed for the analysis
of APEOs and their degradation products. The inherent low volatility of the alkylphenolic
surfactants hampers the application of GC for their analysis. Separation without derivatization
is limited to the lower molecular weight APEO oligomers and to some degradation products
(e.g. alkylphenols). On the other hand, LC allows determination of a whole range of
oligomers and is nowadays a routinely used method.
The common approach for extracting alkyphenolie compounds from solid samples
includes either traditional exhaustive extraction techniques, such as Soxhlet extraction or
sonication, or advanced extraction techniques based on elevated temperatures and pressures,
such as PLE or MAE. Typical solvents for the extraction of APEOs and alkylphenols (APs)
have been methanol, dichloromethane, dichloromethane-hexane, hexane-acetone or hexane-ipropanol mixtures.
Clean-up of extracts, when performed, has been carried out by SPE, liquid-liquid
extraction (LLE), gel permeation chromatography (GPC) and semi-preparative HPLC. SPE
has been preferred in most instances because it is fast, requires low volume of organic solvent,
presents low contamination risk and can be used on-line. Of particular interest are the
restricted access materials (RAMs) employed by Petrovic et al. [55] for determination of
alkylphenolic compounds in river sediments by column-switching LC-MS. RAMs are
bifiinctional sorbents that combine size exclusion and reversed-phase retention mechanisms
tailored for the separation of macromolecular matrix components and the adsorption of low
molecular target analytes, all in one step, thus permitting a fast and integrated clean-up and
analysis, as shown in Fig. 6.
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SEDIMENT

Lyophilization

1
Pressurized liquid extraction
MeOH-Acetone 1:1
1:1

Rotary evaporation (30oC)
Reduction of extract volume to 1 mL

Reconstitution in 100 mL H2O

Filtration
1 µm PTFE

>12
hours
Off-line SPE (C18)
- sample loading
- cartridge drying
(2x4 mL
mL MeOH)
- elution (2x4

Extract evaporation (N2)
(N2)

V

2 hours

On-line
clean up:

RAM precolumn

LC-ESI-MS

J

Fig. 6. Analytical protocol for the analysis of sediment and sludge sample: Conventional sample
preparation versus RAM-LC integrated method

LC-MS
The LC separation of APEOs and their metabolites may be carried out either by normal
phase (NP)-LC or by reversed phase (RP)-LC. In normal-phase systems, the APEOs are
separated according to the increasing number of ethylene oxide units, while corresponding
homologues with the same number of ethoxy units but different alkyl substituents co-elute
(i.e. octylphenol ethoxylates (OPEO) and nonlyphenol ethoxylates (NPEO)). RP-LC that
allows separation according to the character of the hydrophobic moiety is particularly well
suited to separate alkyl-homologues, while the various oligomers containing the same
hydrophobic moiety elute in one peak. With regards to detection, non-ionic surfactants
APEOs were early analysed by LC-Thermospray-MS, but nowadays, ESI and APCI are the
ionisation methods of choice. Generally, ESI interface is more often used for the analysis of
alkylphenolic compounds due to its higher sensitivity, especially for alkylphenols [160].
Using an ESI interface APEOs show a great affinity for alkali metal ions, yielding almost
exclusively evenly spaced sodium adducts [M+Na]+, due to the ubiquity of sodium in the
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solvents and surfaces, while the formation of protonated molecules is not a dominant process.
The use of mobile phase additives (e.g. ammonium acetate or formiate, formic, acetic or
trifluoroacetic acid, ammonium hydroxide) assures the reproducible adduct formation. For
example, when an ammonium buffer was used, the formation of sodium adducts and
protonated molecules is suppressed, and the spectrum become less complicated with primarily
[M+NH4]+ adduct ion visible.
Persistent acidic metabolic products of APEOs, alkylphenoxy carboxylates (APnEC) and
dicarboxylates (CAPEC) can be detected, in both, the PI mode and more often used the NI
mode. In the NI mode, using ESI, APECs give two types of ions, one corresponding to the
deprotonated molecule [M-H]~ and the other to [M-CH2COOH]" in the case of APEiCs and
[M-CH2CH2OCH2COOH]" for the APE2Cs. The relative abundance of these two ions
depends on the extraction voltage.
Using an ESI in the negative ion mode, alkylphenols (OP and NP) give exclusively
deprotonated molecules (m/z 205 for OP and m/z 219 for NP), whereas using an APCI, at
higher voltages, using so-called in-source CID, the spectra show fragmentation that closely
resembles that obtained by the MS-MS technique [161]. However, the sensitivity of detection,
using an APCI source was reported to be approximately 40-50 times lower than that obtained
with an ESI source [160].
LC-MS-MS
LC-MS-MS has been seldom used in the analysis of APEOs. The precursor scan of m/z
121 is characteristic for ethoxylates with 1 to 4 chain units, while m/z 133 is characteristic for
NPE5O - NPEisO [162,163]. APCI-MS-MS showed ethoxy chain fragments at m/z 89, 133,
177 and the diagnostic fragment of OPEOs at m/z 111 and at m/z 291 for NPEOs [164,165].
MS-MS spectra of APECs [48] shows intense signal at m/z 219 (for NPEC) and m/z 205
(for OPEC) that is produced after the loss of the carboxylated (ethoxy) chain, and sequential
fragmentation of the alkyl chain resulting in ions m/z 133 and 147. Alkylphenols give, in
addition to the [M-H]~ ion, fragment m/z 133, resulting from the loss of a C5H12 (OP) and
C6Hi4 (NP) group.
GC-MS
Although, LC-MS has proved to be a more versatile technique applicable to the full range
of APEOs oligomers and their degradation products, GC-MS is still a more readily available
technique in many laboratories. However, the analysis of underivatised alkylphenolic
compounds by GC-MS is restricted to the most volatile degradation products, such as APs
and APEOs with less then 4-ethoxy groups. To overcome the problem with the volatility
different derivatization off-line and on-line protocols, respectively have been developed. Offline derivatization to corresponding triemethylsilyl ethers, methyl ethers, acetyl esters,
pentafluorobenzoyl or heptafluorobutyl esters, respectively was applied as a common
approach in numerous studies, while an alternative derivatization method, applied to analyse
NPEOs in solid and liquid environmental matrices, consists of in-situ derivatization and
extraction [166-168].
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Two complementary MS techniques, one, using El and another, less commonly used PCI,
have been evaluated for the analysis of APEOs, their acidic (APECs) and neutral metabolites
(APs) and halogenated derivatives and reviewed by Lee [169].
The most significant ions in EI-MS of methylated NPECs were fragments produced by
rapture of the benzylic bond in the branched nonyl side-chain [170-172]. The abundant
fragment ions obtained using EI-MS were further analyzed by GC-MS-Ms and product ions
resulting from cleavage in the alkyl moiety, cleavage in the carboxylated (derivatised to
methyl esters) moiety and cleavage in both moieties, were detected [173].
GC-CI-MS spectra of the NPECs with isobutane as reagent gas showed characteristic
hydride ion-abstracted fragment ions shifted by 1 Da from those in the corresponding El mass
spectra [lit]. Using ammonia as reagent gas intense ammonia-molecular ion adducts of the
methyl esters, with little or no secondary fragmentation were reported for the detection of
NPECs [174]. Ions selected in multiple ion detection mode were as follows: m/z 246,310,354
and 398 for NPEiC, NPE2C, NPE3C and NPE4C, respectively.
There are a few reports on NCI, used to analyse pentafluorobenzyl derivatives of NP and
NPEOs employing methane as reagent gas [175,176].
3.3.6. Phthalates
Phthalate acid esters (PAEs) are a class of chemical compounds widely used in different
industrial applications, mainly as plasticizers for polyvinyl chloride (PVC) resins, adhesives
and cellulose film coatings and with minor applications in cosmetics, medical products and
insecticide carriers. They comprise a large group of compounds, several of them considered as
priority pollutants: dimethyl (DMP), diethyl (DEP), dibutyl (DBP), butylbenzyl (BBP), di(2ethylhexyl) (DEHP) and di-n-octyl phthalate(DnOP).The worldwide production of PAEs
approximates 2.7 million metric tons a year [177] and considerable direct (production of
plastic materials) and indirect emission, via leaching and volatilization from plastic products
after their usage, disposal and incineration, explains their ubiquity in the environment.
PAEs are substances of low acute and chronic toxicity, but they are often mentioned as
suspected endocrine disrupters [178]. Endocrine disruptive effects were observed in-vivo for
DBP, DEHP, BBP, DEP and DHP with relative potency ranged from lO^-lO"7 (relative to
17p-estradiol) [179]. The sorption of phthalates to sediment or suspended solid is governed by
the relative hydrophobicity of these chemicals (especially longer alkyl chain phthalates, e.g.
DEHP). It was estimated that 15-17% of the low molecular weight phthalates (DMP to BBP)
was particulate bound, while for DEHP and DnOP 53 to 74% of the total concentration
absorbed to suspended particulate matter [180].
Phthalate esters can be analysed using both GC-MS and LC-MS techniques. When using
GC-MS different protocols employing EI-MS, CI-MS with methane as the reagent gas, either
in the positive or negative mode, as well as, tandem MS, under PCI conditions with isobutane
as reagent gas, have been evaluated for the detection of phthalate esters [lit ,181]. PCI with
methane as the reagent gas was found to be very useful for obtaining molecular weight and
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information about the ester group. EI-MS was found to be the most sensitive detection
technique and it is recommended for the quantification, although it gives little information on
molecular weight and the nature of the alcohol moiety in the molecule. For all phthalates the
most abundant ion in the mass spectra was m/z 149, corresponding to the protonated phthalic
anhydride ion [CgHsOa]**, except for dimethylphthalate, which gave a base ion at m/z 163
[M-31] + \ However, when analysing phthalate mixtures better group profiling is needed with
more characteristic ions. Beside these two ions it is recommended to use the low abundance
ions in the higher mass range for the assignment of structures in order to prevent any
misidentification [182].
Using LC-MS phthalate esters (DMP, DEP, DBP and DEHP) are generally detected using
either APCI or ESI under PI conditions showing the base ion for DEP, DBP and DEHP at m/z
149 (protonated phthalic anhydride) and at m/z 163 [M+H-2CH3]+ for DMP. The LC
separation of phthalic esters is typically performed on Cig stationary phase.
However, the main problem to be solved when analyzing phthalates is contamination
during the extraction, clean-up and analysis through laboratory materials like tubing, pipette
tips, septa for autosampler vials, solvents, chromatographic sorbents, drying agents and
glassware. For example, in water analysis Vitali et al. [37] detected the background
concentration of phthalates (in other words contamination), coming from the use of sodium
sulfate and glass-fiber filters, ranging from 10 ng/1 for DEP, DBP, BBP and DOP to 100 ng/1
for DEHP. Therefore, in order to minimize the risk of contamination adequate precautionary
measures should be undertaken [183,184]: (i) any contact with plastic material should be
avoided, (ii) glassware should be properly cleaned and deactivated, (iii) blank samples should
be run for each series of samples, (iv) just one GC or LC injection of a sample extract should
be made from the same vial (if several injections need to be made several separate aliquots of
the sample extract should be prepared).
3.3.7. Pesticides
In general, under term 'pesticides' in the environmental analysis one understands the
organochlorine pesticides (OCPs). Some of them, listed by the Stockholm Convention (DDTs,
DDDs, DDEs, toxaphene, aldrin, endrin and heptachlor), are amongst the most persistent
organic pollutants [185]. Because the character of these OCPs is strongly hydrophobic
(log kow>6), determinations of these compounds in water have rarely been carried out and
sediment is the preferred matrix. From other groups of pesticides, in sediments are monitored
some organophosphorus compounds, but very rarely [186,187].
In the analytical procedures the sediments - dried, lyophilised or wet (pore water is
removed with a polar solvent like methanol) are extracted with solvents. Most often extraction
is carried on by the Soxhlet method [5]. The next popular method is sonication [6, 7] but also
shaking in a glass vessel is still practised [5, 8] as well as other methods used for solvent
extraction. The extracting solvents are different: from hexane to acetone. Also, the time of
extraction is different - from 8 to 24 hrs in Soxhlet, and 3-5x15 min or 2 hours of sonication.
The extract is usually dried by anhydrous Na2SO4 and concentrated to cca. 1 ml using a
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rotary evaporator. Methylene chloride as an extracting solvent has many advantages but one
its great disadvantage is the high blank due to its liability to photochemical reactions resulting
in formation of free chlorine radicals. Much better solution is to use stable solvents, not
containing chlorine atoms.
Generally, OCPs are sufficiently volatile to be analysed by GC. Also, they are inert and
relatively apolar compounds, which allows direct injection without derivatisation. Therefore,
the identification and quantification of OCPs is typically made with a GC and 63Ni ECD. Both
polar and non-polar GC columns can be used for the determination of the OCPs, although
some OCPs may show a tendency for adsorption to polar columns. For example, the fused
silica capillary column DB-1701 (14% cyanopropyl polysiloxane, 0.25 urn bonded phase) is
used. Also DB-5 (fused silica capillary column of length 30- 60 m - 5% phenyl
dimethylpolysiloxane ~DB-1) 0.25 mm i.d. with 0.25 um film thickness is used, which is
most often applied in analysis of PCBs, PCDDs and PCDFs. The splitless injection technique
is the most efficient in such analyses. Helium, hydrogen and nitrogen are used as the carrier
and make-up gas, respectively. Quantification and peak identification of the organochlorines
is confirmed most often by analysing the standard mixture on the GC in the same conditions.
Analysis of OCPs has also been carried out using MS detection. Both El and ECNI have
been used as ionisation methods in low resolution GC-MS for OCP detection. El is the more
selective method, while ECNI was found to be more sensitive, but only for molecules which
contain five or more chlorine atoms [188]. Occasionally, and dependent on the substitution
pattern, molecules with four chlorine atoms can also be detected by ECNI-MS. High
resolution El—MS has also been applied for OCP determination, but on a relatively small scale
as the costs associated with the use of this technique are high compared to the use of ECD and
low resolution MS (LRMS) [6].
3.3.8. Polyaromatic hydrocarbons (PAHs)
In an environmental sample at least 100 different PAHs can be found, especially the alkyl
derivatives co-eluting as 'clusters of peaks' [189,190]. However, according to US-EPA in
monitoring programmes only the 16 PAHs are usually analysed: naphthalene (Nap),
acenaphthylene (Acy), acenaphthene (Ace), fluorene (Fie), phenanthrene (Ph), anthracene
(An), fluoranthene (Fla), pyrene (Py), benz[a] anthracene (BaA), chrysene (Chr),
benzo[£]fiuoranthene (BbF), benzo[&]fiuoranthene (B£F), benzo[a]pyrene (BaP),
indeno[l,2,3-c<flpyrene (InD), dibenz[a,fc]anthracene (DahA), benzo[gfe']perylene (BghiP).
Typically, the procedures used for the analysis of PAHs in sediment and SPM samples
were based on the standardized procedure of U.S. EPA, specifically methods 3500B for
organic extraction and sample preparation, 3545 for pressurized fluid extraction or 3540C for
Soxhlet extraction, 3600C for clean-up, 3660B for sulfur clean-up, 8000B for
chromatographic separation, and 8270C for determination of semi-volatile organic
compounds by gas chromatographs/mass spectrometry (GC/MS)[191].
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Alternatively, PAHs are extracted from sediments by sonication with different solvents
and solvent mixtures. The most popular are dichloromethane, dichloromethanermethanol (9:1
v/v), hexane:dichloromethane (85:15 v/v), acetone:hexane (l:l,v/v) or acetonitrile. Usually,
copper granules are added to the sediment to remove sulphurous compounds, and obtained
extracts are dried by anhydrous NajSO*. In these conditions PCBs and other organochlorine
hydrophobic compounds are also extracted from the sediment. The extracts are evaporated
under low pressure and cleaned-up mostly on silica gel columns. The PAH fraction is eluted
with dichloromethane-hexane mixture. Thin layer chromatography on silica gel (hexaneacetone) also gives very clean PAH fractions, mainly due to small amounts of solvents used in
this method. PAHs are visible under UV lamp and can be removed from the plate with gel and
extracted. Instead of e.g.~300 ml the sample is dissolved in 3-5 ml of solvent. This results in
very low blank values.
Table 8
List of molecular mass and mlz for the 16 PAHs
Compound
Naphthalene
Acenaphthylene
Acenaphthene
Fluorene
Phenanthrene
Anthracene
Fluoranthene
Pyrene
Benz[a]anthracene
Chrysene
Benzo[b]fluoranthene
Benzo[k]fluoranthene
Benzo[a]pyrene
Benzo[ghi]perylene
Dibenz[a,h]anthracene
Indeno[l,2,3-cd]pyrene

Molecular No. of
mass
rings
128
2
152
3
154
3
166
3
178
3
178
3
202
4
202
4
228
4
228
4
252
5
252
5
252
5
276
6
278
5
276
6

mlz
128,115,102,87,75,63,51
152,126,98,87,76,63,50
154,126,102,87,77,63,50
166,139,115,83,63,50
178,152,126,111,99,89,76,63,50
178,152,126,89,76,63,
202,174,150,122,101,87,74,50
202,174,150, 101,88,74,50
228,200,150,113,88,63,50
228,202,176,150,113,101,63
252,224,174,150,126,113,86
252,224,198,150,126,74
252,225,161,126,74
276,248,225,207,191,138,125,97,73
278, 248,225, 207,191, 138,125, 83,73, 57
276,248,225,207,191,138,111,97,73,57

Capillary GC—MS in the El mode [6] is the analytical method of choice if minor as well
as major PAH must be quantified, and if alkylated PAH are to be determined. List of m/z
monitored for the 16 PAHs is given in Table 8. When only a restricted suite of the major
parent PAHs are to be determined, HPLC provides a cost-effective alternative. Conventional
CI-MS using CH4 as reagent gas produces mass spectra that appear quite similar to those
produced by El. Negative ion CI has not been generally accepted as a useful tool because of
the low yield of negative ions usually obtained, with a corresponding decrease in sensitivity.

Chemical analysis of contaminants in sediments

103

HPLC identification and quantification of PAHs is typically carried with fluorescence
detectors. This method can provide additional selectivity and yield separations of PAH
isomers, which are difficult to separate using GC; heat-sensitive compounds are not degraded
during analysis; and LC can provide a useful fractionation technique for the isolation of PAH
for subsequent analysis by other techniques [6],
3.3.9. Pharmaceuticals, hormones and personal care products
Because of the recent awareness of the potentially dangerous consequences of the
presence of Pharmaceuticals in the environment, the analytical methodology for their
determination in complex environmental matrices is still evolving and the number of methods
described in the literature has grown considerably. However, the presence of pharmaceutical
products in sediment has scarcely being investigated as compared to aquatic media [20].
Identification and quantification are often realized either by GC-MS or LC coupled with
MS or triple quadrupole or ion trap MS-MS. Since GC-MS often requires derivatization of
acidic compounds, and some pharmaceutical compounds, such as tetacyclines are
thermolabile, the LC-MS/MS is indicated as the technique of choice to assay phannaceuticals
and their metabolites [192].
Prior to analysis, the extraction techniques proposed in the literature are: vortex;
sonication, followed by centrifugation and PLE. Extraction solvents used are ethyl acetate or
the less polar, methanol, acetone or water at different pH [19]. Subsequent clean up procedure
typically employs SPE cartridges: Diol, MCX, LiChrolut EN, SAX or Oasis HLB. For the
estrogens, silica-gel clean up is followed by C18 SPE enrichment [47,48]. The elution of these
cartridges is realized with polar solvents, such as acetone, methanol, acetonitrile or ethyl
acetate.
The majority of analytical schemes developed so far focuses on one specific group of
compounds, such as antibiotics [193,194], estrogens [21,195] and a few others, such as
parasiticide ivermectin [196]. In order to evaluate the occurrence of pharmaceutical residues
in the environment several multi-residue methods were set up to measure the selected drugs
in river sediments [52,197]. In the multi-residue method developed by Loftier and Ternes [52]
the sediments were solvent extracted with ultrasonic assistance. A SPE clean-up step was
performed thereafter. The acidic compounds clofibric acid, diclofenac, fenoprofen,
gemfibrozil, ibuprofen, 2-hydroxy-ibuprofen, indomethacin, ketoprofen, naproxen and the
parasiticide ivermectin were measured in the negative mode by LC-APCI-tandem MS,
whereas the antibiotics clarithromycin, erythromycin, roxithromycin, sulfadiazine,
sulfamethazine, sulfamethoxazole and trimethoprim were detected in the positive mode by
LC-ESI-tandem MS. The method allows the determination of the selected pharmaceutical
residues in sediments down to the lower ng/g range. Zucatto ad Calamari [197] developed a
multi-residue method based on LC-MS-MS and GC-MS-MS for the determination of selected
antibiotics, lipid regulating agents, anti-inflammatory drugs and growth promoters in animals
reaching LOD in the low ng/kg range.
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Fig. 7. Reconstructed SRM chromatograms obtained from the LC—ESI-MS/MS analysis of a 100
ng/mL standard mixture of estrogens (in the Nl mode) and progestogens (in the PI mode). Column:
Purospher STAR RP-18e (125jc2mm,5 /an,Merck).Mobile phase: gradient acetonitrile/water. Flow
rate: 0.2 mL/min. Reprinted with permission from [201]. Copyright 2005. Springer Verlag

A very few analytical methods have been reported for detecting estrogens and
progestogens in sediment samples. Recently, a comprehensive review was published
summarizing the main findings concerning the source, the presence and the fate of estrogens
and progestogens in the aquatic environment [198]. The paper also discusses the existing
analytical methods for determination of estrogens and progestogens in sediments. Typically
methods include first an extraction step (PLE, ultrasonication, followed by various sequential
clean-up procedures). For analysis, both LC with different detectors (fluorescence, diode
array, and MS) and, to a greater extent, GC-MS" have been used [199]. However, LC-MS has
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the advantage of not requiring previous derivatization of the analytes, as in GC-MS, and its
use for the analysis of estrogens has grown considerably in recent years [200], Recently,
several methods have been developed employing LC-tandem MS technique, which is now
considered nearly indispensable for achieving the selectivity and the sensitivity necessary for
reliable analysis of estrogens and progestogens [199]. Fig. 7. shows representative
chromatograms obtained from the analysis of estrogens and progestogens by LC-ESI-MS/MS
[201]. A recent study, carried out to compare the performances of various MS techniques
(GC-MS, LC-MS, and LC-MS/MS) [199], concluded that, due to its sensitivity and
selectivity, LC-ESI-MS/MS is the technique of choice for analysis of steroid sex hormones

4. INORGANIC COMPOUNDS
4.1. Sample pre-treatment for inorganic analysis
During sampling and preparation, care is required to minimize changes in metal
speciation due to changes in environmental conditions of the system. Sample pre-treatment
should not disturb the original metal distribution and keep it during storage prior to sequential
extraction strategy.
Drying causes instant and major speciation changes oxic sediments. Oven drying of oxic
sediments has been reported to reduce the quantity of iron extracted by techniques, which
remove amorphous iron oxides, suggesting an aging effect, such an increase in the oxide
cristallinity [202]. Changes in the extractability of trace metals were found to be mostly
consistent with their partitioning between iron and manganese oxides and organic matter,
causing a decrease in metals in the exchangeable fraction and in those bound to carbonates
under the action of atmospheric oxygen and a corresponding increase in the other fractions.
To minimize this, preservation of soils and sediments by air drying and fieeze-drying are
satisfactory techniques that has been recommended. Once the sample is dried extractable
metal contents might be stable over periods of months even years with regard to its metal
speciation and this is a requirement for the preparation of a reference material [203,204] and
to improve reproducibility [205]. Wet storage of oxidized sediments at ambient temperature is
inadequate because of rapid microbially-induced shift from oxidizing to reducing conditions
in stored environmental samples. Freezing is usually a suitable method to minimize microbial
activity, although was found to enhance water solubility of metals in the order of Mn > Cu >
Zn > Fe. Storage subsequent to freezing significantly affected extractability of these metals by
weak reagents. Sampling and handling of anoxic sediment must avoid any oxygenation
because aeration causes oxygenation of sulphide to sulphate, hence releasing metals and
protons, hi addition, taking into account that no method of sample pre-treatment preserves
speciation intact, the extraction of metals should at least be affected to a similar extent for
target metals. However, in a comparison of different pre-treatment methods such as freeze
drying, air-drying and oven drying on superficial river sediments, Bordas and Bourg [202]
found that none of the drying methods completely preserved the distribution of Cu, Pb, Zn
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and Cd, particularly when the metal content was low. However, the authors concluded that
these two drying methods caused less damage than oven drying at 105 C. Davidson et al [206]
reported that Cd and Pb differ in their responses to different treatments. According to these
authors and Quevauviller et al. [207], none of the studied pre-treatments appeared to be
suitable for keeping the original metal-fractionation distribution and that sequential extraction
procedure should be applied to wet, sieved sediment immediately after sampling, hi this
concern sieving is necessary to obtain the appropriate particle size distribution and should be
made with nylon sieves to avoid metal contamination. The different particle size used in soils
( <2 mm) and sediments (<63 (jm) means that the amount of sample required for extraction
should at least be nearby ten times smaller for sediments (i.e. 0.5-2 g for sediments vs. 5-20 g
for soils). Once the extracts are separated from the solid samples, acidification is certainly
recommended to assurance a better preservation.
Finally, it should be pointed out that a general scheme for handling samples for tests
and analysis of wet and dry sediments (including drying, sieving, grinding, mixing, and
homogenization) was presented by Mudroch and Bourbonniere [208]. Handling, preparation
and storage of sediment samples has been lately reviewed by FQrstner [209].
4.2. Target analysis of metals in sediment samples
Chemical extraction is employed to assess operationally defined metal fractions, which
can be related to chemical species, as well as to potentially mobile, bioavailable, or ecotoxic
phases of a sample. The mobile fraction is defined as the sum of the amount dissolved in the
liquid phase and an amount, which can be transferred into the liquid phase. It has been widely
accepted that the distribution, bioavailability and mobility of metals, heavy metals and
radionuclides are related to such mobile fractions rather than the total concentration [210,
211].
There are two general methods of assessing the metal burden of sediment samples, the
total metal content and the potentially bioavailable metal content The use of strong acid
digestion (HF, HC1 and HNO3) to determine total metals in sediments may be misleading
when assessing environmental risk since the risk may be over estimated. The determination of
potentially-available metals by sequential chemical extraction offers a more realistic estimate
of actual environmental impact.
Wet acid digestion procedures are most frequently employed to obtain a solution suitable
for instrumental element analysis of sediment samples. Conventional wet acid digestion
procedures can require several hours or even several days to complete sample decomposition,
while comparable results have been obtained in a few minutes by microwave wet acid
digestion procedures [212]
Sequential extraction to fractionate metals or other elements in solid materials (soils,
sediments, sludge, solid wastes, etc.) into several groups of different teachability is widely
employed to determine the distribution of metals in different phases. Although the procedures
used are generally tedious and time consuming, the results furnish detailed information about

Chemical analysis of contaminants in sediments

107

the origin, mode of occurrence, bioavailability, potential mobility, and transport of the metals
in natural environments. The technique is therefore widely used as a tool for the study of the
origin and fate of metals in the environment.
However, despite the fact that the development and use of sequential extraction schemes
started in the early 1970s, uniformity in the procedures used is still lacking. In addition,
problems of poor selectivity, redistribution during extraction, and the dependency of results
on operating conditions have been frequently highlighted.
During last decade there has been increasing interest in the application and harmonisation
of sequential extraction (or fraetionation) procedures for metal partitioning in soil and
sediment [213-215], sewage sludge and sludge-treated soils, etc., to assess their mobility and
bioavailability [216-219].
Among the different sequential extraction procedures, the most widely used schemes are
probably those proposed by Tessier et al. (1979) [215] and the BCR sequential extraction
procedures [220] (Table 9). These procedures have been demonstrated to give satisfactory
results for the targeted phases owing to a careful selection of reagents and detailed operating
conditions.
In general, fraetionation procedures are often criticized because of their complexity and
difficulty in interpretation. Moreover, some investigations have reported problems such as
lack of specificity of extractants and readsorption of metals during extraction [221-224].
Nevertheless, providing that such limitations are recognized, sequential fraetionations can
provide extremely useful information on metal distribution in sediment, soil and sludges.
Then, metal fraetionation is achieved by sequential treatments that involve the use of
chemical reagents, which are successively applied to the sample to convert the metals bound
in the solid phase into soluble forms with the specific extractant used in each step.
The Tessier scheme divides metals into five fractions: (1) exchangeable, (2) carbonatebounded, (3) iron-manganese oxides-bounded, (4) organic matter-bounded, and (5) residual.
In spite of long analysis times (usually days), many studies have been carried out using this
method [225-228]. The first fraction is considered to be the most soluble/bioavailable and the
last fraction the least bioavailable or non anthropogenic [229-233].
The second technique, the three stage BCR sequential extraction procedure needs less
time than the first one. This procedure was developed and improved in the frame of SM&T
programme (follow-up of the BCR programme) to facilitate comparability of data in the
European Union. Elements that can be extracted: Al, Co, Cu, Fe, Mn, Ni, Pb, Zn, Cr, Cd, Sc,
Sn,Cs,Th,U[234,235].
The BCR technique separates 3 operationally defined fractions as follows:
(1) Exchangeable: metals that are weakly adsorbed metals, released by ion-exchange
processes, and bound to carbonates;
(2) Bound to Fe and Mn Oxides: Also called the "reducible fraction" because these metals
are released when this sediment fraction is reduced;
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(3) Bound to Organic Matter: Also called the "oxidizable fraction" because these metals are
released when this sediment fraction is oxidized.
A fourth step would be digestion of the residual, but this is not specifically part of the 3-step
BCR procedure.

Table 9
Original Tessier and BCR sequential extraction schemes for heavy metal fractionation in
sediments

Stage Phases
" Tessier scheme
1
Exchangeable
2
Acid soluble
3
Reducible
4

CMdisable

Procedure
8 mL 1 M MgCl2 (pH 7), 25°C, 1 h
25 mL 1 M NaOAc (pH 5), 25°C, 5 h
20 mL 0.04 M NH2OH. HC1 in HOAc 25% w/w,
96°C, 6 h
3 mL 0.02 M HNO3 + 5 mL H2O2 30% w/v, 85°C,
shake 2 h
3 mL H2O2 30 % w/v, 85°C, 3 h +
5 mL 3.2 M NBtOAc, 25°C, 30 min

a

Conventional SMT
1
Acid soluble
2
Reducible Fraction

40 mL 0.11 M CH3COOH, 25°C, shake for 16 h
40 mL 0.1 M NH2OH.HC1 (pH 2 with HNO3), 25°C,
shake for 16 h
3
Oxidisable Fraction
10 mL H2O2 30 % w/v, 25°C, 1 h
50 mL 1 M NH4OAC (pH 2 with HNO3), 25°C,
shake 16 h
a
A 1.00 g of sediment sample (dry wt) was extracted
Note that a difference between the two schemes lies in the first extractions. Hence, the
metal fraction released in the acid soluble fraction of the BCR should correspond to the sum
of metal in the exchangeable and acid soluble fraction of the Tessier. Although the BCR
technique is becoming increasingly popular, the modified Tessier extraction is still more
commonly used. It has been demonstrated that the reducing agent in Tessier scheme exhibits a
greater extraction capacity for Ni and Pb in sediments [236] and Pb in sewage sludge [219],
On the other hand, a number of matrix effects are observed for the Tessier scheme using
recommended analytical techniques. Nevertheless these matrix effects should be compensated
using standard addition methods for calibration.
The metal contents in each fraction are subsequently determined by the suitable analytical
technique such as inductively coupled plasma-atomic emission spectrometry (ICP-AES),
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inductively coupled plasma-mass spectrometry (ICP-MS), flame atomic absorption
spectrometry (FAAS), electrothermal atomic absorption spectrometry (ET-AAS), neutron
activation analysis (NAA), hydride generation-AAS, anodic stripping voltammetry (ASV) and
cathodic stripping voltammetry (CSV), polarography and gas chromatography.
An important aspect to be considered in the application of sequential extraction is the too
long treatment time (e.g. usually several days). Then, extractions performed with small
masses and volumes should be interesting to reduce sample and reagent consumption and to
decrease the overall time of extraction. In this concern several efforts have been made to
speed up sequential extractions by use of microwaves [237241] or ultrasound [242-244]. The
major goal of such studies is generally to obtain performance similar to that of wellestablished methods (Tessier and BCR), although some developed specifically for microwave
extraction of specific matrix have been proposed [245]. A microwave-based Tessier
procedure was successfully used to extract Cu, Cr, Ni, Pb and Zn from sewage sludge [246].
More recently, a comparison of the standard BCR sequential extraction method with smallscale ultrasound-assisted single extractions for metal partitioning in sediments has been
described [247]. This methodology enables drastic reduction of extraction times, yielding
extractable contents in accordance with those obtained by application of the conventional
BCR method. An important saving in the amount of sample and reagents is also achieved with
small-scale extractions. In other cases, variations have also been attempted to completely
dissolve the target phase. For example, an increase of time and hydrogen peroxide during the
oxidizable fraction stage is necessary when applying the Tessier scheme to organic rich
sediments [248].
To date, a large number of sequential extraction schemes have been reported for the
analysis of sediment, soil and sewage to provide information on the potential heavy metal
bioavailability. Therefore, several specific reviews have been published on this concern
covering the main important features on chemical extraction of environmental solid samples
[210,211,249-254]. Bendicho and co-workers have released a review that covers in a
comprehensive way the literature published over the last decade [255]. In this review the use
of reagent is looked critically and guidelines for their selectivity and extraction capacity are
given. Later on, several publications have been released regarding fractionation studies of
trace elements in contaminated soils and sediments [256], the use of leaching/ extraction tests
for risk assessment of trace metals in soils and sediments [257], or the sampling and sample
preparation and analytical procedures based on standardized extraction schemes and reference
materials [209].
The difficulties, related to the irreproducibility, were reported when using the BCR
sequential extraction scheme, which highlighted the need for refinement of the procedure. A
systematic study to assess the sources of uncertainty was carried out by Sahuquillo et al. [258]
focusing mainly on the second step of the BCR procedure and studying the influence of the
pH of extracting agent, type of acid used for adjustment, temperature, extraction time and
extractant concentration. As a result of this study a modified BCR sequential extraction was
recommended, involving an increase in the concentration of NH2OH. HC1 from 0.1 to 0.5
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mol/L with a pH lowered to 1.5. The modified procedure provided a better release of metals
bound to hydrous oxides of iron and was compared with the primary BCR scheme through an
interlaboratory assessment. A significant improvement concerning the between-laboratory
reproducibility was observed for all metals in Step 2 and similar or smaller uncertainties were
obtained for Steps 1 and 3, which led to the conclusion that the modified three-step sequential
extraction could be potential standard method to be used for laboratories working in the area
of trace metal operationally-defined speciation [259].
5. METHODS FOR SCREENING AND IDENTIFICATION OF UNKNOWNS
Comprehensive screening protocols, such as GC-MS or LC-MS of fractionated samples
or two dimensional GC (GCxGC), are able to identify several hundreds of individual
components in complex environmental samples and combined with the potential of tandem
MS technique might be used to identify unknown compounds. However, such general
screening for unknown compounds is time consuming and expensive, and is often related with
problems such as lack of authentic standards and of MS spectra libraries.. Typically, GC-MS
non target screening analysis is performed in order to identify a wide range of anthropogenic
organic contaminants. Identification of individual compounds is based on comparison of mass
spectra and retention times with those of reference material or with assistance of mass spectral
databases (i.e. NIST/EPA/NIH Mass spectral library). For example, Kronimus et al. [260]
used non-target GC-MS to study the occurrence of anthropogenic contaminants in sediments
of the Lippe river, Germany. Unknown contaminants like 3,6-dichlorocarbazole and bis(4octylphenyl)amine as well as anthropogenic molecular marker compounds derived from
municipal sources like polycyclic musks, 4-oxoisophorone and methyltriclosan; molecular
markers derived from effluents of three different industrial branches, e.g. halogenated
organics, tetrachlorobenzyltoluenes and tetrabutyltin, and those coming from agricultural
sources (hexachlorobenzene) were identified. Similarly, Slobodnik et al. [261] used extraction
with ethyl acetate or methanol and subsequent analysis by means of GC—MS using largevolume injection (LVI) to identify contaminants in sediments of the river Nitra (Slovak
Republic). Full-scan mass spectra were used for a spectral library search and additional
structural elucidation to achieve (provisional) identification. Contaminants identified included
PAHs, chlorofluorohydrocarbons, alkoxylated and alkylated phenols, benzothiazole
derivatives and some of their metabolites.
Using LC-tandem MS and MRM approach the qualitative information needed to support
the structural elucidation of compounds other than the target analytes is lost. In full scan
mode, this information can be obtained, however, the lack of compound databases and mass
spectra libraries often represent an obstacle for efficient structural elucidation of unknown
compounds. Another possibility is the coupling of API technology and TOF MS combines
high accuracy and excellent sensitivity due to the high-frequency sampling of all ions
simultaneously recorded across a full mass range. Orthogonal-acceleration time-of-flight MS
instrument (oaTOF MS) coupled to LC proved to be a powerful tool for identification of
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micro-constituents in complex mixtures and/or confirmation of their presence. Such
instrument provides mass determinations with an accuracy of 5-10 ppm, which is an
impressive improvement over the conventional nominal-mass information of a quadrupole
instrument.
Another variation of tandem hybrid instruments that has gained popularity in the last few
years is a combination of a quadrupole instrument and an orthogonal acceleration TOF-MS
(Q-TOF). Such an instrument enables accurate mass measurement with accuracies of <5 ppm,
which allows removal of interpretation ambiguities and easy differentiation of charge states
even in weak eollisionally-aetivated decomposition tandem mass spectra [262]. However,
environmental applications of this technique are still scarce and further development is
expected.
6. ENVIRONMENTAL LEVELS
Numerous field studies, designed to provide basic scientific information related to the
occurrence and potential transport of contaminants in the environment are being continuously
conducted with the aim to identify what contaminants enter the environment, at what
concentrations, and in what combinations. A large body of literature exists on occurrence of
specific groups of organic contaminants in freshwater and estuary sediments. However, for
long time research priorities have been focused on priority pollutants, such as POPs,
pesticides, toxic metals, radionuclides, and just recently attention of scientific community has
started to shift to other contaminants, such as endocrine disrupters (steroid sex hormones,
alkylphenols, PBDE) and other emerging contaminants (human and veterinary
Pharmaceuticals).
Polychlorinated persistent pollutants
A number of studies have reported PCDD, PCDF and PCB levels in freshwater sediments
showing the PCDD and PCDF results as Toxicity Equivalent Quantities (TEQs). Between the
210 PCDD and PCDF congeners, the most toxic molecules are those whose positions 2,3,7,8
are chlorinated. Since the individual toxicity of these compounds is different, the real toxicity
of a mixture was assessed bearing in mind the relative toxicity of the isomers with respect to
the most toxic isorner, the 2378-TCDD; a toxicity equivalence factor (TEF) equal to the unit
was assigned to the 2378-TCDD. There are a number of TEFs proposed by different
organisations, but the most commonly used are the International TEFs (I-TEFs) which was
proposed by NATO in 1988 [263]. For the toxic assessment, the 17 toxic isomers were
normalized by multiplying their measured concentrations by the appropriate TEFs. The sum
of these products yields the total TEQs, which express these analyte concentrations as a single
number, equivalent to that of a toxicity derived exclusively from 2378-TCDD. Generally, the
PCDD and PCDF levels in background areas ranged between <0.1 and the safe sediment
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value established at 20 pg I-TEQ/g d.w., whereas levels found in polluted areas, clearly
exceeded the safe value.
Regarding the PCB data, a number of studies have reported levels expressed as total
PCBs or as a sum of the seven indicator PCBs. However, in the last 3 years, special attention
has been focused on a few selected PCB congeners which are stereo-chemically similar to
2378-tetraclorodibenzo-p-dioxin (2378-TCDD) and have toxicological properties similar to
2378-TCDD. The World Health Organisation (WHO) has identified 12 PCBs (4 mm-ortho
(IUPAC No. 77, 81, 126 and 169) and 8 mana-ortho (IUPAC No. 105, 114, 118, 123, 156,
157, 167 and 189)) as being similar in toxicity to PCDDs and PCDFs [1]. All of these 12
congeners have an assigned TEF.
The concentrations found in the background areas ranged between <0.1 and 28 ng/g d.w.,
always below the ERL value of 50 ng/g d.w. However, the levels found in the polluted areas
were higher, ranging between 200 ng/g d.w. and 120 ug/g d.w.
When analysing PCDD, PCDF and PCB the contribution of each contaminant to the total
toxicity of environmental samples depends on the relative order of potency along with the
contamination levels in the environment. Dioxins are the most potent contaminant however
their levels in sediments are typically lower than those presented by PCBs. For this reason,
greater toxicity contributions of less potent contaminants with higher concentrations could be
found. An example, given in Fig. 8, shows the WHO-TEQPCB contribution in sediment
samples from the Spanish coast, which varied from 1% to 84%, therefore suggesting that PCB
contribution on the toxicity of the samples must be taken into account [264].
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Fig. 8. Percentage contributions to the total WHO-TEQ from PCDDs, PCDFs, non-ortho and monoortho PCBs. From [264]. Samples; A and R — Almeria harbour, B — Barcelona area, T - Tarragona
area. Reprinted with permission from [264]. Copyright 2005. Elsevier.
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Polybrominatedpersistent pollutants
The literature on PBDE levels in sediments is relatively scarce, and available only for
some BDE congeners: the major components of technical mixtures (BDE # 47, 99, 100) and
the deca-brominated diphenylether (BDE # 209). The lack of analytical standards, because of
synthetic difficulties, prevents comprehensive full congener analysis of PBDEs in
environmental samples, in special of minority PBDEs for which it is not known whether they
are present in the environment in significant quantities. PBDEs were determined in Swedish
river sediments at 8-50 ng/g-dw [97] and at 0.52 ng/g-dw in the upper layer of a sediment
core collected in the Baltic Sea [265]. Higher levels in sediments up to 1400 ng/g-dw were
found in a downstream area of a manufacturing plant in United Kingdom [266]. hi all these
cases, BDEs 47 and 99 were the dominant congeners and were found in equal concentrations.
Lacorte et al. [267] analysed 40 congeners, from mono- through hepta-brominated, in
river and coastal sediment samples of the eight main river basins of Portugal. Thirty-two
sediment samples taken along the different rivers from inland to the open sea revealed an
increase toward the river mouth with a total PBDE concentration of 20 ng/g-dw, and levels
decreased to 0.5 ng/g-dw in coastal sediments. Of 40 congeners included in the analytical
work, 17 congeners were detected in river sediments. BDE 47 was found in all samples
analyzed whereas BDEs 100 and 99 were found in more than 26 out of 32 samples analyzed
at concentrations from 0.03 to 10 ng/g-dw. This study showed the presence of previously non
described lower congeners: BDEs 7, 11, 12+13, 15, 30, 32, 17, 25, 28+33, 49, 75, and 71,
which were identified in two to five samples with a median of 0.03-0.55 ng/g-dw.
In another study conducted along the Spanish coast 40 PBDE congeners were analysed (3
monoBDEs (1,2,3), 7 diBDEs (7,8,10,11,12,13,15), 8 triBDEs (17,25,28,30,32,33,35,37), 6
tetraBDEs (47,49,66,71,75,77), 7 pentaBDEs (85,99,100,116,118,119,126), 5 hexaBDEs
(138,153,154,155,166), 3 heptaBDEs (181,183,190) and the decaBDE (209). The samples
were collected at several hot spots in the coastal areas, such as the harbours of Almeria and
Tarragona, and the mouths of the Besds and Llobregat rivers in Barcelona: Total PBDE levels
ranged from 2.7 to 134 ng/g dw, with BDE-209 contribution on the total PBDE contamination
between 50 and 99% [264].
HBCD is a prioritised substance within the Programme for Existing Substances in the EU
and is currently undergoing risk assessment. The chemical and physical properties of HBCD
are similar to the properties of well-known POPs and therefore, although actual data is very
limited, it has been concluded that HBCD is a potential persistent, bioaccumulative and toxic
compound and thus may be subject to long-range transport [112].
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Fig. 9. Detected HBCD levels in sediment and in settling solids (sediment traps) in Sweden. Note the
logarithmic scale for the j/-values. Reprinted with permission from [112], Copyright 2004. Elsevier

Studies concerning HBCD in sediment samples are rare. In the Spanish River Cinca
HBCD were found in sediments at levels ranging from not detected to 514 ng/g dry weight
[111]. SellstrSm et al. [268] reported concentration levels up to 1600 ng/g dw in river
sediments from a Swedish river with numerous textile industries. Recently, Remberger et al
[112] performed a first screening concerning the environmental occurrence of HBCD in
Sweden, measuring its levels in the urban environment close to the source and in remote
regions. Samples analysed included air, deposition, water, soil, sediments, sludge, biota and
foodstuffs. The levels in sediments varied from <0.1 up to 25 (ig/kg dw (Fig. 9.). In the
textile industry area, concentrations were considerably higher downstream than upstream the
industrial effluents, indicating a local impact. In dated sediment cores the levels of HBCD
were higher in the surface than in the deeper urban sediments, which is an indication of
increased HBCD deposition in later years. The current sediment accumulation rates of HBCD
varied from 2.9 to 5.5 ng/(m2 day), which agrees well with the average atmospheric
deposition flux of 5.3 ng/(m2 day).

115

Chemical analysis of contaminants in sediments

Chloraalkanes
A comparison of SCCPs concentrations in sediments and sludges found in different
studies is presented in Fig. 10. Because of their very low water solubility, CPs are likely to
adsorb onto suspended sediments and were detected at concentrations up to 170 ug g"1 in dry
weight sediment (SCCPs). However, there is no information available on the likely
bioavailability of sediment-bound CP residues.
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Fig. 10. Concentration levels of short chain PCA found in sediments. Modified from [116]

Alkylphenols
Petrovic et al. [269] reviewed the occurrence of endocrine disruptors in the freshwater
sediments. In the majority of sediments analysed NP and NPEO short ethoxy chain oligomers,
containing one and two EO units, were the predominant alkylphenolic compounds. Levels of
found upstream of point sources of pollution were generally lower than 200 ng/g.
Significantly higher concentrations (up to hundred ug/g) were observed at locations situated
near STPs or downstream of discharges of industrial wastewaters. The highest concentrations
were detected in the first sediment layer, which is easily resuspendable, while underlying
sediment contained concentrations of at least 5 times lower, probably due to dilution, not
breakdown [270]. Biodegradation of APEOs and APs in sediment was found to be possible,
but slow, particularly if conditions are anoxic or anaerobic.
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Phthalates
In all reported studies DEHP was found to be predominant PAEs, due to its high
production (nearly 90% of the European plastieizer use) and its physico-chemical properties
(low solubility and relatively high Kow). Concentrations found in bed sediments span three to
four orders of magnitude, mainly depending on the vicinity of local industrial and urban
sources. The highest concentrations found were closely related to the input of industrial
wastewaters from plastic production and were limited to a few kilometres downstream of the
source of contamination. Slow degradation of particle-bound PAEs under both aerobic and
anaerobic conditions means that bed sediment may act as long-term sink and secondary
source of DEHP. However, recent studies showed more then a ten-fold decrease compared to
concentrations measured in 1980's. The most systematic study on the occurrence of PAEs in
the aquatic environment was conducted by Fromme at al [38], The levels of DEHP and
dibutyl phthalate (DBP) were reported for 35 sediments from rivers, lakes and channels in
Germany. The phthalate burden was mainly from DEHP, whilst DBP was found in minor
concentrations and BBP at concentrations near the detection limit. The concentrations found
in sediments ranged from 0.2-8.4 mg/kg. The highest concentrations found were closely
related to the input of industrial wastewaters from plastic production and were limited to a
few kilometres downstream of the source of contamination.
Polyaromatic hydrocarbons
Concentrations of PAHs span five to six orders of magnitude, with maximum
concentrations of more than 1000 (ig/g detected in severely polluted industrial areas (Fig. 11).
The high value of PAHs occurs often concurrently with exceptionally high organic carbon
(OC) values. For example, the highest concentrations were detected in bed sediments with OC
ranging from 1.4% to 30% (Kitimat Harbour) and from 1.5% to 22.5% (Tianjin Rivers); both
of these areas are found to be highly polluted by PAHs. The individual PAHs composition,
which is helpful to track the contaminant source, and illustrate the fate and transport of PAHs
in the environment depends on the source of PAHs. Coke emissions are enriched in the higher
molecular weight (containing five- to six-ring PAHs) compounds, whereas low temperature
pyrolytic processes, such as coal combustion, are dominated by low molecular weight
(containing two- to three-rings). Typically, PAHs with four to six rings predominate in
sediment samples [271].
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Copyright 2005. Elsevier

Pharmaceuticals (including steroid sex hormones)
Most of the studies carried out to assess the environmental occurrence of drugs have
focused of the aquatic media, especially in connection to drinking water. Soils, sludge and
sediments have been scarcely investigated as compared to water media. Nevertheless,
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Pharmaceuticals, especially those presenting the greatest consumption and persistence, have
been found in sediments at considerably higher concentrations than those reported for sex
hormones. Their occurrence in the various aquatic compartments, including sediments has
been investigated in different countries, including Italy, Spain, Sweden, Switzerland, The
Netherlands, UK, Israel, USA, and Canada, but, the largest amount of data has been produced
by Germany. The parasiticide ivermectin, used in veterinary medicine, has been found in
sediments close to fish farms because of its elevated lipophilicity. The mean concentration
detected in the six sediment cores taken directly under the cage block was 5.0 ng/g in the top
3 cm, 3.1 ng/g in the 3-6 cm fraction and 0.7 ng/g in the 6-9 cm fraction. Concentrations
were under the limit of quantitation at depths below 9 cm in all cores taken from directly
under the cage block [196]. Zuccato et al. [197] studied the occurrence of 16 selected drugs in
sediments from the river Lambro, which collects sewage from Milan; the Po, which is the
largest Italian river and collects sewage from vast industrialized areas in northern Italy and the
Adda, which was sampled close to its source, where it collect sewage from small mountain
villages. Pharmaceuticals detected in sediments were bezafibrate, erythromycin, ibuprofen,
linomycin, ranitidine, sparamycin and tylosin; the latest two used a growth promoters in
animals were found in the concentrations of 2.9 and 2.6 ug/kg in the most polluted Lambro
river.
Of the various estrogens most frequently monitored in environment programs, the natural
hormone estradiol and the synthetic estrogen ethynyl estradiol, are the most relevant because
of their high estrogenic potency. However, these two compounds are often the least frequently
detected in environmental waters, and estriol and estrone, the main metabolites of estradiol,
the most ubiquitous [273,274]. Given the relatively low polarity of these compounds, which
present log Kow mostly between 3 and 6 [275], sorption to bed-sediments appears as a quite
likely process, however, there are just a few works reporting their occurrence in sediments.
According with these works, estrogens and progestogens were found present in river
sediments at the pg/g or ng/g level [276,200]. In one of the studies conducted with river
sediments (in the UK), of the three estrogens (estradiol, ethynyl estradiol and estrone), only
the last was detected (>0.04-0.388 ng/g wet weight) [277]. Estriol and norethindrone were the
compounds most frequently detected in sediments collected in two rivers in the North-East of
Spain, where maximum concentrations were obtained for ethynyl estradiol (22.8 ng/g dry
weight) and estrone (11.9 ng/g) [200]. Finally, neither estrogens nor progestogens were
detected in river sediments from Portugal [278].

7. CONCLUSIONS
A comprehensive overview of analytical methods for trace enrichment and
determination if organic pollutants, both priority and non-regulated, from sediments have
been presented in this chapter. In this context a few points were noticed:
a) Lack of methods for non regulated pollutants as compared to regulatory ones
because of obvious reasons; non regulated pollutants are less investigated in conventional
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monitoring programmes, since there is no apparent "legal" need for their investigation in the
environment.
b) As compared to the analysis of metal speciation, there is a need to develop
sequential fractionation procedures in the determination of organic pollutant from sediments,
in a similar way the ones developed for inorganic pollutants (i.e. BCR sequential protocol). In
this respect, it would be needed to establish a sequential extraction procedure for organic
pollutants from sediments, based for instance, on their lipophilicity. This would certainly help
to develop standard operational procedures for extraction of organics from sediments.
c) There is still a lack of studies on metabolites of organies pollutants in sediments as
compared to the studies on metal speciation of sediments. Obviously this is a more complex
area, with much more unknown metabolites that can be formed under various conditions of
sediments, for instance oxic or redox conditions. It seems clear the development in analytical
instrumentation, especially of powerful devices like GCxGC, TOF MS and LC-MS-MS, LCQ-TOF.MS or LC-Q-TRAP-Ms will be of great help to identify further analytes in the
sediments and to increase the quantitation and unequivocal identification of organic
contaminants in sediments.
d) Finally, in order to perform quality assurance protocols and develop standard
operational procedures (SOP) there is a continuous need of developing reference materials,
specially for organic contaminants in addition to more interlaboratory studies on different
sediment matrices, including relatively clean sediments, highly contaminated sediments and
various types of dredged material. As compared to water interlaboratory studies, there is still a
lack of information concerning sediments interlaboratory studies. Only by ensuring a good
quality performance of the analytical methods we will be able to establish monitoring
programmes along EU and other parts of the world and to compare the data generated. If we
are not able to perform intercomparison studies between different laboratories in that area we
will not be able to compare the monitoring data generated under various monitoring
programmes.
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1. INTRODUCTION

Chemical- and biological- monitoring of sediment quality consists of the analyses of a
limited number of chemical compounds in sediment as well as adsorbed and/or
bioaccumulated in the sediment organisms. The concentrations are assessed against set
criteria to determine whether the sediment is considered polluted or not. Even though
chemical analyses are still needed in environmental risk assessment it is now known that these
analyses on its own do not give a complete picture of the environmental quality of sediments
[1,2,3] First of all the choice of which compounds should be analysed already limits the
assessment. The applied analytical procedures also influence the outcome as some techniques
are adsorbing more chemicals off sediments than others. Thirdly, the availability of chemical
compounds to organisms, the so-called bioavailability, cannot be determined by chemical
analyses. Even though both calculations [4] and techniques [5] to predict bioavailability are
either developed or under development, they still cannot accurately determine how much of
the chemical concentration will actually enter an organism. The bioavailability is e.g.
influenced by geochemical processes such as the type of compound the strength of the
chemical bond to sediment particles [6], percentage organic matter, but also biological
parameters such as exposure routes of these chemicals to different organisms. Another factor
that should be taken into account is that mixtures of chemicals in the environment can
influence the individual toxicity of each chemical compound. A mixture of pollutants can e.g.
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have synergic, additive or antagonistic influences on the effects of individual compounds.
Most important is that a high concentration of a certain chemical compounds, even exceeding
set criteria, does not automatically imply that there is an actual risk present for organisms
living in the sediment. At the same time, low concentrations of certain chemical compounds
may not seem alarming, but can turn out to be (chronically) toxic to the environment.
A better insight into the potential risk of contaminants in the environment can be gained
using an integrated approach of chemical analyses and biological effect assessment [2,3].
Biological effect assessment can be conducted using different types of test methods. Best
known are the so-called bioassays. A bioassay is a test that determines detrimental biological
effects of chemical compounds or mixtures of compounds in environmental samples. There
are different types of bioassays. Most commonly they are divided into two groups, namely in
vivo bioassays and in vitro bioassays although many discussions exist whether cellular
bioassays are actually in vivo or in vitro bioassays. In the definition we use in vivo is within a
living organism or cell. For example, biochemical reactions can take place in vivo. The
opposite is in vitro, something that is or happens in an artificial environment (for example, in
vitro fertilization) in a baker, glass tube or in the wells of a microplate. As many assays that
deal with molecular biology are conducted outside of cells, and the conditions do not
necessarily represent the conditions inside the cell, results are often annotated with in vivo or
in vitro.
Before effects arise on an organism level in bioassays however, other signals can already be
picked up either within an organism or by using a cell culture or cell-line. These data can be
obtained using so called biomarkers. There are many definitions of biomarkers e.g.: "A
biomarker is a xenobiotically induced variation in cellular or biochemical components or
processes, structures, or functions that is measurable in a biological system or sample [11]".
The IPSC (International Programme on Chemical Safety of the WHO) has three classes of
biomarkers identified: - biomarker of exposure; -biomarker of effect and biomarker of
susceptibility [12]. How can this very complex definition and the biomarker classes be
handled for understanding and documentation of sediment testing and by governmental
regulations? How can this definition be useful in an operational way for governmental
decision making in collaboration with industry and the governmental authorities? But even if
there are limitations there is already an initiative by ISO (International Standardisation
Organisation) to standardise biomarkers for governmental regulations and sediments.
Environmental management and regulative requirements needs a number of tools for risk
assessment and risk minimization and this can best achieved by standardized, highly sensitive,
reaction-specific and a widely applicable suite of biomarkers. In the area of precautionary
measures for the protection of sediment life biomarkers still provides a most important aid in
the fulfilling of actions after the precautionary principle.
All these biological techniques respond to mixtures of chemicals present in the
environment. As soon as effects are determined using these techniques water quality
managers may want to address the biological effects to the responsible pollutants. Other
techniques such as TIE and ERA are developed for this purpose. But this chapter will address
criteria that can be used for the selection of biological techniques, the different techniques for
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biological effect assessment for fresh, estuarine and marine sediments, standardisation of
these techniques and novel developments in this area.
2. CRITERIA FOR A SET OF BIOLOGICAL METHODS
Biological effect assessment can be used for many purposes such as the toxicological
evaluation of sediment, risk assessment of dredged material [2], identification of hotspots and
monitoring purposes. The application of a battery of tests for biological effect assessment is
often promoted [7, 8]. Peters et al. [8] recommends a test set of bioassays with different
species and different endpoints since the sensitivity of test species for chemical compounds
differs and there is no 'most sensitive species' for all chemical compounds [9]. A set contains
about 3-4 bioassays [7]. For the selection of a suitable battery of test the following criteria can
be used [8,10,13]:
Species are representative for the assessed ecosystem with regards to:
• Life strategy: there are two types of life strategy namely R-strategy with short
reproduction cycles and fast colonisation time and K-strategy with long reproduction
cycle and slow colonisation time. Species with a K-strategy are thought to be more
vulnerable to pollution because they can not easily compensate for loss of individuals.
Also other aspects of life strategy such as sexual and asexual reproduction should be
considered.
• Functional group and/or trophic level: the test battery should contain all important
ecological functions to be able to protect the complete ecosystem. Therefore functional
groups such as primary producers, grazers, consumers and so on should be selected.
• Taxonomic group: the test battery should have representatives from different taxonomic
groups, to be able to assess effects on the whole ecosystem and because of closely related
species may react similarly to stress as compared to less closely related species [14,15].
• Exposure route: finally a test battery should also contain all possible exposure pathways.
For sediment these are pore water, suspended matter, sediment and food.
• Test results of a single species test can be translated into ecosystem effects:
• The goal of a biological effect assessment is to protect the ecosystem. In laboratory tests
bioassays are conducted with species that are thought to be representative for the assessed
ecosystem. When these species are protected, their function within the ecosystem is also
considered protected. Single species test results are translated into ecosystem effects.
Therefore endpoints of tests should be related to ecosystem functions, such as effects on
population, food chain relations and so on.
In the EU water framework directive [16] a general requirement for ecological protection,
and a general minimum chemical standard, was introduced to cover all surface waters. For the
description of the "good ecological status" and the "good chemical status" effects monitoring
tools are needed for the description of the ecological status of river basin systems. In some
case studies biomarkers were very helpful to promote an environmentally sensitive and
sustainable use e.g. of coastal zones. A very promising tool is the scale classification based on
toxicity studies and environmental monitoring to classify sediments: i.e. "Ecotoxicological
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Classification of Sediments by Bioassays" [2,17]. The classification of sediments is based on
the scientific ecotoxicological approach using so-called pT-values. Different bioassays and
different test phases (pore water and elutriate) are considered equal in ranking in this system.
The pT-value depends on the dilution factor and the lowest observed effect concentration. The
highest dilution level without effects is corresponding to the pT-value, i.e. the dilution step
1:2 represents the pT-value 1, The toxicity classes are assigned Roman numerals, it is a sevenlevel-system based on convention. For the ecotoxicological approaches only 3 assays are
applied the Luminescent bacteria test with Vibrio fisheri, growth inhibition assay with a fresh
water algae Desmodesmus suhspicatus and the toxicity test with Daphnia magna. The tested
matrices are Elutrient, pore water and preferable the whole sediment. Biological effect
assessment can be applied in different sediment matrices. In general, all techniques can be
used for the assessment of whole sediment (sediment), pore water (water), elutriates (water)
or extracts (solvent).
3. BIOASSAYS
Bioassays are general indicators of the presence of stressors in the environment. They can
be divided into acute or chronic tests by looking at the selected endpoints (the outcome of a
test). Table 1 presents the most common parameters that are determined at the end of a test
Acute tests use survival as main parameter. Other parameters such as growth and reproduction
are often considered a better predictor of effects that may ultimately arise on a population and
ecosystem level. These are the so called 'chronic' bioassays. They do not necessarily cover a
large part of a lifecycle of the organism, but may also focus on that part of a life cycle that is
thought to be very sensitive to stress. This can for instance be fertilisation tests such as the
embryo fertilisation tests with molluscs [18] or echinoderms [19] or behavioural tests such as
burrowing tests with echinoderms [20] or molluscs [21, 22] or faecal production of worms
[23] or molluscs [24].

3.1. Selection criteria for bioassays
A whole range of selection criteria for individual tests has been published [8, 10, 13].
Depending on the reason why sediments need to be assessed the most suitable selection
criteria can be applied. The main selection criteria are:
Practicality:
• A bioassay should be easy to perform, cost effective, have a short as possible test duration
and usable on a wide range of sediment types.
Acceptability:
• A bioassay should be standardised, reproducible, statistically validated and sensitive to the
effects of a wide range of compounds and groups of compounds. Ecological relevancy:
• The bioassay needs to posses an ecological relevancy.
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Table 1
Endpoints in bioassays
Type of bioassay
Acute in vivo bioassay

Chronic in vivo bioassay

In vitro bioassay

Endpoint
Survival

Description
Number of individuals still
alive at the end of the test (as
compared to the number of
surviving individuals in control
samples).
Behaviour
Behaviour of organisms at the
end of a test (as compared to
behaviour at the end of a test in
control samples).
Survival
Number of individuals still
alive at the end of the test (as
compared to the number of
surviving individuals in control
samples).
Behaviour
Behaviour of organisms at the
end of a test (as compared to
behaviour at the end of a test in
control samples).
Growth
Weight or length of individuals
at the end of the test (as
compared to the weight or
length of individuals in control
samples).
Number of reproducing females
Reproduction
or number of offspring at the
end of a test (as compared to the
number of reproducing females
or number of offspring at the
end of a test in control
samples).
Growth
General toxicity
Cholinesterase Inhibition
Neurotoxicity
Induction (GMO), revertants
Genotoxicity, Mutagenicity
Estrogen
receptor
binding The extinction of an enzyme
reaction is proportional to the
(endocrine effects)
number of the receptor i.e. 17pestradiol complexes
Phagocytosis: Immune system
Immunotoxicity
function in/at sediment living
bivalves can be adversely
affected by long-term exposure
to sediment-contaminants

A main issue with regards to bioassays is the origin of test organisms. First of all the use of
indigenous species are preferred over exotic species, even if standard methods have already
been developed for an exotic species. The possible introduction of exotic species should be
considered a serious threat to the indigenous environment. Indigenous test organisms are often
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collected at control field sites that are present in a country. However test organisms sampled
from the field are subject to natural population variation, seasonality, weather and pollution,
which may introduce unwanted noise into the analysis. This is described in the case of
amphipods [25] and echinoderms [26]. Therefore whenever possible the use of cultivated test
organisms is preferred.

4. IN VIVO BIOASSAYS
4.1. Sediment bioassays
In sediment, contaminants are in equilibrium between the solid and the soluble phases. For
example, non-ionic organic contaminants equilibrium is linked to the sediment organic matter
fraction and to the octanol-water partitioning coefficient of the contaminant. For ionic organic
contaminants or metals, equilibrium between both phases depends on many parameters,
including organic-matter fraction. Different types of bioassays are necessary to assess the
sediment toxicity and should take into account the chemicals' bioavailability in the different
sediment phases. Bioassays performed on pore water or elutriates can be used to evaluate the
toxicity of chemicals present in the soluble phase, whereas whole-sediment bioassays are
necessary to assess the toxicity of total sediment, including both soluble and solid phases.
The quantities of sediment used in bioassays on benthic organisms are quite low (about 100
g). However, the tested samples should be representative for the in situ sediment. At the same
time, they should be compatible with the described test conditions, in terms of grain size for
example. The ultimate objective of the application of bioassays is to evaluate the intrinsic
toxicity of samples. All parameters that could interfere with toxicity should be minimised.
Therefore, natural sediment needs to be treated in the laboratory prior to testing.
The first steps after collection is to homogenise the collected sediment, and take a
representative sample to be tested in a bioassay. If too much water is sampled together with
the sediment, decantation might first be necessary in order to be able to evaluate the toxicity
of the solid phase and not the water column. In this case, the surface water is removed after a
couple of hours of sedimentation.
In order to homogenise the grain size of the tested sediment, it needs to be sieved (usually
at 2 mm) to eliminate large size components (e.g. twigs, stones, leaves). Also, in order to
avoid competition with tested organisms for available food and/or avoid predation of tested
organisms, the indigenous living organisms should be removed, manually if sieving was not
efficient enough.
In order to assess the toxicity of dissolved chemicals in the soluble phase, aquatic bioassays
can be conducted on pore water or elutriates.
Pore water is usually extracted from the solid phase by centrifugation at 10,000 g for 30
minutes at 4 °C. It can then either be filtered through at 0.45 um pore size cellulose acetate
membrane [27] or not [28, 29] prior to testing. Filtering might be necessary to remove some
particles that are still in suspension in the water column even after centrifugation and that
might interfere with the test (e.g. density of algae cells measurement). On the other hand,
some chemicals can adsorb on the membrane. The assessment of the pore water toxicity is
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then modified and less representative. So, it is advised to avoid filtration if it is not absolutely
necessary.
Sediment can also be elutriated either with water or with another organic solvent such as
dimethyl sulphoxide (DMSO). The ratio of solid matter to liquid phase is usually 1:10. The
supernatant is then centrifuged prior to a possible filtration [30] and testing. In most cases,
centrifugation is sufficient to separate particles from the water phase and, for the same reasons
as those explained concerning pore water, filtration should be avoided as far as possible.
hi order to assess the toxicity of dissolved chemicals in the soluble phase, aquatic bioassays
can be conducted on pore water or elutriates. Sediments can sometimes be considered as
dredged material, and one option that can be chosen to re-use them is the dumping on land,
for example for agricultural purposes. Prior to dumping, it should be verified that sediments
are not toxic towards terrestrial organisms (plants and animals).
Sediments should be treated before testing, in order to be compatible with test conditions in
the same way as described for the conduction of bioassays in whole sediment. So, sampled
sediment is homogenised and then sieved to remove large size components.
4.2. Freshwater Bioassays on Aquatic organisms
In vivo bioassays conducted with sediment extracts are assays that were originally
developed for aqueous samples or solutions spiked with chemicals. The most commonly used
tests are listed in Table 2. Most of them are standardised at ISO such as Daphnia magna
mobility inhibition test (ISO 1996), or algae and duckweed growth inhibition tests (ISO,
2003a and 2003b). Others are standardised at a national level, such as Ceriodaphnia dubia
and Brachionus caliciflorus reproduction inhibition tests [31, 32], or not standardised such as
the Hydra attenuata survival test [33].
The choice of bioassays depends mostly on the available volume of a sample. Bioassays
which need only a small volume of a sample will be conducted in pore water, whereas
bioassays that need a larger sample volume will be conducted in elutriates. Thus, pore water is
tested with Daphnia magna, Brachionus caliciflorus and Hydra attenuata, whereas extracts
are tested with Ceriodaphnia dubia, algae and duckweed
All these tests are conducted following the same protocols as those used for testing
chemicals or aqueous samples. A range of sample dilutions of pore water or elutriate is then
tested, and EC50 (median effect concentration),other ECx and NOEC (no observed effect
concentration) can be determined.
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Table 2
Aquatic organisms-based in vivo bioassays currently used in Europe to assess the toxicity of
pore water or sediments extracts
Organisms
Microcustacean
(Daphnia magna)
Microcustacean
(Ceriodaphnia
dubia)

Test
Test
medium
duration
Pore water 48 hours

Temperature

Endpoints

References

20 °C

Mobility

ISO [34]

Extract

25 °c

Pore water 48 hours

25 °c

Algae
Extract
72 hours
(Pseudokirchneriella
subeapitatd)
Duckweed (Lemna
Extract
7 days
minor)
Cnidaria (Hydra
Pore water 96 hours
attenuata)

23 °c

Reproduction Afnor [31]
(project
standard at
ISO)
Reproduction Afnor [32]
(project
standard at
ISO)
Growth
ISO [35]

25 °c

Growth

ISO [36]

20 °c

Survival

[29,33]

Rotifer (Brachionus
caliciflorus)

7 days

4.3. Bioassays on benthic organisms
There are a few whole sediment bioassays developed for freshwater benthic organisms in
Europe. The most common tests are listed in Table 1. These are the Hyalella azteca survey
and growth inhibition test, the Chironomus riparius larvae survey, growth inhibition and
emergence inhibition test, and the Tubifex tubifex reproduction inhibition test.
All three tests are based on US EPA and Canadian protocols [37, 38, 39, 40]. They are
widely used in Europe either to assess the toxicity of sediment or dredged material [41, 42,
43,44] or to evaluate the toxicity of chemicals in sediment [45,46,47,48,49].
Standardised methods were adapted from these Canadian and American protocols and
published in France for Hyalella azteca [50] and Chironomus riparius [51], in order to assess
the toxicity of natural sediments. An OECD guideline was also established for testing
chemicals mixed with natural or artificial sediment, in order to assess their toxicity to
Chironomus riparius [52].
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Table 3
Benthic organisms-based in vivo bioassays currently used in Europe to assess the toxicity of
sediments
Organisms

Test duration

Temperature

Amphipod
(Hyalella
azteca)
Diptera
(Chkonomus
riparius)

28 days

Oligoehaete
(Tubifex
tubifex)

Endpoints

References

23 °C

Survival and
growth

Afhor [50]

7 or 10 days

20 to 21 °C

Survival and
growth

Afoor [51,45-47]
OECD [52,44]

28 days
28 days

21 °C

Emergence
Survival and
reproduction

[40,45,49]

When such tests are conducted in order to assess the toxicity of sediments, it is often
without any dilution of the reference sediment. Thus, results are obtained in terms of
percentage of effect observed in the test vessel, compared to the control. Statistical analysis is
conducted on results in order to determine if the effect observed in the test vessel is
significant compared to the control. The tested sediment can then be considered as toxic (or
non toxic) towards benthic organisms.
When the objective is the assessment of chemicals' toxicity in natural or artificial sediment,
different concentrations of the compound are tested. In these cases, EC50 (median effect
concentration, which means concentration for which an effect of 50 % is observed) and ECx
(concentration for which an effect of x % is observed) can be determined for each tested
compound.
All these tests are conducted following the same protocols as those used for testing
chemicals or aqueous samples. A range of sample dilutions of pore water or elutriate is then
tested, and EC50 (median effect concentration) ,other ECx and NOEC (no observed effect
concentration) can be determined.
4.4. Bioassays on terrestrial organisms
Terrestrial in vivo bioassays that can be used to assess the toxicity of sediment prior to
dumping are assays usually used either to assess the toxicity of contaminated soils, or to
evaluate the toxicity of chemicals in artificial or natural soil. The most commonly used tests
are standardised at ISO (ISO = International Standardisation Organisation) and are based on
two different types of organisms: plants and earthworms (Table 4). These bioassays are a
plants' germination and growth inhibition test, a plants' roots elongation inhibition test [53]
and Eiseniafetida survival and reproduction inhibition tests [54, 55].
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Table 4
Terrestrial organisms-based in vivo bioassays currently used in Europe to assess the toxicity
of sediments and dredged material on land
Organisms

Test duration

Temperature

Endpoints

References

Plants (e.g.
barley:
Hordeum
vulgare)
Seeds / Plants

5 days

Day / night
20/16°C

Root elongation

ISO [53]

14 to 21 days,
depending on
the species used
14 days

Depends on the
species used

Germination/
Growth

ISO [1995]

20 °C

Survival

ISO [54]

20 °C

Reproduction

ISO [55]

Earthworms
(Eisenia fetida)
Earthworms
2 months
(Eisenia fetida)

In these tests, sediments are diluted either in the reference soil (artificial matrix) or in a
natural soil. If a natural soil is used, it is sampled in the field where dredging is supposed to be
done. Several dilutions of sediment can then be tested and compared to the control. The
control can either be an artificial matrix or the natural soil if it is used for sediment dilution.
Thus, for example in order to allow sediment dredging on agricultural soil, a dilution for
which no effect is observed can be determined. If the sediment turns out to be toxic and
cannot be dredged, it should then be used as a manufacturing material, for example for roads.
5. MARINE SEDIMENTS
The main difference between fresh and estuarine / marine environments is salinity. Salinity
influences the speciation of compounds and chemical bonds that compounds may be able to
form. Also the organisms living in estuarine and marine environments differ from fresh water
organisms. For instance the taxonomic group of echinoderms does not exist in fresh water.
Therefore sediment quality results cannot easily be translated from fresh to more saline
environments.
This raises an important issue; should samples be adjusted to set salinity values for
bioassays or should bioassays be conducted at or closest to the salinity of the sediment
sample? This depends on the type of assessment. For a local risk assessment of sediments
bioassays can best be performed with or closest to the actual field salinity.
5.1. Sediment pre-treatment
Sediment pre-treatment is similar to the steps that are described for fresh water sediment
pre-treatment. The major difference is the determination of the salinity of the sample and the
decision whether the sample will be tested with the actual field salinity or a set salinity for a
bioassay.
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5.2. Bioassays with marine Benthic Organisms
5.2.1. Acute bioassays with benthic organisms
There are a few bioassays that are standardised and regularly applied within Europe for the
assessment of marine and estuarine sediments. These are described in table 5. An overview of
all acute whole sediment bioassays that are developed globally is given by Nendza [56], The
most common bioassay for these environments is the acute survival bioassay with the
amphipod Corophium sp. In northern Europe (a.o. the Netherlands, UK, Germany)
Corophium volutator is used for the assessment of sediments [8, 13, 57, 58]. Especially
harbour sediments are suitable for being tested with C. volutator. In a number of countries,
e.g. the Netherlands [57], Germany [8, 13] and Denmark the bioassay using this test species
has been adopted for the assessment of dredged material, sometimes this is even put into
legislation. C. volutator can be used for the assessment of mostly silty sediments with a
salinity ranging from 5-35 ppt [59]. This bioassay will undergo an inter-calibration study in
Europe, organised by BEQUALM [60]. For more sandy sediments C. arenarium may be a
suitable test organism [10]. In southern Europe other species of Corophium are used in
bioassays (see table 6).
At the moment there is no bioassay with amphipods available that covers the 0-10 ppt
salinity sediments. Therefore some countries adopt foreign bioassays, e.g. the amphipod
Hyalella azteca [61]. The bioassay with H, azteca has already been described in the section of
fresh water bioassays with benthic organisms. There is clearly still a need for an amphipod
test using a European species that can be applied in fresh to estuarine sediments.
The most common bioassays with annelids is the acute survival bioassay with the lugworm,
Arenicola marina. This bioassay is mainly used in the UK [23, 58, 62] and recently also put
forward by BEQUALM for an intercalibration study in 2005 [60]. This polychaete feeds on
sediment particles and is therefore suitable as test organism for sediment assessment. A.
marina can be used for both marine and estuarine sediments (down to 12 psu
(www.marlin.ac.uk) although they seem to be more comfortable in higher salinities.
Other annelids that are used in bioassays within Europe are Nereis sp., such as the marine
Nereis virens [63]. However, these organisms are mainly carnivores that make them less
suitable for the assessment of sediments since they do not feed exclusively on sediment. At
the moment there are no bioassays freely available with annelids that can be used in fresh to
estuarine environments.
Specific for the marine environment are the taxonomic group of the echinoderms.
Representatives of this group are e.g. starfish and sea urchins. In Europe, the survival and
burrowing bioassay with the heart urchin Echinacardium cordatum has been standardised
[20,26,64], This bioassay can be used in saline environments of > 28 ppt. [26] concludes that
the E. cordatum bioassay is an appropriate toxicity test for marine dredged material because it
shows limited inter-laboratory variability. The major bottleneck in this bioassay however
seems to be obtaining the proper life stage of the test organism. Although careful planning
and training of field staff will solve the logistics problem [26], there is a strong
recommendation for cultivation of heart urchins in the lab [65]. However recruitment of the
heart urchin is sporadic with reports of Echinocardium cordatum recruiting in only 3 years
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over a 10-year period [66] although this relates to subtidal populations. Intertidal individuals
reproduce more frequently. Cultivation studies of heart urchins are now being conducted.
The taxonomic group missing in table 5 is the group of the molluscs. Even though there are
some tests with mainly bivalves available [67] or under development, a widely applied
bioassay with these organisms does not exist within Europe. A sensitive bioassay in the USA
is the survival and growth inhibition test with Mercenaria mercenaria [68]. hi Europe a
bivalve such as Macoma balthica may be suitable as test organism since this organism is
widely spread, it is shown to be able to cultivate in the lab [69,70], a lot of information on the
biology and ecology of this organism is available (see table 5).
Table 5
Benthic organism-based in vivo bioassays commonly used in Europe to assess the toxicity of
marine and estuarine sediments
Organisms

Test
duration
10 days

Amphipod
(Corophium
sp.)
Polychaete
10 days
{Arenicola
marina)
Echinoid
14 days
(Echinocardium
cordatum)

Salinity

Temperature

Endpoints

References

5-35 psu

17 °C

Survival

[8,13,60,
62,71,72]

Survival,
casting rate

[23,60,62]

Survival,
burrowing
behaviour

[72,73]

10-35 psu

28-36 psu

15 °C

When such bioassays are conducted they are often tested without dilution as described for
fresh water sediment bioassays. Results are compared to results with control (clean)
sediments. Statistical analysis will be done to determine which result is significantly different
from the control.
5.2.2. Chronic bioassays with benthic organisms
New bioassays are developed continuously. Most of the existing bioassays assess survival
rates of test organisms. However to be able to better understand effects on population
dynamics in the field other variables such as growth and reproduction also need to be studied.
Survival may also not be the most sensitive parameter as compared to growth and
reproduction. Chronic bioassays assess these effects on growth and reproduction as endpoint.
table 6 gives an overview of developed chronic bioassays for marine and estuarine sediments.
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6. BIOASSAYS FOR THE ASSESSMENT OF DREDGED SEDIMENTS
The most important process related to marine sediment contamination is the dredging and
disposal of large volumes of sediment each year. The dredging of material and its relocation
in estuaries and marine ecosystems is consequence of the activity for maintaining of harbours
and waterways. Due to sediments are the ultimate reservoir for many contaminants, they are
subjects of environmental concerns. Sediment-contaminant interactions are complex, and the
partitioning of contaminants between sediment phases can be affect their availability. Several
chemicals can be present in bioavailable form in sediment and in they can interact with flora
and fauna, consequently.
Periodic dredging is one usual activity to ensure safe shipping. In USA, the 4000 km of
navigation channels and over 400 harbours generate 300 million m3. The dredged material is
regulated accordance to different environmental statues: National Environmental Policy [74],
the Clean Water Act [75] and the Marine Protection Research and Sanctuaries Act [76] and
this country is signatory from London Convention, which governs the disposal of material in
ocean waters. The responsibility for developing guidelines and environmental criteria for
evaluating proposed discharges is shared by US Environmental Protection Agency [77,78]
and the US Army Corps of Engineers [79]. In Europe, dredging operations and disposal of
dredged material are subjected to range statutory and other controls, as London Convention
[80] and OSPAR [81]. Many Member States of EU have developed their control processes
and dredging and disposal is carried out by licensing authorities within each State. Recently,
the Water Framework Directive (WFD) provides the basis for EU water legislation [82], This
Directive tries to do a holistic approach to water management and the need to understand the
impact of contaminated sediment on aquatic environmental quality is implicit. A proposal for
setting sediment environmental quality standards (EQSs) based upon accepted practice in the
EU (Fraunhofer Institute [83]). Crane [84] has pointed out some aspects which are
controversial of the Fraunhofer proposal. Firstly, the mandatory pass/fail nature of EQS and
secondly the focus on measuring contaminants in suspended sediment.
In general, sediment quality is assessed by making comparison between chemical
concentrations and sediment quality guidelines (SQGs). Based in this approach, potential risks
or hazards of sediment bound contaminants can be predicted. Although different approaches
can be employed to get SQGs [85, 86], the effect bioassays have advantage over other effect
criteria, because they integrate all present contaminants and their bioavailability and they also
allow to evaluate joint effects (additive, synergic, antagonist). Laboratory bioassays allow
establishing the best option for the grey areas of contamination, where it is necessary to
decide the treatment of the sediment. According to these ideas, several national and
international frameworks for dredged material management require chemical characterisation
of chemical compounds and carry out laboratory toxicity tests. Nevertheless, a problem with
the use of bioassays results of its lack standardization.
On sediment toxicity has been carried out an intense activity to develop testing methods in
Europe in the last years. These experiences have been collected in a comprehensive
proceeding of a SETAC workshop held in the Netherlands [87]. The conclusions of this
workshop recommended that the assessment of biological effect of contaminants present in
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the sediment are most appropriately made exposing standard sediment-dwelling test species to
whole sediment. Nevertheless, some insight can be get of the measurement of the wateroverlaying toxicity, pore-water or elutriates to pelagic sediment. The international meeting
organized by OCDE in Copenhagen discussed the benthic testing methods [88] and they
recommended that Chironomus spp. should be priority for the development of standardized
sediment toxicity, and the second recommendation for standardized OECD guidelines was
estuarine and marine amphipods,
A review of marine biotest for evaluation of dredged material and sediment has been
carried out by Nendza [56] on behalf of Federal Environment Agency of Germany (uba). The
marine sediment biotest were collected from scientific literature and a questionnaire among
national experts of countries of OSPAR and Helsinki Commissions, Canada and USA. They
covering acute, long-term toxicity, bioaccumulation, endocrine effects, toxic effect on
reproduction and mutagenicity from laboratory test, mesocosm, biomarker and field tests.
Whole sediment, sediment suspension, sediment elutriate and porewater were considered as
route for toxicity. The author point out some aspect which should be considered to improve
the reliability of the assessment: a) assessment of sublethal endpoints in acute and long-term
assays; b) small-scale multispecies test and use of regional species; c) battery biotests should
be checked to avoid redundant information; d) methods of sampling, storage and handling
need to be intercalibrated and harmonized; e) appropriate reference and control sediments and
g) a regulatory framework to specific testing needs and requirements.
The management of the sediment involves the implementation of tools-bioassays to
evaluate its toxicity and when it is possible to relate cause-effect. In The Netherlands,
standard acute bioassays (bacterium, Vibrioflscheri;the rotifer, Brachiounus calyciflorus, and
the anostracan Thamnocephalm platyurus) and chronic toxicity (water flea, Daphnia magna
and larvae of the midge, Chironomus riparius) were employed to identify the toxicity of
freshwater sediment and suspender matter toxicity of the Rhine and Meuse rivers [89]. The
toxicity was related to metal concentrations in a lesser extension to polycyclic aromatic
hydrocarbons (PAHs), although in some occasions ammonia toxicity was a confounding
factor. For determining, harbour sediments that provoke hazard effect in The Netherlands,
three marine bioassays were deployed and conducting according to standard operating
procedure [90]. A 10-d survival test with Corophium volutator, a 14-d whole sediment
survival and reburial test with Echinocardium cordatum and Vibrio flscheri which is used
worldwide as screening tool. The authors concluded that amphipods and bacterium bioassay
were suitable for regulatory use, whereas heart urchin, E. cordatum showed lack of
repeatability and the availability of wild species is variable.
With the objective to fulfil international conventions for marine protection, an investigation
has carried out to design and to implement a battery of biotests under a tiered approach for
characterisation of dredged material for Spanish ports [86,91,92,93]. hi this way, the potential
impact of dredged material disposal is evaluated minimising evaluation and testing and in
consequence costs. The tier I corresponds to information of the affected area; the tier II is
focused of chemical analysis and contaminant levels and its comparison with action levels
[94], and finally tier III is based on biological effect measurement. The first step, it was to
include screening tests; Microtox test uses the photoluminiscent bacteria Vibrio flscheri and
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may be used in freshwater, estuarine and marine studies. This method was initially employed
for organic and saline extracts, but now a solid-phase has been developed. The protocol is
similar to the liquid phase, although a sediment exposure/filtration step added, hi the Table 6
is shown the different bioassays employed to the tired schema proposed for dredged sediment
from Spanish ports. With the objective to include species similar to the dredging zone
(Spanish coasts), benthic and pelagic taxes widely distributed are selected. Some of the
bioassay proposed has been developed for whole sediment recently, as the case of benthic
mieroalgae, Cylindrotheca closterium [95,96]. This organism are an ecologically relevant in
benthic environment, and especially in mudflats and coastal sediments where biomass of
mieroalgae can match or even exceed bacterial biomass in intertidal sediments [97]. The
selected specie is a very widespread that it shows fast growth in laboratory. The inhibition
growth was selected as endpoint and its usefulness for sediment metal spiked bioassays have
been considered [95, 96]. Although, it is not included in the Table 6,a new sediment bioassay
with Hydrobia ulvae have been developed for evaluation of surfactant [98] and metal spiked
sediment and natural sediment [99] and its utility to evaluate dredged material should be
considered. The hydrobiid mudsnail, Hydrobia ulvae. is among the most important depositfeeding invertebrates in European estuaries forming populations with densities up to 10x104
individuals/m2 [100]. The existence of a relatively short life cycle allows the assessment of
several relevant sublethal toxicity endpoints, such as reproductive rate, fertilization success,
offspring development and quality, growth or histopathologieal changes. Additionally, the
short life cycle allows for complete life-cycle toxicity assays and, consequently, the
comparison of the results with those obtained in short term toxicity tests in order to facilitate
routine evaluation of the toxicity of contaminated sediments.
Changes in community structure of benthic infauna and epifauna have been employed for
"in situ" measurement of contaminated sediment. Nevertheless, its use for evaluation of
dredged material can be considered not adequate, because it is influenced by physical
disturbance (sediment suspension). However, it is only recommended to determine the
environmental quality of dumping site to dispose dredged material. This classic approach,
joined to histopathologieal, bioaccumulation and biomarkers measurements have been
implemented to check chronic effects on the South Atlantic coast affected by mining wastes
with high metal concentration [101,102].
hi the Spanish port Pasajes de San Juan, four different sediment toxicity tests (Microtox
tests, clams, rotifers and amphipods) of the proposed battery (Table 6) were selected to
evaluate the environmental quality of its sediment [103], As result, it was concluded the
necessity to incorporate biological guidelines as a complementary tool for the characterization
of dredged material for disposal options, because the limited numbers for which sediment
guidelines have been implemented and they do no not include chemicals with potential
biological effects for aquatic life. Finally, the design of a Tier Testing schema based on the
integrated approach that includes chemical and biological guidelines has been shown as a
powerful tool to help the managers in the decision about the final management of dredged
material.
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Table 6
List of different bioassays to be included in the battery of sediment toxicity tests of routinely
use to characterise dredged material disposal options in Spain.
The exposure route, the organism taxa, duration, temperature and the standardization (check level, yes:
standardized,? in development and 0 not checked), the acceptability (useful for dredged material
characterization) and the references for a detailed description of the test conditions are shown
Organisms
Microtox<8)(SPT)
(Vibrio flscheri)
Echinoderms (P.
lividus)

Exposure Duration Temp Endpoints
Checked Acceptable References
Route
(°C)
Screening 15 min- 15
Luminescence inhibition Yes
[92]
Yes
lh
Elutriates 48 h
20
Survival (%)
Yes
Yes
[101]

Rotifer population
(B. plicatilis)

Elutriates

7d

25

Survival (%)

Yes

?

[105]

Amphipod
(Corophium.
volutator, A,
brevicornis)

Whole
sediment

10 d

20

Survival (%)

Yes

Yes

[106,107]

Benthic microalgae Whole
(Cylindrotheca
sediment
closterium)

24-72h

20

Growth inhibition

0

1

[105]

Echinoderm
(Echinoeardium
cordatum)

Whole
sediment

14d

15

Survival (%)

Yes

Yes

Polychaetae
Whole
(Arenicola marina) sediment

10 d

15

Survival (%)
Bioaccumulation

Yes
Yes

Yes
?

[23]

Bivalve (Ruditapes Whole
philippinarum)
sediment

48h-15
d

20

Survival (%); Burrowing Yes
(TB30)
Bioaccumulation;
Histological damage;
Biomarkers (MT,
EROD); Vitellogenin

?

[106,107]

Crab (Carcinus
maenas)

Whole
sediment

21 d-3
m

15

Yes/?

[92]

Fish: benthic and
pelagic
(Solea
senegalensis;
Sparus aurata)

Whole
sediment

1-3 m

20

Survival (%); Burrowing Yes/?
(TB30)
Bioaccumulation;
Histological damage;
Biomarkers (MT,
EROD); Vitellogenin
Survival
Yes
Bioaccumulation,
Histological damage,
Biomarkers (MT,
EROD); Vitellogenin

Yes/?

[106,107]

[108]

In USA, the evaluation of dredged material into waters involve a tiered testing and
evaluation protocol schema that include performance of acute and chronic bioassays to
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determine toxieity of dredged sediment [104]. Inland Testing Manual (USEPA and US ACE)
[78] and the "Green Book" (USEPA and USAGE) [79] provide guidance and
recommendations for performing tests. A large number of test species are considered,
representing five phyla and including 21 species of crustacean, 13 species of fish and 7
species of bivalve. Although, the number of routinely used specie is smaller being arthropods,
annelids and molluscs the most commonly employed. The majority of recommended tests are
acute and typically measuring mortality over short time spans. The protocols recommend that
three species with three different ecological life style species should be selected to assess
sediment effect.
The improvement of toxieity test for dredging material and sediment in general should be
supported in two directions: testing methods and extrapolations of results. For testing
methods, the selection of species belongs to different phyla and representative of those
inhabiting of disposal site in the best option.
Regarding to extrapolation results, it can be adequate to include toxieity tests that evaluate
effects provoked by chronic exposures and expanding the range of endpoints measurement
[104]. One approach to develop and employ tools and models to allow extrapolation of
measurement responses to individual level to population for species employed in toxieity test
dredged material has been pointed our by [109,110]
Sediments in estuarine and marine waters have to be tested in Germany according to a
"Directive for the Handling of Dredged Material on Federal Inland Waterways [2] and for
marine sediments the "Directive for Dredged Material Management in Federal Coastal
Waterways (HABAK-WSV)". For ecotoxicological tests of estuarine and marine sediments a
test battery is established: Marine algae (Phaeodactylum trieomutum, ISO 10253/CD),
Luminescent bacteria test (ISO 11348 part 1-3), Amphipod acute immobilisation test (ISO
16712/DIS). This characterizes a toxieity, assumed by an environmental sampling of a model
organisms, by how many times a sampling must be diluted in a ratio 1 :2 in order that it is no
longer toxic. For a numerical designation of the determined toxieity, the pT-value [2,17, 111]
is used for the evaluation and classification of the investigated sediment samples. The
toxieity class of dredged materials is determined by the pT-value of the most sensitive
organisms within a test battery. All bioassays in a specified test battery are considered equal
in rank (algae, luminescent bacteria, crustacean) [2,17, 111], The determined toxieity classes
are always based on the undiluted test sampling (pore water and elutriate). Pore water and
elutriate tests are to be considered as similarly rankeds the respective higher findings are to be
used for characterization of the sampling.
The stakeholders of the directives for dredged material management in Federal Coastal
Waterways and Inland Water Ways [2,111] are discussing to use beside the test battery further
testing concerning bioaccumulation in organisms (e.g. algae, mussel, fish) and biomarkers.
The ISO protocol for the biochemical response (see definition biomarker) EROD (ISO 238932/AWI) is already one recent example of a standardised and harmonised biomarker after ISO
[112] for exposed fish living close to the sediment. There is a demand for standardisation of
the sediment assays after ISO and CEN and a harmonisation between the laboratories (users)
before implementation of the test systems in regulations.
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7. STANDARDISATION AND HARMONISATION OF SEDIMENT ASSAYS AND
MONITORING STRATEGIES
For an integrated assessment of sediments it is necessary to use a complementary
combination of several test methods. A tiered testing is suggested in a hierarchical approach
covering the cellular, species, population and community level with a wide range of
sensitivity. The evaluation of those hierarchical systems is quite complex and the results
difficult to understand and to compare along international water ways. To solve this problem
many so called harmonization studies etc are done.
A much better strategy is to use the advantage of the national or even better international
standards e.g. after ISO (International Organisation for Standardisation) or CEN (European
Organisation for Standardisation). For sediment assays there are well established standard
protocols on the national level e.g. under AFNOR (Association Francaise de Normalisation),
BSI (British Standard Institute), DIN (German Institute for Norming) etc. all those standards
are formed by ISO-Working Groups and validation studies into ISO - and CEN - Standards.
The protocols of the sediment assays include the sediment sampling and preparation steps
of the sediments prior to the test procedures. The sampling should be conducted in accordance
with ISO 5667-16. The sediment is tested and evaluated concerning pore water, after
elutriation procedures and by sediment direct testing. The more relevant testing procedures
concerning exposure scenarios are the sediment direct or contact assays, which are
standardised under ISO or which will become soon an ISO Standard: sediment contact tests
with the bacterium Athrobacter globiformis (ISO Standard), the nematoda assay with
Caenorhabdities elegans (ISO-NWI), Fish egg test (ISO 15088), umu assay with Salmonella
typhemurtum (ISO 13829), Higher plant test with Lemna minor (ISO 20079).
ISO Standards are available as well for sediment pore water and sediment elutriates [2] at
different trophic levels and for evaluation of sub-animal effects. In the following the for
sediment testing proposed ISO Standards are listed.
Bacteria:
Kinetic luminescent bacteria test, determination of the inhibitory effects of sediments and
other solids (ISO NWI-AWI, Vibrio fisheri). Testing of elutriates by. Determination of the
inhibitory effect of water samples on the light emission of Vibrio flscheri (ISO 11348 Part 13, luminescent bacteria test) or by a growth inhibition test with Pseudomonas putida (ISO
10712, Pseudomonas cell multiplication inhibition test).
Invertebrates:
Determination of the inhibition of the mobility of Daphnia magna Straus (Cladocera,
Crustacea) - ISO 6341, acute toxicity test or for long term testing ISO 10706.
Fish eggs:
Determination of the non-acute toxicity to fish eggs (ISO/AWI15088)
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Algae and aquatic plants:
Fresh water algal growth inhibition tests with Desmodesmus subspicatus and Selenastrum
capricornutum (ISO 8692) and Determination of toxic effects of water constituents to
duckweed (Lemna minor) - ISO/DIS 20079, Duckweed growth inhibition test.
Genotoxicity:
Determination of the genotoxicity of water using the umu-test (ISO 13829) or determination
of the genotoxicity of water by the AMES-test (ISO 16240/DIS Salmonella/microsome test).
Evaluation of genotoxicity of water by measurements of the induction of micronuclei, ISO
21427-1 Evaluation of genotoxicity using amphibian larvae; ISO 21427-2 Evaluation of
genotoxicity using a cell line.
New emerging parameters under ISO:
Endocrine effects by receptor assays. Protocols of the ELRA (Enzyme Linked Receptor
Assay) and the hER and hAR assay by McDonalds are optimised and tested to have an ISO
Standard for endocrine effects in the near future.
ISO-Standards for sediment testing:
ISO 5667-18 Sampling - Part 16: Guidance on biotesting of samples
ISO 6341 Determination of the inhibition of the mobility of Daphnia magna Straus
(Cladocera, Crustacea) - acute toxicity test
ISO 8692 Fresh water algal growth inhibition tests with Desmodesmus (Scenedesmus)
subspicatus and Selenastrum capricornutum.
ISO 10253/CD Marine algal growth inhibition test with Skeletonema costatum and
Phaeodaclylum triconulum
ISO 10706 Determination of long term toxicity of substances to Daphnia magna Straus
(Cladocera, Crustacea)
ISO 10712 Pseudomonas putida growth inhibition test (Pseudomonas cell multiplication
inhibition test)
ISO 11348 Part 1-3 Determination of the inhibitory effect of water samples on the light
emission of Vibrio fischeri (luminescent bacteria test)
ISO 13829 Determination of the genotoxicity of water using the umu-test
ISO 15088 Determination of the non-acute toxicity to fish eggs
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ISO 16240/DIS Determination of the genotoxicity of water — Salmonella/microsome test
(AMES-test)
ISO 16712/DIS Determination of acute toxicity of marine or estuarine sediment to amphipods
ISO/DIS 20079 Determination of toxic effects of water constituents to duckweed (Lemna
minor) - Duckweed growth inhibition test
ISO/CD 20281 Guidance on statistical interpretation of ecotoxicity data
ISO/CD 21427-1 Evaluation of genotoxicity of water by measurements of the induction of
micronuclei - Part 1: Evaluation of genotoxicity using amphibian larvae
ISO/CD 21427-2 Evaluation of genotoxicity of water by measurements of the induction of
micronuclei - Part 2: "Mixed population" method using the cell line V79
ISO 23893-2 Biochemical and physiological measurements on fish - part 2: Determination of
EROD
ISO NWI-AWI Kinetic determination of the inhibitory effects of sediment and other solid
and colour containing samples on the light emission of Vibrio fischeri (kinetic luminescent
bacteria test)
Statistics:
The statistics of the ecotoxicity data should be conducted in accordance with ISO/CD 20281,

7.1. Monitoring strategies
The Strategies for monitoring of sediments are described in a ASTM Guidance document
[112] and for marine sediments there are strategies developed [8, 13] — sediment testing e.g.
by the determination of acute toxicity of marine or estuarine sediment amphipods (ISO/DIS
16712). Concerning strategies for monitoring and classification of sediments there are two
already described directives for Dredged Material Management in Inland and coastal water
ways [2, 111]. The integrated assessment should be expressed by so called pT-values [17].
Other aspect to be considered is the inclusion of subtle response as endpoint. The use of
biomarker in toxicity test has been considered as a attempt to link biomarker responses to
effects on life-history characteristics [113].
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8. BIOMARKERS
There are many definitions of biomarkers e.g.: "A biomarker is a xenobiotically -induced
variation in cellular or biochemical components or processes, structures, or functions that is
measurable in a biological system or sample" [11,12]. The IPSC (International Programme on
Chemical Safety of the WHO) [12] has three classes of biomarkers identified: - biomarker of
exposure; -biomarker of effect and biomarker of susceptibility. How can this very complex
definition and the biomarker classes be handled for understanding and documentation of
sediment testing and by governmental regulations? How can this definition be useful in an
operational way for governmental decision making in collaboration with industry and the
governmental authorities? But even if there are limitations there is already an initiative by
ISO (International Standardisation Organisation) to standardise biomarkers for governmental
regulations: effluent testing and sediments. Environmental management and regulative
requirements needs a number of tools for risk assessment and risk minimization and this can
best achieved by standardized, highly sensitive, reaction-specific and a widely applicable suite
of biomarkers. In the area of precautionary measures for the protection of sediment life
biomarkers still provides a most important aid in the fulfilling of actions after the
precautionary principle.
Oost [114] did a review about the use of fish biomarkers in environmental risk and they
proposed some guidelines for ecotoxicological research programs. Some of items pointed out
were: a) that it is necessary to include biomarkers covering spectrum of potentially toxic
chemicals; b) standardization of procedures for biomarker and species determination. The
biomarkers are in the sense of multi-arrays complementary to the chemical methods since
they can alert the presence of toxic compounds that require further instrumental analysis or
"bioresponse-linked instrumental analysis". For regulatory significance biomarkers have to
meet the requirements by ISO, CEN, OSPARCOM or other international standardisation
agreements. Biomarkers must be validated before application in the risk assessment process,
i.e. the multi task relationship between the biomarkers.
To understand the complexity of the structure of populations and processes behind the
health of bottom living populations and communities, we have to direct our efforts to promote
rapid and cost-effective new emerging test parameters. New emerging sediment parameters
are biochemical effect (biomarker) related parameters. There is a vast amount of expertise in
the anthropogenic stressed areas. Contaminants of sediments and their effects such as
genotoxicity, immunotoxicity and endocrine effects were detected in sediment organisms
from such "hot spots". A very promising tool is the scale classification based on biomarkers
in sediment exposed mussels. This scale classification called Biomarker-Index is applied for
pollution monitoring along the European coastline sediments [115].
The currently available biomarkers or biochemical responses are used as environmental
monitoring tools to assess information on early responses of living organisms to
environmental stressors, and to deliver signals on ecosystem damage and pathology due to
both man-made and natural pollutions. The biomarkers already applied to the water matrix
and to the organism of the benthos include beside genotoxicity also the new emerging
biomarkers such as endocrine effects and immunotoxicity. Beside the new emerging
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endpoints in immunotoxicity and endocrine effects. Examples for the new emerging effect
parameter immunotoxicity (phagocytosis) in the context of biotoxins are demonstrated by
exposed mussels to sediments in coastal areas and exposure of mussels under controlled
conditions to the water matrix. The results of immunotoxic effects in the mussels and the
endocrine load of the sediments will be demonstrated. The immunotoxic response of the blue
mussel was quantified by the phagocytosis activity (Phagocytosis Index) of the hemocytes. It
appears that both immunosuppressive and immunostimulative effects are likely to occur the
field and that responses will be influenced by the type and intensity of contaminants at play.
Immune system function in bivalves can be adversely affected by long-term exposure to
environmental contaminants. Investigating alterations in immunity can therefore yield
relevant information about the relationship between exposure to environmental contaminants
and susceptibility to infectious diseases.
Biomarkers (biochemical responses) for environmental monitoring are in the sense of
multi-arrays complementary to the chemical methods since they can alert the presence of
toxic compounds that require further instrumental analysis or "bioresponse-linked
instrumental analysis". The listed biochemical responses [11] as well as the endpoints for the
assessment of sediments see table 7. It is rather difficult to form the monitored biochemical
responses or Biomarkers into operational effect related standards for environmental standards
i.e. water and sediment quality criteria. In a practical example it will be demonstrated how to
organise the biochemical responses endpoints in an operational way and finally to result in a
relevant environmental endpoint. In table 1 the induction and inhibition in a functional system
is listed concerning function, interference and effect related endpoints.
Table 7
Sediment Monitoring of effect related biochemical responses (biomarkers) and the endpoints
(modified after [116, 117]).
Targets
Proteins
Enzymes

Example

Function in

acetylcholine esterase synapses

Interference by

Effects at the level of

organophosphorous and
carbamic compounds
microcystins

neurotoxicity

protein phosphatase 1 liver cells
and2A
saxitoxin, tetrodotoxin, procaine
Na+ channel
synapses
(voltage-gated
channel)
Transport protein SHBG,CBG,TBG
transport of hormones in endocrine disrupters
blood
R eceptors
estrogen receptor
cell nucleus
endocrine disruptors
(e.g. o,p-DDT, nonylphenol)
ana toxins
nicotinic acetylcholine vertebrate muscle
(ACh) receptor
end plate (neuromuscular
(liqand-qated channel) transmission)
Electron
photosynthesis II herbicides
QB protein
chloroplasts
carriers
(e.g. s-triazines, phenylureas),
phytotoxins
Nucleic acids
DNA
DNA double strands
chromosomes
intercalating polycyclic
aromates (ethidium, acridine,
coffein);
DNA adducts (metabolites of
chloracetamide herbicides)
Cytoskeleton
tubulin
cell division
colchicin, taxol;
Ion channels

Ribosomes

rRNA(ricin)

protein synthesis

anti-tubulin herbicides
(e.q. trifluralin, oryzalin)
ribotoxins (ricin, abrin, Shiga
toxin}

hepatotoxicity
neurotoxicity
growth, reproduction
growth, reproduction
neurotoxicity
photosynthesis
(plants)
genotoxlcity

cytotoxicity
(general)
(plants)
cytotoxicity
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In considering the impact of either natural stress or man made stress we always encounter
detoxification, disease defence, regulation and adaptation processes. This situation makes the
assessment approach by biomarkers rather complicated. On the other hand symptoms analysis
including functional (behaviour, activity and metabolism) and structural changes in organism
(cellular, tissue and organs), the biomarkers do have a significant ecological assessment
potential. For landscape planning and environmental management it is necessary to get
significant data from biochemical responses for relevant and sustainable actions.
Concerning the sediment matrix and the concentrations of EDCs (Endocrine Disrupting
Compounds) like nonylphenol, different phthalates and lower PCBs the endocrine effects in
the sediment system of a river basin can demonstrated by 17p-Estradiol equivalents (see fig 1)
Elutriates of River Sediments:! 70-Estradiol Equivalents [|jg/l]

T

class 1
0-5 ng/l
class2
c l a s s 3 10-25 (jg/1
Class 4 2S-50 jug/1
c l a s s 5 50-75 jjg'l
class675-100n9fl
c l a s s 7 >100M9'I

kilometre

Fig. 1: 17p-Estradiol equivalents in [ug/1] for elutriates of sediments in the Berliner River system
using ELRA in spring 2001. The sediments were sampled at the (top) layer; 0-5 mm of the sediment
layer.
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Pore Water of River Sediments: 17 G-Estradiol Equivalents [jjg/l]

T
T
•
•

10

20

10

class 1
O-Sjig/I
class2
c I a s s 3 10-25 (ig/l
c l a s s 4 25-50 iig/l
c I a s s 5 50-75 jig/I
clasi 6 75-100 pgfl

40

kilometre

Fig. 2: 17P-Estradiol equivalents in [|ig/l] for pore water of sediments in the Berliner River system
using ELRA for the year 2001. The sediments were sampled at the (top) layer; 0-5 mm of the rivers.
The analyses are done by the ELRA (Enzyme Linked Receptor Assay) and the hER and
hAR biomarker assays which will be soon part of an intercalibration study for endocrine
substances after the German Institute for Norming (DIN). The loading of the sediment by
Xenoestrogens is changing over the year and because of the extreme algal growth but there is
also a substantial amount of phytohormons in the sediments. Beside the estrogenic responses
there is only a poor evidence of Androgens in the River Havel sediments. In fig. 4 and 5 the
patchiness of the sediments of the Havel with endocrine responses in the river bed is shown.

8.1. Assessment by Biomarkers in correspondence to the WFD
For an assessment of the endocrine effects reported in figure 1 and 2 a scientific assessment
system is necessary. So, it was decided to use the "Ecototoxicological Classification System
of Sediments" [2,17,111] developed at the German Federal Institute of Hydrology (BfG). The
classification of sediments is based on the scientific ecotoxicological approach using so-called
pT-values. Different bioassays and different test phases (pore water and elutriate) are
considered equal in ranking in this system. The pT-value depends on the dilution factor and
the lowest observed effect concentration, see [17], The highest dilution level without effects is
corresponding to the pT-value, i.e. the dilution step 1:2 represents the pT-value 1. The toxicity
classes are assigned Roman numerals, it is a seven-level-system based on convention. We
combined the seven level toxicity classes system using pT-value of the xenoestrogenic effects
measured by the ELRA-test adapted to the five-level ecological classification system of the
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EU Water Framework Directive (WFD). The figures 6 and 7 demonstrate the assessment and
ranking using the pT-value as an ecotoxicological concept in correspondence .to the WFD.
WFD: pT-valucs and Classification of River Sediments (Elutriates)

20 -

10

kilometre

Fig. 3; pT-values expressed in toxicity classes (Krebs, 2000) in correspondence to the classification
system of the WFD. Xenoestrogenic effects data see fig. 4 (elutriates of sediments in the Berliner
River system for the year 2001).
WFD: pT-values and Classification of River Sediments (Pore Water}

25 •

15

10

kilometre

Fig. 4: pT-values expressed in toxicity classes (Krebs, 2000) in correspondence to the classification
system of the WFD. Xenoestrogenie effects data see fig. 4 (pore water of sediments in the Berliner
River system for the year 2001).
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In an example with the endocrine effects as a biomarker in sediments is demonstrated. For
an assessment for surface water the WFD has demanded to establish the "good ecological
status" and "good chemical status". The challenge in this study was to develop a strategy to
include effect related data of river sediments into WFD concepts. So finally a convention is
given to combine the seven level toxicity classes system using pT-value of the xenoestrogenic
effects measured by the ELRA-test adapted to the five-level ecological classification system
of the EU Water Framework Directive (WFD). To bring in to the WFD the effect related
approaches concerning bioassays and biomarkers this is only relevant in context to the
"Quality Norms (QN)" of environmental relevant substances and the "good chemical status".
The "Quality Norms (QN)" developed after the WFD in correspondence to the "good
chemical status" has to be enlarged not only for endocrine disrupting compounds as it was
shown in this example for estrogens (i.e. l?P-Estradiol) and Xenoestrogens (i.e. Nonylphenol
and Bisphenol A) in sediments. Also other classes of concern and their dangerous
environmentally relevant effects has to be investigated with reliable biomarkers.
Exposure experiments with mussels showed feminisation [118], increase of the biomarker
vitellogenin like proteins and the exposure of fish an increase of vitellogenin and intersexes
determined by microscopic examination of the gonads.
A comprehensive strategy regarding the demands of WFD is necessary, this example is a
contribution to the quality component chemistry but there are two others: morphology and
biology. The importance of the unique of this three quality components of the WFD has to be
discussed in further studies and the relevance to the ecosystem health. The environmental
aspects have to be strongly assessed in the context to Public Health. Effects in ecological
systems are closely linked to health therefore biomarkers and bioassays has to be included in a
sediment assessment in-line with the WFD. The most successful strategy would be to include
bioassays and biomarkers standardised by ISO and CEN into the approaches to define a "good
chemical status" in the river basin systems. Concerning biomarkers there will be several new
emerging tools in laboratory and field experiments in the context with the WFD [119]. The
genomics and proteomics are relevant tools in the field of promising biomarker developments
that allow the expression of hundreds to many thousands of genes to be monitored
simultaneously and they reflect the responses of the organism to the environment.
Complementary, to the genome, the proteome can be analysed using peptide mass profiling,
combination of two-dimensional gel electrophoresis and mass spectrometry. Toxicogenomics,
proteomics and metabonomics will assist in documenting the mode of action of chemicals and
to classify them according the biological system and sediments. At present, the application of
toxicogenomics and proteomics hi environmental sciences is rather rare. The major difficulty
is the lack of genome information and protein identifications for the most commonly used test
organisms. For diagnosis concerning human health new technologies like proteomics are
under development. These tools will help to validate effects in humans and in the environment
this will be one of the relevant direction for the future.
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1. SETTING THE SCENE OF EFFECT DIRECTED ANALYSIS (EDA) AND
TOXICITY mENTIFICATION EVALUATION (TD2)
Using biological responses is a new approach in environmental risk and hazard
management that provides an integrated measure of contaminant effect whilst also being an
efficient use of resources. Environmental anthropogenic contamination originates from
numerous production, application and waste sources constituting a multitude of chemicals
with intended or unintended effects on the biosphere. A relatively minute number of
chemicals, those that have been recognized to be hazardous, are adopted in monitoring
programs. In this view targeted chemical analysis in monitoring alone provides a poor hazard
assessment of the biosphere. This has been recognized in the Water Framework Directive
WFD [1], where both ecological (primarily) and chemical targets have to be defined and
accomplished by the member states in 2015. It is apparent that in order to meet the targets of
clean water and a good ecological status, the issue of contaminated sediments as a source of
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interfering compounds must be addressed. Alternatively several countries have included
toxicity in bioassays included in harbour sludge assessment procedures.
Not complying to either of the targets does, however, not elucidate the cause, and thus the
possibility to act on it by taking measures, nor does it shed light on the chronic risks by
anthropogenically elevated or xenobiotic compounds in the environment. Linking ecological
effects and risk to chemical compounds is a prerequisite in order to sustainably manage the
environment [2]. Techniques to achieve this do exist for sediments, but are still at the
development stage. The most familiar technique is TIE, or Toxicity Identification Evaluation,
and is mainly applied in the USA and Canada. An upcoming technique is Effect Directed
Analysis or EDA, which is getting interest mainly in Europe.
Based on a biological response, indicating a potential or actual undesirable effect, the
responsible compounds may be identified and counter measures designed. Measures derived
this way should be more effective and cost efficient than the current priority pollutant
approach, which is usually based on correlation between effects and pollutant concentrations.
In both hazard and risk aspects TIE and EDA are also useful tools when solving toxicant
related impediment of reaching the WFD targets like Good Ecological Status (GES) or Good
Chemical Status (GCS). They will be a solving part of a Decision Making system (ref. SedNet
book of WPS) by offering the controls to devise measures.
The starting point of going into a sediment-TIE or EDA may be due to surpassing of
environmental quality objectives (EQO), maximum permissible response levels by bioassays
in harbour sludge assessment or not reaching a Good Status within the Water Framework
Directive of the EU [1]. The decision may be better underpinned as the net result of a "weight
of evidence" assessment using components of a sediment quality TRIAD and a further pinpointing of proof that compounds are involved in the eco(toxico)logical effect.
TIE and EDA techniques will be introduced in this chapter. The bioassays involved are
described in Chapter 4. The sediment quality TRIAD is comprehensively introduced by
Chapter 8.
1.1. Toxicity Identification Evaluation, the EPA concept
The procedure of identifying culprit compounds and verifying them as the true cause of
observed effects was first launched by Samailoff et al. [3], adapted by the US-EPA and
referred to as Toxicity Identification Evaluation or TIE [4, 5, 6]. The approach has been
adopted occasionally in European environmental research and management in the late-90s [7].
The classical TIE techniques published by EPA apply in-vivo bioassay organisms as test
organisms and is particularly focussed on water. TIE recognises three phases covering the full
identification procedure.
During Phase I compound groups are removed from the biologically active water sample,
until the response disappears.
In Phase II substances are chemically identified in the treatment product that diminished the
toxic response of the sample, and individual activities correlated to the response.
In Phase III activities of individual and copy-mixtures of the identified compounds in the
original sample are to be confirmed by the same bioassay [2, 8].
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Standardised EPA techniques and procedures for sediment TIE are currently not available.
The most recently published guide [9] is restricted to sediment porewater and requires a
complex series of manipulations using several kinds of in-vivo bioassays (Fig. 1). No in-vitro
bioassays are mentioned in this guide, Toxicity by the sediment matrix is not yet included,
because it is assumed that in-vivo bioassay organisms are exposed to the compounds present
in porewater, which are in equilibrium with the particle matrix [2]. For non-polar compounds
this "water extract" may result in a underestimation of the sediment toxicity.
Flow Diagram for Sequential TIE:
Fractionation, Testing and Interpretation
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Fig. 1: TIE diagram after NFESC, 2003
During sediment TIE Phase I, after each step in-vivo bioassay organisms are re-exposed to
the manipulated sediment. This sets limits to the manipulations, which must not introduce
new types of toxicity or stress. The reprodueibility of these sediment TIEs is usually quite
poor, because the level of control over each manipulation is limited.
The sediment TIE Phase II deals with sediment extracts of all kinds analytically, being the
results of the operations that led to reduced toxicity response. Biologically, within Phase II
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continued toxicity testing with in-vivo bio-assays is required to track the toxic fractions
within the extracts in which eventually the toxicants are identified [2]. Re-exposure to
sediment in-vivo bioassays poses quite some practical problems, like in Phase III.
The sediment TIE Phase III uses a copy-mixture and concentration of pure compounds
being identified as the culprit chemicals. This mixture is then to reinduce a significant part of
the biological effect response. Identified compounds in a pure form may not always be
available commercially and require a special synthesis. Re-exposure of sediment dwelling invivo bioassay organisms to artificially spiked sediments is also difficult because of the
different bio-availability of the ad/absorbed compounds in comparison with natural
sediments.
The in-vitro biological test-systems, which are usually applied in EDA, may fill in some of
the above-mentioned limitations of in-vivo sediment TIE and constitute a valuable
complementary approach. EDA requires a specific TIE design, because the in-vitro bioassays
are mostly starting with some form of extraction of the sediment to primarily gain the nonpolar organic compounds of interest. EDA requires highly sophisticated preparative and
analytical tools to identify the pertinent compounds.
Combining in-vitro and in-vivo sediment TIE and EDA will be the subject of upcoming
development to be further elaborated in future research. The combination will be powerful by
addressing the full scope of physical and chemical factors, using both biological and chemical
techniques to assess actual, and predict potential hazard and risk and its in-between safety
margin.
1.2, Effect Directed Analysis: the upcoming approach
The principle of Effect Directed Analysis or EDA is to use the response in a biological
(test) system to direct the analytical pathway towards identifying the chemical compounds
causing this response, A comprehensive review of EDA applications is provided by [10].
The biological test systems used are based on sets of bio-active structures responding to
chemical compounds. At present they include also whole organism in-vivo bioassays, but are
mainly focussed on cell based in-vitro bioassays and biochemical tests with biomarkers,
biosensors and immunoassays.
EDA is an important tool in providing the link between observed adverse effects in the
field, which are often difficult to explain, and known biochemical responses of individual
compounds, of which the environmental importance often lacks. The diagram in Fig. 2 shows
the position of EDA/TIE in this area of tension.
Ideally, a biological test system would respond to different (groups of) compounds, where
the sequence of biological tests is sensitive enough to cover both a wide scope of biologically
active chemical compounds and a wide range of effects and pollution levels. Individual tests
may, preferably, respond to a narrow range of compounds. In this way the EDA test battery
and analytical sequence will respond to its purpose: tracing back biological and ecological
deteriorating effects due to its compound source. The current EDA procedures are focussed at
non-polar organic compounds, which can be denoted as "key toxicants" and constitute the true
priority compounds.
Additionally, the chemo-analytical tools can boost sensitivity of appropriate biological test
systems to the level of ecological effect prevention ('early warning') by concentrating
extracted chemicals into a smaller sample volume.
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Fig. 2: Position of EDA/TIE in translation of results derived under laboratory conditions and in field
studies
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Fig, 3 Example of an EDA scheme in 3 Phases: L Characterisation, ^Identification, IILConfirmation.
The confirmation
level X % is open to the choice of parties involved.
If none of the applied bioassays do respond, a screening of the unknown mixture weighed against the
key toxicants in the EDA database or mass spectrum library may offer an entry towards potential
toxicants, related bio tests and sources. The same applies if Phase II is unsuccessful.
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EDA is much like TIE a tiered approach to identify the cause and source of the environmental problem. Performing an EDA can be very well combined with a TIE. The phases are
exemplified for an in-vitro bioassay EDA (Fig. 3).
hi Phase I (Characterisation) the bio-assay response of the entire extract and its fractions is
measured.
hi Phase II (Identification) the extract or fractions showing a response the pertinent
compounds are identified and their activity assessed, i.e. their (combined) contribution to the
observed response evaluated (response % explained / correlated to identified compounds)
hi Phase III (Confirmation) the individual and copy-mixture of the original extract
compounds is tested to confirm the response in the bioassay.
hi the case that none of the bioassays of the EDA battery would respond, a non-target GCMS or LC-MS screening of the unknown mixture may offer an indication or identification of
key pollutants using the compound database or library.
Where sources are to be pinpointed an up- and downstream mass spectrum profile
comparison may be suitable to indicate a suspect source.

1.3. TRIAD: the overall picture
Biological test systems (a.o. bio assays) are suitable to uncover toxic effects on selected
organisms by the environment they are exposed to. Chemistry provides the chemical data to
correlate the test responses to. These are, however, only a part of the overall picture, where
insight hi the ecological status is the ultimate goal. Integrated approaches are required to
obtain this insight and were proposed for sediments as the sediment quality triad, or just
TRIAD. Simultaneously gathered data on (sediment) chemistry, toxicity and ecological shifts
in the field would provide a better assessment then either of these TRIAD components
[11,12].
The role of sediment EDA and TIE is supplementary to the TRIAD approach by putting a
solving extension to it with respect to the key toxicants involved in the effect assessment:
birth of the TETRAD. The TRIAD approach is described in detail in Chapter 8.

2. EDA AND TIE APPROACH
The response of a biological system is the primary trigger to perform TIE or EDA (Fig. 3).
This biological response is also used to direct the TIE and EDA pathway in the choice of
applied procedures. However, in certain circumstances a suitable surrogate biological test
system may be required (e.g. use of in vitro cell lines in place of in vivo fish). Confirmation,
the conclusive phase III of TIE and EDA, of the identified substances as cause of the effect
can only be checked with the same biological (test) system that initiated the TIE or EDA.
TIE and EDA use slightly different paths in reaching the same targets of characterizing,
identifying and confirming the cause of detrimental biological effects.
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The TIE procedures are to remove toxicity from the tested matrix and determine the cause
of toxicity in the removed fraction of the sample.
The EDA procedures analyse the causal substances by determining the toxic response of
each (sub)sample, which is already an extract of the original total sediment.
Considering the complexity of the sediment matrix the EDA approach has some distinct
advantages over sediment TIE by better intertwining the toxicological and analytical
pathways. TIE, however, is closer to the ecological relevance because it uses less modified
testing material and more authentic organisms.
First, the suite of toxicological and analytical methods and techniques required to utilize the
full scope of EDA or TIE potential will be addressed. This suite will be referred to as the
"EDA and TIE toolbox" and comprises biological test systems, compound extraction and
fractionation techniques, and analytical chemistry identification tools. Second, the EDA and
TIE procedures using tools from the toolbox will be described.
2.1. EDA and TIE toolbox
2,1.1. Biotesting
Any standardised and measurable biological response can be used to direct EDA and TIE.
However, since EDA and TIE are dealing with many sub-samples and fractions to be tested,
the most suitable bioassays have the following characteristics:
• Require low sample volume
• Sensitive
• Representative
• High throughput
• Specific
• Cost effective
In-vivo bioassavs using bulk sediment
These bioassays are primarily suitable for a TIE sequence. Intermediate fractionation
samples may be subjected to EDA identification. It is the most field representative approach
to evaluate the real exposure of benthic organisms to contaminants. In these bioassays, which
are conducted to evaluate the toxicity of the whole sediment, organisms are exposed to
contaminants adsorbed to particles as well as water-soluble contaminants solved in the
porewater. Although only a few protocols have been standardised, more and more bioassays
are developed to cover a wider range of species specific toxicity. Exposure time is typically
10-28 days, which means that during this time non-polar organic compounds adsorbed to the
sediment do probably not equilibrate with the test organism.
Biomarkers in biota
Biomarkers are usually related with higher phyla of species, i.e. fish. Considering the
relatively long reproduction and growth cycles biomarkers are not suitable for TIE or EDA.
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Bio-assays using sediment porewater
These bioassays cover a wide range of species, which are suitable for TIE and to a lesser
extent for EDA. They are aquatic bioassays, exposed to porewater and are used to evaluate the
potential toxicity of water-soluble and bio-available contaminants. It is very important to
evaluate porewater toxicity because it is a key exposure route for certain contaminants to
certain bentbic organisms. It is however by no means the only or most important exposure
route.
The small volume of extracted porewater, handling and storage of the aqueous phase,
causing physical and chemical modifications of water and contaminants, are inherent
practical problems. For example, porewater pH increases after extraction causing higher
levels of ammonia, being responsible for the toxicity observed [8].
Analysis of sediment pore water for the presence of contaminants can provide important
information on the substances that contaminate the marine environment. If the risk posed by
the compounds identified is to be properly assessed, then there is a need to take into account
that the toxicity testing of pore waters is one step away from reality and that porewater is not
the sole route of exposure to sediment dwelling organisms.
Bioassavs using sediment elutriates
These bioassays are identical to porewater bioassays in terms of their suitability for TIE
and EDA. Elutriates are homogenised bulk sediments, where the water phase (elutriate) has
been separated from the paniculate phase. Since sample manipulation is even more extreme
than with porewater, redox mediated physico-chemical changes are a practical problem.
Bioassavs using sediment extracts
These bioassays are usually suitable for EDA and TIE. They consist of micro-scale in-vivo
and in-vitro bioassays, which are exposed to an extract of either the bulk sediment, porewater
or particulate phase. These extracts are obtained with several methods (ref. extraction) and
require special methods of delivery to the bioassay (i.e. "partition controlled delivery" [13]).
Redox sensitive compounds are subject to chemical changes as in porewater tests. For this
reason this type of tests is primarily developed to test for organic compounds, which were
selectively extracted from the bulk matrix for testing.
2.1.2. Sample preparation procedures
The isolation procedure of toxic substances from a sediment sample is the first and most
important step. Both with EDA and TIE this step should isolate the "key toxicants". The
purpose of EDA however is to use the isolate as the basis of biotesting. The purpose with TIE
is to remove "key toxicity" from the bulk sediment.
The choice (or combination) of available techniques to obtain the sediment isolates enables
a "potential hazard", "actual risk", or "potential risk" assessment. The range of techniques are
described following the sequence of:
• Basic sample manipulation
• Extraction
• Clean-up
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• Fractionation
• Application/Delivery
The type of toxic-mechanism-based in vitro assays also determines the appropriate
TIE/EDA strategy (Fig. 4): (1) a search for known target-compounds, or (2) a search for
unknowns having known, active, functional groups, or a combination of both. The schema
below gives examples of both strategies. First, for dioxin-type toxicity, which is largely a
search for known compounds or new representatives of know compound classes, e.g. sulfurcontaining PAHs [14]. Second, for genotoxic compounds, which is very much a search for
unknowns in different compound classes, having known functional groups.

Target-definition
r

f

Target-compounds with
dioxin-type toxicity.

f

Numberof compounds

approx. 450

Individual activities known

basically yes

QSARs available

seV eral

Chemical propertiesin relation
to chromatography

basically: yes

Genotoxic unknowns with known
active functional groups.

i

r

*»
some, e.g. aza-arenes
some, e.g. NO»-PAHs
group-wise, e.g. on NP-HPLC

Fig. 4 in-vitro EDA-bioassay specific approach exemplified for dioxin-type and genotoxic
compounds.

Basic sample manipulation
Preparing raw samples for EDA/TIE is usually required for biomarkers and bioassays using
a selected part of the sample as testing material. The procedures of working with in-vivo
bioassays and biomarkers are described in Chapter 4. The procedures specific for EDA with
in-vitro bioassays are shortly described here. Several of those techniques can be applied in a
TIE to reduce toxicity of the bulk sediment or porewater and thus recover the "key toxicant"
mixture with the isolate.
In the estuarine and marine environments the concentrations of chemicals in water and
sediment are usually too low to generate a response in bioassays. To assess with bioassays
whether hazardous compounds are present, preconcentration steps are often necessary.
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In the case of sediments and suspended matter two basic procedures are commonly used:
collection of suspended matter (SPM) from the water phase and sieving out the fine fraction
(< 63 um) from the bulk sediment.

Collection of suspended matter
The amount of particulate matter (re)suspended in the water column changes dramatically
between regions and in time. Suspended matter is however a selective carrier or scavenger of
metals and apolar compounds and an important food source for filter feeders. To test
suspended matter (SPM) for bioassay response or hazardous compounds quite a quantity has
to be collected. The sole practical way to do that in the SPM flow-through centrifuge (Fig. 5).
Depending on the SPM content of the water a 100 to 10.000 L of water have to be centrifuged
at 10.000 rpm. The SPM is collected at teflon flaps after passing through a tubing system and
a pump. Recent findings show that e.g. phthalate-free tubing is essential to prevent
contamination of the samples [15].

Fig. 5 Suspended Matter Centrifuge. The cyclone-like rotor inside the (centre) housing receives ~1000
Lhr"1 through the tubing. The brass piping is the outlet. The suspended matter settles at teflon flaps,
which are attached to the rotor wall turning at ~ 10 000 rpm.

Effect directed analysis and toxicity identification evaluation

173

Collection of sediment fractions
As with suspended matter, the fines (< 63 um fraction) is an excellent carrier and ad/absorber of metals and non-polar compounds. In sediments, this fraction is searched for by
sediment dwellers and pipetteers, showing a size- and organic carbon-rich particle selective
feeding behaviour [16, 17]. Collecting this fraction provides a better picture of the actual
hazard and improves comparison between different sites. In the same run relative compound
concentrations per gram of matrix do increase, making biotest responses and analysis easier.
The sediment fractions usually collected from total sediment samples are the size-fraction
<20 urn or <63 um, either by wet or dry sieving. The (combinations of) methods have not yet
been fully harmonised and still differ between countries and regions. Differences in this first
crucial step are already hampering the intercomparison of data [18].
Basic treatment
Fine particulate fractions are freeze-dried and homogenised using a planetary mill with
agate balls. This treatment diminishes intra-subsample variation to below the analytical
variation [19].
2,1.3. Extraction methods
The extraction of substances of interest from a test sample can be considered as the first
step (EDA/TIE Phase I) since only these are tested. The extraction techniques and the
conditions used will largely determine which substances and how much of each one will be
included in the extract sample. The composition of this extract will differ from the initial field
sample, depending on the substance specific extraction efficiencies.
Being aware of this, is particularly important in EDA procedures and related chemical and
biological analytical systems. As the basis for in situ risk assessment and identification of
causative compounds, the extraction of the biological and the chemo-analytical trajectory
should be identical as far as possible, providing the best basis in order to correlate response
and chemicals.
Several types of extraction are currently in use in sediment EDA and TIE:
• Matrix manipulations
sediment elutriate
porewater extraction
• Solvent extraction (usually organic compounds only)
• Solid phase extraction, including bio-mimetic techniques
• Receptor selective columns (compounds which bind (competitively) to specific receptors,
like the Estrogenic Receptor)
Matrix manipulations
When working with pore water or sediment elutriate it is important to consider potential
changes in the bioavailability of substances during collection, extraction or storage. Pore
waters used in EDA/TIE will always be defined by the extraction method used to isolate the
porewater and any subsequent treatments. Sediment elutriate is extracted as if it were pore

174
174

et al.
J.F. Bakker
Bakkeretal.

water, only the sediment has been homogenised prior to water extraction. The suitability of
different techniques for the isolation of sediment pore water has been closely evaluated [2]
and a guide to conducting EPA style TIE on porewater is also available
(http://web.ead.anl.gov/ecorisk/methtool/pdf/ug-2052-tie.pdf). There are three methods that
are suitable for extracting pore water in the quantities required for EDA/TIE: (1) the syringe
method; (2) centrifugation; and (3) pressurised extraction. The advantages and disadvantages
of these methods are described in Table 1. Once isolated pore water can essentially be treated
as any other aqueous sample and be subjected to the sample substances isolation/fractionation
procedures.
Solvent extraction
The choice of solvent or destructant basically determines which compounds will be
extracted from the matrix. The fraction of mass transferred into the solvent is dominated by
the compound specific equilibrium constants (assuming equilibrium is reached during the
process), which depend on the extraction conditions like pressure and temperature. The
systematic error in extraction recovery is usually quantified with internal standards. Because
the extract is used in biotesting, the recoveries must be determined in a parallel sample, and
will not clarify the recovery of unknown compounds in the mixture.
The mass transfer into biota will be much smaller in the field, because that will depend on
water-mediated or food-mediated transfer. This is an important aspect in evaluating the
biologically available fraction and the assessment of the potential versus the actual hazard.
The solvents can be grouped in three types; water, acids, and organic solvents.
• Water
Water soluble compounds represent a large group of biologically active toxicants like polar
pesticides, herbicides, pseudo-hormonal disrupters. After equilibration between partieulate
matter and (pore)water, the phases are separated by centrifugation or filtration. The
dissociation into ionic or non-ionic species may determine the toxicity of these compounds.
The pK values and the pH are then determining the actual toxicity.
• Acids
Moderate to strong acids are used to destruct the bonding of metals to the minerals and, in
case of Hydrogen Fluoride, the destruction of the mineral structure. Usually these destruction
methods render a matrix, which is no longer suitable for in vivo bioassays. The isolated metals
can be applied in in vitro bioassays after solvent change or customized delivery.
• Organic solvents
Most common methods are described in the Chemical Analysis chapter 3 . To preserve
biological activity the latest developments in Accelerated Solvent Extraction (ASE) at low
temperature are most suitable for EDA/TIE [21]. Usually a solvent change is required to avoid
toxic response by the extraction solvent. DMSO is a frequently used solvent (re/ 2.2.1). The
latest development by customised delivery to the bioassay using a solid phase is probably the
best method for non-polar compounds [13,22].
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Table 1
Comparison of pore water extraction methods (SETAC, 2001; [20])
Extraction Method
Syringe

Advantages
Ease of operation; requires
inexpensive equipment
Suitable for a range of grain
sizes

Can generate large volumes of
pore water

Centrifuge

Ease of operation
Duration and speed of
centrifugation can be varied to
optimise extraction
Time-efficient collection of
required volume
Can generate large volumes of
pore water
Effective with fine/medium
grained sediments

Pressurised
extraction

Can be used with highly
bioturbated sediments as does
not lyse cells
Can generate large volumes of
pore water
Suitable for a wide range of
sediment grain sizes
Improved redox control by
using nitrogen as pressure gas.

Disadvantages
Potential sorption of metals and
organics on air stone
Slow, labour-intensive process to
collect required volume, especially
in fine sediments
Collection of overlying water may
occur with in situ collection
Degassing of pore water may
occur
Moderate redox control
Requires expensive equipment
(e.g. refrigerated centrifuge with
high volume bucket capacity)
Labour-intensive
Potential sorption of organics to
centrifuge tube unless Teflon
tubes used.
Pore redox control
Cells may lyse during
centrifugation
Not effective with sandy
sediments
Potential loss of organics on filter
Changes in dissolved gases may
occur

Solvent Exchange
Many different procedures have been reported for the extraction of organic compounds
from participate matter (soil, sediment, suspended matter, aerosols) for ecotoxicity testing.
The majority of the extraction techniques that were developed are optimised for analyticalchemical performance, and consists of combinations of devices for extraction and
concentration, and suitable solvents, respectively. An overview of the procedure steps
generally performed in an extraction procedure for ecotoxicity testing is given below.
1) The participate sample is extracted with suitable extraction solvents), e.g., dichloromethane or acetone/hexane.
2) wet samples are preferably used for maximum recoveries of organic microcontaminants;
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3) The extract is concentrated by evaporation, purified and again concentrated;
4) At a small extract volume, a small volume of carrier solvent is added and the remaining
extraction solvent is evaporated;
5) The extract in carrier solvent is added to the aqueous test sample.
When partition-controlled delivery is, steps 4 and 5 can be omitted if the concentrated
extract is added to the solid phase carrier (C18, PDMS).
Carrier solvents
Carrier solvents, also often referred to as co-solvents, are water miscible organic solvents
that are used to add extracted organic micropollutants to aqueous toxicity test media. This
chapter offers a rationale for choosing appropriate organic carrier solvent(s) for toxicity
testing procedures; it is assumed that separate extraction solvents have been used. Evaluation
of relevant properties of a series of solvents will converge to a list of four carrier solvents, that
are best suited for ecotoxicity testing using in vitro bioassays.
The ideal carrier solvent used for ecotoxicity testing should meet the following criteria:
• Effective: sufficiently high solubility of target compounds.
• Water-miscible: the carrier solvent must be water-miscible.
• Non-toxic: the carrier solvent should have little or no adverse effects on test organisms at
typical test concentrations in water (usually 1% v/v).
If needed, a safety criterion can be added (to ensure a safe, non-toxic, working area).
However, as the volume of the carrier solvent is generally limited to only a few millilitres,
standard laboratory procedures generally provide a sufficiently safe working environment.
To aid in selecting an appropriate solvent, a pre-selection was made of ten solvents that
can, hi principle, be used as a carrier solvent and that are the most widely used in the field:
acetone, acetonitrile, dimethylaeetamide (DMA), dimethylformamide (DMF), dimethylsulfoxide (DMSO), ethylene glycol, ethanol, methanol, 2-propanol, and propylene glycol.
Solvent Effectivitv
When the target compounds are unknown, their solubilities in the co-solvent/water test
system used cannot be predicted on forehand [23]. The solubility of apolar compounds in
apolar solvents is generally more than adequate and therefore not a problem, hi this study,
hydrophobic, polar and hydrophilic compounds/solvents are defined as having a Log Kow
>2.6; Log KQW 0.5 - 2.6 or Log K<,w <0.5, respectively. Of greater concern is the limited
solubility of apolar - and possibly polar - target compounds in hydrophilic carrier solvents and
especially cosolvent/water systems. Insufficient solubility could have a profound effect on the
validity of the extraction procedure and the bioassay results. A solvent property that could be
useful in this respect is the cosolvent strength (CSS), defined by Morris et al. [24] and Pinal et
al. [25], as the increase (percentage) of the aqueous solubility of a compound in a given
cosolvent/water system (Eq. 1 and 2)
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in which Si,mix and Si,w are the solute solubilities in water/cosolvent and water, respectively.
CSS can be approximated by:
Log CSS=(a*Log Kow + b) *

fi,

(2)

a and b are solvent parameters, and fc is the fraction (0-1) of cosolvent in water. The cosolvent
strengths of carrier solvents for three different PAHs: naphthalene, anthracene (Ant), and
benzo(a)pyrene (BaP) were calculated (Table 2). Average 1% CSS values for Nap, Ant and
BaP are 8.3 ± 1.3,11.0 ± 2.0 and 14.1 ± 2.8 %, respectively, and statistically do not different
significantly (with the exception of Nap to BaP); the over all CSS average is 11.1 ± 2%.
Therefore, 1% CSS values will not be used in ranking of cosolvents. Calculated differences
between 10% cosolvent strengths are more different, as is clear from Table 2. These values
are used to rank the different CSS values As the standard deviation of the average 10% CSS is
fairly high (52%), group-ranking is used: ethylene glycol has the lowest rank (3), methanol
and propylene glycol are second (2), while the other solvents all have rank #1. This way, the
luse of CSS does not over-discriminate.
The results show that at 1% (v:v), the 'co-solvent effect of carrier solvents' is relatively
small and is not a major function. In view of this result it may be tempting to eliminate the
use of carrier solvents entirely. However, we assume that they still play an important role hi
"carrying" the organic micropollutants from the organic extract into the aqueous phase, i.e.,
by preventing unnecessary micelle formation, crystal formation and precipitation. In other
words, the carrier effect presumably is the main function of carrier solvents; while the
increase of solubility - the co-solvent effect - appears to be a minor function. Nevertheless, it
can be anticipated that - due to oversaturation of the cosolvent/water test media -,
precipitation of highly hydrophobic micropollutants such as PAHs can possibly occur [26].
This means that the transfer procedure of extracted organic micropollutants into the aqueous
test medium must be validated. Calculations on solubilities of organic compound mixtures in
cosolvent/water systems, and resulting sediment/aqueous test medium phase ratios for which
the extracts can completely be dissolved, are in progress at our laboratories.
Solvent Water miscibilitv
A carrier solvent must be miscible with water. Water miscibility of the evaluated carrier
solvent is quantified by using their aqueous solubility (Sw). In [27] water miscible solvents are
defined to have a Sw of 106 mg.L"1. All preselected carrier solvents comply with this criterion
and are therefore suited.
Solvent Toxicity
The carrier solvent should have little or no adverse effects on test organisms at typical test
concentrations in water (usually 1% v/v). The toxicity of the selected solvents can be
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evaluated using literature data; Table 3 gives Microtox™ ECJO (30") values (TerraTox
database), average LCSQ values for Anemia salina (AQUIRE), average LC50 for Pimephales
promelas (AQUIRE); N/A. =not available. Ranking is based within-orders-of-magnitude. Due
to lack of data, no ranking is given to Dimethylformamide. Clearly, the solvent toxicity
depends on the bioassay used. DMSO, methanol, 2-propanol and acetone. The alcohols and
DMSO appear to be the best choice. It is advisable, however, to evaluate the solvent-toxicity
for each species used in the testing procedure. For example: Schiewe et al. [28] investigated
solvent-exchange for application in the Ames genotoxicity test, and pointed to toxicity
increase when changing from dichloromethane to DMSO.
Table 2
Cosolvent strength (as the percentage increase of solute aqueous solubility) of different
organic solvents in concentrations of 1 and 10 % (v:v), for three PAHs, naphthalene (Nap),
anthracene (Ant) and benzo(a)Pyrene (BaP), and the 10% CSS of these three PAHs. Solvents
with highest CSS are ranked #1.
SoIveBt
BaP
Avg.
Rank
Nap
Ant
10% 1%
10%
10%
1% 10% 1%
1
228
16
358
242
Acetone
9
140 13
244
1
Acetonitrile
139 13
229
17 364
9
1
Dimethylacetamide (DMA)
9
210
15 313
220
137 12
1
212
15 317
222
Dimethylformamide (DMF) 9
138 12
230
1
Dimethylsulfoxide (DMSO) 9
142 12
219
16 329
8
3
87
111
88
Ethylene glycol
9
67
6
1
201
15 300
211
Ethanol
9
131 12
172
2
8
166
13 234
Methanol
115 10
1
195
15
297
204
2-Propanol
8
124 11
11
2
133
186
137
Propylene glycol
7
92
9
Overall evaluation
The performance of each solvent with respect to the criteria can be evaluated individually.
However, adding (arbitrary) weight factors to the criteria allows for a better discrimination as
the criteria are not equally important. Table 4 gives the result of the final ranking using the
following weight factors (WF): toxicity: WF=5; effectivity: WF=3, where toxicity is
obviously ranked more important than effectivity.
Now, DMSO, 2-Propanol, Acetone, and Methanol are ranked 1-4. In the literature, these
solvents are among those that are used most for toxicity testing.
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Final remarks
This solvent evaluation system gives a more solid empirical basis for the selection of
carrier solvents for extraction and bioassay testing procedures. Due to the empirical nature of
the selection procedure, it is advised that, before application of a particular solvent, the
toxicity data for the solvent of choice are collected and evaluated.
Table 3
Microtox™ EC50 (30") values (TerraTox database), average LC50 values for Artemia salina
(AQUIRE), average LC50 for Pimephales promelas (AQUIRE); N/A. =not available.
Solvent

EC50 [mM] EC50 [niM]
LC50 [mM]
Microtox™
Artemia s. Pimephales p.

Rank

Acetone
Acetonitrile
Dimethylacetamide (DMA)
Dimethylformamide (DMF)
Dimethylsulfoxide (DMSO)
Ethanol
Ethylene glycol
Methanol
2-Propanol
Propylene glycol

289
584
55
273
1125
769
10
4931
582
377

2
3
3
1
3
3
2
2
3

0.04
0.01
N.A.
N.A.
0.08
0.03
0.32
0.04
0.17
0.13

0.2
0.03
N.A.
0.1
4.4
0.4
0.2
0.3
0.2
N.A.

Table 4
Final rank of applicability of solvents in bioassays
Final rank
Solvent
Dimethylsulfoxide (DMSO)

1

2-Propanol

2

Acetone

2

Methanol

4

Ethanol

5

Dimethylformamide (DMF)

6

Acetonitrile

6

Ethylene glycol

g

Propylene glycol

-

Dimethylacetamide (DMA)

-

Solid Phase Extraction (3rd Phase Extraction)
Solid phase extraction is based on a physically controlled mass transfer between one solid
phase carrier (usually heterogeneous sediment or suspended particles) and the intended solid
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phase extractant (SPE). SPE is also referred to as 3rd Phase Extraction, because an additional
phase is added to the particulate and water phases already present.
The characteristics of the SPE material and the compounds, and the physical conditions of
advection an diffusion (i.e. diffusive boundary layer) determine which fraction of chemicals
will be extracted within a specified time. In case of sediments, the apolar character which can
be indicated by the SPE/water solubility as the distribution constant (K<i) or octanol/water
distribution constant (Kow) is a dominant parameter. The mass transfer rate (flux) determines
the quantity and equilibrium time of the extraction, which primarily determined by the
dimension of the diffusive boundary layer. For this reason SPEs are agitated vigorously to
minimise this layer and even create direct contact between de particles and the SP (Smedes
personal communication).
A prerequisite in EDA/TIE is to obtain enough mass to perform both the chemo-analytical
and biological analyses. This requires enough mass storage capacity in the SPE, making a
limited number of methods suitable to use with EDA/TIE. The volume ratio between
sediment and SPE and the SPE physical properties determine to which extend the sediment
particulate phase will be depleted (Fig. 6). Depletion may be important in sediment TIE, in
order to remove toxic compounds from the sediment. On order to mimic the levels in biota
resulting from exposure to sediments, non-depletive ratios and properties are required. The
equilibration time of the sediment/SPE system determines which level of KoW will be
extracted by the SPE [68]. The above implies that the application purpose of the SPE will
shape the volume ratio and equilibration or exposure time. Solid phase extraction theory is
explained in Chapter 1.
Sediment

Water

SPE

Depletive SPE

Non-depletive SPE
Sediment

Water

SPE

|

Sediment

Water

SPE

I

Fig. 6; Schematic drawing of non-depletive and depletive solid phase extraction (SPE) of the
sediment-water system in equilibrium. (Source; modified after Smedes in [29]). Depletive SPE is
usually applied in TIE to remove sediment toxicity by compounds readily available. Non-depletive
SPE images the distribution of compounds in a sediment-water-biota system (biomimetic SPE). The
mass transfer rate (flux), the horizontal 'piping', is determined by the exchange surface and boundary
layer of the SPE. The sediment desorption flux is not limiting due to its grain-structure and hence
immense exchange surface.
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Some commonly used SPE materials and their main application purpose are:
• Silicon Rubber
The very open structure of polymerised silicone rubber makes it very suitable as SPE
material. The bio-mimetic properties are excellent but limited to compounds with a KoW ~ 8,
the equilibration time of PCB153 is ~ 150 hr. Non-depletive, low Silicon rubber / sediment
volume ratios constitute a bio-mimetic equilibrium between sediment and silicon rubber
resembling biotic behaviour and concentrations [19]. Depletive in high silicon rubber /
sediment volume ratios.
• TENAX
This material is a strong, depletive SPE and suitable for in-vivo bioassay TIE to reduce
sediment toxicity. It removes efficiently organic compounds from the sediment.
• POM (Polyoxymethylene)
Is mainly used for sampling small, analytical amounts from sediments in compound
availability experiments [29].
• SPMD (Semi Permeable Membrane Devices)
Usually made of low-density polyethylene (LDPE) tubing, filled with triolein as fatty
substance. Absorption rates are low, requiring long exposure time in a sediment/SPMD
system [30]. LDPE tubing (empty SPMD) has properties comparable to silicone rubber, but is
less practical. SPME (Solid-phase microextraction).
• SPME, using coated fibers, has been used for the extraction of a wide range of compounds
from various matrices, e.g. water, sediment and food. The method is based on the partitioning
of compounds between the fiber phase and the matrix phase. One of the applications of
SPME is so called "biomimetic extraction" from water, effluents and sediment [31,32]. This
method provides information on potentially bioaccumulating substances (PBS) and takes the
bioavailability of compounds from the matrix into account. Additionally, the method can be
used to predict the likelihood of baseline toxicity (narcotic toxicity) in exposed organisms
[31-36]. The principles of the method are based on the partition of compounds from the
matrix (water or sediment) to a hydrophobic phase (SPME fiber) which simulate the
bioconcentration, until steady state is reached. This is followed by the determination of the
total molar concentration using gas chromatography (e.g. GC-FID or GC-MS) with a
minimal separation of peaks using a short length GC column and a fast increase of the GC
oven temperature (Fig. 7). The advantage of the method is that it provides unique data, which
is not available from "total" extraction techniques, such as Soxhlet, SPE or XAD, as the
SPME fibers absorb the chemicals weighted according to their hydrophobicity. The uptake
pattern of the SPME fibers should equal the uptake in biota without metabolisation.
Therefore, the method provides information on "potentially" bioaccumulating compounds.
Furthermore, the method is relatively fast and solvent free. The method has been used for
screening of surface water and effluents (e.g. [34], In an EDA approach the method could
complement bioassays methods, as the PBS method provides information on the baseline
toxicity and on the amount of potentially bioaccumulating substances which information is
not provided in standard in vivo and in vitro bioassay tests.
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Fig. 7: Methodology for determination of potentially bioaccumulating substances (PBS) and predicting
baseline toxicity using SPME fibers and GC-FID or GC-MS.

Receptor Specific Extraction
The CALUX bioassays are based on the formation of a compound/bioreceptor complex. In
case of the DR-CALUX bioassay this is the Arylhydrocarbon Receptor (AhR), in the ERCALUX bioassay it is the estrogen receptor. Both receptors can be produced by genetic
manipulation of bacteria and immobilised on carrier material of chromatographic columns.
The receptors will selectively and competitively bind compounds showing affinity to them.
After fractionised elution, the fraction can be tested for bioassay response. The use for TIE or
EDA purposes is still very limited. [37]
2.1.4, Effect Directed Clean-up and Fractionation
A successful fractionation procedure should not only isolate toxicants into smaller, less
complex mixtures, but must also be efficient in transmitting toxicants through the separation
procedure with as little loss as possible. Strategies for fractionation have been reviewed by
Lukasewycz and Durham [38], which at that time included liquid-liquid acid-base extraction
fractionation, reversed phase (RP) solid phase extraction fractionation, RP-high performance
liquid chromatography (HPLC) fractionation and multi-level fractionation schemes. Multilevel fractionation schemes use sequential fractionation techniques to isolate specific
toxicants from highly complex environmental mixtures. One of the most comprehensive
examples of this approach is described by Brack et al. [14] and will be discussed in more
detail later. More recently other fractionation techniques, such as normal phase (NP) HPLC,
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automated multiple development thin-layer chromatography (AMD-TLC) and size exclusion
chromatography (SEC)/gel permeation chromatography (GPC), have also been used to isolate
compounds of interest from complex mixtures. Depending on the complexity of the sample
being analysed these can be used alone or as part of a multi-level scheme.
The primary goal of effect directed fractionation is the reduction of the complexity of
environmental mixtures such as sediment pore waters, elutriates and extracts in order to
facilitate the identification of compounds causing the bio-response. By combining several
fractionation steps a multidimensional separation according to a multitude of physicochemical properties of the analytes may be achieved including e.g. polarity, hydrophobicity,
electron-donor-acceptor properties, specific interactions of functional groups, molecular size,
and vapour pressure can be achieved. Biotesting of fractions after each separation step and
exclusion of non-toxic fractions from chemical analysis significantly reduces the efforts for
chemical analysis and allows to focus on the relevant components of complex mixtures.
Ideally, individual toxicants may be isolated and provided for subsequent identification of the
chemical structure.
Basically, this concept that originates in the identification e.g. of active plant components
for pharmaceutical use and is designed for the identification of individual components with
high toxic potency in complex mixtures of non- or lowly active compounds. In environmental
hazard assessment the concept proved to be a powerful tool if specifically acting toxicants are
present. Typically, chromatography-related toxicity patterns of fractions are characterised by
few fractions of outstanding toxicity and many non- or lowly toxic fractions. If the toxicity of
mixtures is caused by the additive baseline toxicity of all components, fractionation does not
isolate particularly toxic fractions but often results in a low toxicity evenly spread over all
fractions and every fractionation step further reduces maximum fractional toxicity.
Although basically possible, synergistic effects have hardly be identified in environmental
mixtures and are considered as an exception. Thus, the disruption of synergistic effects by
fractionation is rather unlikely, although this cannot be excluded. In order to check for
synergistic effects reconstituted mixtures of fractions should be biotested and compared with
the initial mixture.
Typical problems due to fractionation are (i) the loss of toxicants e.g. by irreversibly
binding to stationary phases, vaporization losses or precipitation during solvent exchange and
(ii) additionally occurring toxicants originating from solvents or fractionation equipment
including columns, syringes, and glass ware. These problems should be estimated and
eliminated by using procedural blanks.
For that, the applied methods should leave the biologically active compounds intact and
pass them through the clean-up and fractionation set up. It has been shown that the multi-layer
silica (MLS) clean-up used for dioxin analysis is not suitable for EDA/TIE application
because it holds back most of the poly-aromatic hydrocarbons. This latter group appears to be
responsible for a much larger dioxin-type toxicity response than the dioxins and
dibenzofurans [39,40].
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GPC
GPC is another powerful technique that offers an alternative mode of fractionation since it
separates compounds on the basis of their molecular weight. KJinkow et al. [41] used aqueous
GPC to fractionate organic toxicants in wastewater with by molecular volume, which, for
organic molecules, is related to their molecular weight, whilst several studies have
successfully used GPC to size fractionate organic extracts [14,42].
The multi-layer silica (MLS) clean-up procedure is commonly used as an efficient tool for
later determination of chemically stable, organic, planar compounds (e.g., dioxins, PCBs).
GPC is a gentle, biologically active compounds sparing technique to replace the very
aggressive MLS clean-up procedure that either retains or removes (i.e., decomposes)
compounds that are less stable but that might have responded positively in the appropriate
bio-assay(s). Examples of these are PAHs and (chlorinated) pesticides [43].
AMD-TLC
AMD-TLC has been reported as a fractionation technique that offers promise since it is
capable of retaining polar compounds that are otherwise poorly retained by RP-HPLC [44].
The technique does not offer the same degree of resolution as HPLC although it is possible to
determine the toxicity of any compounds directly on the plate using bacteria (Vibrio ficheri).
The relevance of rapid bacterial toxicity bioassay is discussed above whilst the applicability
of AMD-TLC has yet to be demonstrated.
RP-HPLC
Reversed-phase high-performance liquid chromatography (RP-HPLC) normally using CIS
phases[20, 44-54] is clearly the most important fractionation step for aqueous samples (Table
10). For fractionation of organic extracts of sediments RP-HPLC in general is not used as the
initial fractionation step since these complex organic mixtures are often predominated by
hydrophobic compounds that are poorly soluble in RP solvents. However, the high resolution
of RP-HPLC suggests this tool for secondary fractionation or even final toxicant isolation in
NP fractions [14, 55-59], either by SPE or HPLC (Table 5).
Typically octadecylsilane (C18) or octylsilane (C8) stationary phases are used. By using
SPE and/or RP-HPLC it is possible to fractionate complex mixtures according to their
hydrophobicity since it is possible to obtain a near linear relationship between log Kow and
retention time or fraction [31, 38, 47, 52, 60], Using isocratic elution with a methanol/water
mixture allows for separation of the sample in fractions with a small (0.5 log unit) Kowwindow. The methanol/water mixtures are usually further diluted with water, and the
compounds of interest are back-extracted with a water-immiscible solvent like hexane. After
concentration of the hexane-extract, solvent-exchange into a non-toxic, water-miscible solvent
(DMSO, methanol, 2-propanol) is necessary before biological testing can be carried out [53,
61-63].
This relationship also allows the log Kow of the compound(s) under investigation to be
estimated. Since this parameter can be estimated quite reliably by QSAR methods on the basis
of tentatively identified chemical structures, it can be used for a plausibility check of the EDA
result [47]. RP-HPLC is a proven technique for separating structurally diverse micropollutants
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over a wide range of log Kows [31, 53] and has successfully been applied to fractionate
sediment pore water, sediment extracts and sewage, surface and waste water extracts in order
to identify acute toxicants, genotoxins, estrogens and androgens. Although various solvents
can be used to perform a RP fractionation, methanol-water gradients are the most commonly
applied. An advantage of using methanol-water gradients, over other solvent options (e.g.
acetonitrile and/or buffers) is that the methanol-water fractions can be tested with aqueous
organisms upon dilution to non-toxic methanol concentrations.
Within the last years a lot of new reversed phase stationary phases other than C18 became
commercially available, e.g. allowing also polar interactions. These phases have been hardly
used in EDA/TIE yet and could become powerful tools for improved fractionation procedures.
Since these new phases have a rather complex partitioning between stationary and mobile
phase, it may be much more difficult to conclude on physico-chemical compound properties
from the fractions in which the analytes elute.
A general advantage of RP-HPLC rather than normal-phase HPLC (NP-HPLC) is the low
toxicity of solvents [45]. The major disadvantage is the requirement of an additional SPE or
liquid/liquid extraction step in order to allow concentrating and chemical analysis of the
aqueous fractions. A new approach couples on-line pre-concentration by SPE with RP-HPLC
separation, detection and recording of UV absorption spectra [64].
NP-ckromatography
Normal phase (NP) - chromatography is the predominating tool in effect-directed
fractionation of organic sediment extracts. NP separations using open columns packed with
silica, alumina and Florisil, packed alone or in combination, have been used for decades for
isolating components of complex mixtures. Columns loaded with samples are sequentially
eluted with solvents of increasing polarity in order to isolate different compound classes. In
contrast to extracts from water samples these extracts are available in general in solvents nonmiscible with water, like Dichloromethane, and are predominated by moderately to highly
hydrophobic compounds. Thus, the risk of precipitation of these components during exchange
to polar solvents for RP-HPLC and during the performance of RP-HPLC suggest to apply NPchromatographic methods as the basic procedures.
As first fractionation step often gravity- or open-column NP chromatography on florisil
[65], alumina [63, 66-71], silica [58, 59, 65,72-74], or a cyanopropyl (CN) bonded phase [56,
75, 76, 77] are used to fractionate sediment and water extracts for toxins and genotoxins. The
major advantage of gravity columns towards NP-HPLC is the single use of the stationary
phases and thus the avoidance of an accumulation of irreversibly binding compounds on
HPLC stationary phases.
However open-column chromatography has not been widely adopted for TIE type studies
since it is not automated, can be time consuming, is associated with problems of
reproducibility and does not provide very good resolution. Generally it is used solely as an
initial fractionation or clean up step.
For NP-HPLC several stationary phases are used in EDA including silica [ 57, 74, 78, 79],
nitrophenylpropyl silica [14, 55, 80], cyanopropyl silica [42, 76, 81-83], and
polyaminocyanopropyl silica [59, 63, 68-71] may be performed. Because of good toxicant
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recovery [42] and the better reproducibility of retention times [68] nitrophenyl, cyano and
polyaminoeyano phases increasingly replace non-modified silica phases. Separation is driven
particularly by interactions between functional groups of the analytes and the stationary
phase. Aromatic stationary phases such as nitrophenyl or pyrenyl phases also allow electrondonor-acceptor interactions with the analyte. Aromatic compounds with high electron density
such as polycyclic aromatic hydrocarbons (PAHs) can be separated with high resolution on
electron-deficient aromatic stationary phases such as nitrophenyl silica. If a polyaromatic
stationary phase with high electron density such as pyrenyl or activated carbon is used,
excellent separation of electron-deficient aromatic compounds such as polychlorinated ones
may be achieved. Efficient electron-donor-acceptor interactions require a planar structure of
the analyte. Thus, planarity of chlorinated aromatic compounds becomes available as an
additional parameter for direction of the separation. Planarity of chlorinated aromatic
compounds such as PCBs, PCNs, and PCDD/Fs is also crucial for Ah-receptor binding as the
initial step of dioxin-like effects. These compounds may be separated with good resolution on
2-(l-pyrenyl)ethyldimethylsilylated silica (PYE) [14, 80], activated carbon [84, 85, 86], or
C18-dispersed PX-21 activated carbon [87,88].
NP-HPLC fractionation on cyanopropyl-bonded silica (CN) columns have been
successfully applied in a number of studies directed at fractionating mutagens with good
separation of PAH, nitro-polycyclic aromatic hydrocarbons (nitro-PAH), oxy-PAH and other
polar aromatic compounds [61]. Cyano-amino bonded silica (PAC) columns have been
successfully used to isolate PAH, polycyclic aromatic ketones (PAKs), oxy-PAH, nitro PAH,
halogenated aromatics and alkylphenols as toxic, mutagenie and oestrogenic constituents of
mussels, sediments and produced water extracts [49] and appear to offer a very similar elution
profile to CN columns.
A problem that has been observed with separations performed on PAC columns is that
retention times can change making inter-sample comparisons of elution profiles difficult to
compare. Silica has been used to fractionate toxicants from sediment extracts [61], however
the lack of specificity offered has somewhat restricted its application. Brack et al. [14]
compared nitrophenylpropyl-bonded silica (NO) with CN for the group specific separation of
potential cytoehrome P4501A inducing compounds. NO was found to provide better
resolution for the separation of PAH and allowed the group specific separation of aromatic
compounds according to their size (no of rings) and charge density.
It is evident that many powerful HPLC-based fractionation methods are available. For the
challenging task of reducing complex mixtures of thousands of compounds to individual
toxicants often a combination of methods is necessary. A fractionation scheme successfully
applied for the identification of Ah-receptor mediated toxicants is given in [14, 55,80].
NP-SPE fractionation offers the same degree of fractionation as open column
chromatography, whilst having the advantages of being available in pre-packed columns and
can be used in both automated and semi-automated systems. Both silica and amino stationary
phases can be used for NP-SPE fractionations. Both open-column chromatography and NPSPE fractionations are suitable for the coarse fraction of mixtures in non-polar solvents and
make a good first level fractionation when using a multi-level approach.
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If used in conjunction with aqueous bioassay systems NP techniques do suffer from the
same solvent based constraints described above since non-polar solvents are used, however
this is not so much of an issue when using cellular based assays [59, 89]. The main advantage
of NP HPLC is that it can provide a specific mode of separation for non-polar organic
extracts.
NP-HPLC fractionation can be performed using a variety of columns, which will be
selected depending on the substances being investigated. The procedure described here as an
example uses preparative (> 10 mm LD.) silica and PAC columns [49]. For the purposes of
this description silica (Phenosphere semi-preparative HPLC column; 25 cm x 10 mm x 10
\xm; Phenomenex, Cheshire, UK) and PAC (Partisil PAC semi-preparative HPLC column; 25
cm x 10 mm x 10 urn; Phenomenex, Cheshire, UK) will be described. Due to the high cost of
these columns it is recommended that EDA fractionation columns are fitted with a guard
column (e.g. Phenosphere, 5 cm x 10 mm x 10 um). For the columns described a flow rate of
5 ml min'1 is recommended, using HPLC grade hexane, DCM and Ko-propylalcohol as a
mobile phase. Gradient elution was used over 30 min with the composition of the mobile
phase will depend on the characteristics of the sample being extracted. Typically, an isocratic
10 min period of hexane, followed by a 15 min gradient of 100 % hexane to 100 % DCM, and
ending with a 100 % iso-propylalcohol flush is used. Thirty 5 ml fine fractions are collected
using an automated fraction collector.
Preparative Capillary Gas Chromatography (pcGC)
Effect-directed fractionation to date is limited to liquid chromatographic approaches.
Higher resolution, excellent reproducibility of retention times, and the possibility to use
vapour pressure as an additional parameter for separation suggest preparative capillary gas
chromatography (pcGC) as a powerful tool for the isolation of toxic fractions and individual
compounds. Using wide bore and thick-film capillaries and applying multiple injection
procedures microgram-levels of individual compounds may be harvested. Thus, LC-based
effect-directed fractionation procedures may be extended by pcGC. For compounds that may
be vaporized without decomposition, i.e. all compounds basically analyzable by gas
chromatography, the application of pcGC-fractionation may significantly enhance the chance
to isolate and identify individual toxicants. Recently, the high potency of combined LC/pcGC
procedures was shown for the example of solid phase extracts of groundwater from the
industrial area of Bitterfeld (Germany) [90].
Analytical or (semi-) preparative equipment
Bioassay-directed fractionation usually involves large quantities of sample since there must
be enough for bioassay testing and chemical analysis. It is therefore surprising to observe that
researchers in the field often use repeated injections on analytical size columns (ca. 4.6 mm
i.d.) rather than wider diameter semi-preparative columns (ca. > 10 mm i.d.). It has been
suggested that a one-step semi-preparative HPLC fractionation does not provide sufficient
resolution for successful fractionation [37]. It is more likely that the comparatively high costs
of purchasing semi-preparative columns is the influencing factor since we and other workers
have had significant success in using these columns to isolate compounds of interest from
complex mixtures [50, 52,53, 59].
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Table 5
Overview of clean up and fractionation methods used in EDA
Study
Genotoxins in sediment
extracts
Polar genotoxins in
sediment extracts.
Oestrogens in effluents,
sediment extracts and
pore waters.
Androgens in sewage
effluent.

Mode
Column
Conditions
Reverse C18 Bondpak® 27324 0-10 min. 50:50 acetomtrile:H2O
phase
10-20 min. 75:25 acetonitrile:H2O
@ 1 ml min-1.
C18Econo-Prep(30
0-25 min. 40:60 MeOH:H2O to
cm x 1 cm)
MeOH gradient
25-30 min, MeOH @ 5 ml min-1

Toxicants in water
extracts

CIS Lichosphere 100
(12.5 x 0.4 cm)

Oestrogens in sewage
effluent

C18SpherisorbODS2
(25 cm x 1 cm)

Toxicants in wastewater

C8 Eurosphere 100 (25
cm x 0.4 cm)

Genotoxins in sediment

C18Bakerbond(25
cm x 0.46 cm)

Toxicants in agricultural
run-off

CISDevelosilODS
(25 cm x 2 cm)

Toxicants in sediments

C18Bondapack27324

Toxicants in river water

C18Vydac201TP(15
cm x 0.46 cm)
CIS (24 cm x 0.46 cm)
Cyano-amino (PAC)
(30 cm x 1 cm)

Toxicants in effluents
Non-polar genotoxins in Normal
sediment extracts.
phase
Oestrogens in sediments
and produced waters
Genotoxins in participate
extracts

Cyanopropyl (CN) (25
cm x 1 cm)

0-3 min. H2O
3-27 min. H2O to MeOH gradient
27-34 min. MeOH @ 1 ml min-1.
0-3 min. 40:60 MeOH: H2O
3-30 min. 40:60 MeOH:H2O to
MeOH gradient
30-40 min. MeOH @ 5 ml min-1
A: 90:10 MeOH:H2O @ pH 2.4
B: 10:90 MeOH:H2O @ pH 2.4
0-10 min. 25% A, 75% B
10-20 min. 25% A, to 75 % A
gradient
20-30 min. 75% A, 25% B
30-35 min. 75% A, to 90 % A
gradient
35-40 min. 90% A @ 1 ml min-1
0-30 min. 60:40 MeCN:H2O to
MeCN gradient
30-55 min. MeCN to 50:50
MeOH:DCM gradient
A: Phosphate solution (20 mM @
pH 2.5) B: MeCN
0-30 min. 30% B to 60% B
gradient @
10 ml min-1
0-17 min. 80:20 MeOH:H2O to
MeOH gradient
17-20 MeOH
0-60 10:90 MeCN:H2O gradient to
MeCN
MeOH/H2O gradients at 1 ml min
0-5 min. hexane
5-20 min. hexane to DCM gradient
20-25 min. DCM to IPA gradient
25-30 min. IPA @ 5 ml min-1.
0-20 min. 10:90 hexane:DCM
20-30 min. 10:90 hexane:0CM to
DCM gradient
30-40 min. DCM
40-50 min. DCM to IPA gradient
50-60 min. IPA @ 4 ml min-1.

Reference
[58]
[49-51,59]

[149]
[128]

[44]

[69]

[150]

[58]
[151]
[45]
[49,129]

[42]
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Genotoxins in sediment

Polyaminocyano
(PAC)(25cmxO,94
cm)

Toxicants in sediment

Silica (Merck Si60)
(25 cm x 2.5 cm)

Non polar organic
cytochrome P4501A
inducers
Non polar organic
cytochrome P4501A
inducers

Nitrophenylpropylbonded silica (NO) (25
cm x 2.5 cm)
EDA-HPLC using 2(1pyrenyl)ethyldimethyls
ilated silica (PYE) (10
x 250 mm)
Alumina (7 g)/Silica (S
g)

Genotoxins in sediment
and water extracts

Open
column

Genotoxins in sediment
extracts
Toxicants in sediments
Organic toxicants in
sediment

Genotoxins in particulate
extracts
Toxicants in sediment
extracts
Toxicants in wastewater
Non polar organic
cytochrome P4501A
inducers
Genotoxins and
oestrogens in sediments
USEPA guidelines

GPC
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0-10 min. 95:5 hexane:DCM
10-30 min. 95:5 hexane:DCM to
75:25 hexane:DCM gradient
30-45 min. 75:25 hexane:DCM to
55:45 hexane:DCM gradient
45-60 min. 55:45 hexane:DCMto
DCM gradient
60-65 min. DCM to MeCN
gradient
65-70 min. MeCN @ 4.2 ml min-1.
0-20 min. 97:3 hexane:THF @ 10
ml min-1 or
0-5 min. 97:3 hexane:THF
5-15 min. 97:3 hexane:THF to
THF gradient
15-30 min. THF @ 10 ml min-1.
95:5 hexane:0CM @ 19 ml min-1

[63]

0-8 min. hexane
8-10 min. (guard removed) hexane
to DCM gradient
10-20 min. DCM @ 8 ml min-1

[10]

20 ml hexane, 20 ml 10% DCM in
hexane, 40% 20% DCM in
hexane, 40 ml 70% DCM in
hexane, 40 ml 5% MeOH in DCM,
40 ml diethylether.
Silica (11.5g of 6.75% 90:10 Pentane:MC, 80:20
deactivated)
Pentane:MC
Silica
Pentane, 70:30 Pentane:MC, 30:70
MeOH:MC, MeOH
6 % deactivated
Sequential elution with hexane (70
alumina (35 g)
ml), hexane (60 ml), hexane (2000
ml), 50:50 hexane:DCM (60 ml),
50:50 DCM: acetone (200 ml),
methanol (200 ml)
JordiGel500A(50xl DCM @ 1.5 ml min-1
cm)
DCM @ 1 ml min-1
Bio-beads S-X3 (57
cm x 1 cm)
TSKGelMW40(120 Phosphate Buffer (15 mmol 1-1, pH
7) @ 5 ml min-1.
cm x 5 cm)
Plgel 50A (25 x 600
THF @ 10 ml min-1

[80]

[55]

[67, 78]

[58]
[152]
[80]

[42]
[153]
[41]
[10]

mm)
SPE

1ST silica (2 g)
CIS SPE columns
(various)

Sequential elution with hexane (2 x
10 ml), DCM (10 ml), acetone (10
ml) and methanol (10 ml)
Sequential elution with 25,50,75,
80,85,90,95,100 % MeOH in
H2O.

[59,129]
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Toxicit y value [ mM ]

2.1.5. Delivery of EDA fractions to Biotest systems
The method of applying test mixtures to bioassays is as important in determining the
response as is the entire sample pre-treatment and clean-up. It has been shown that bioassays
have been applied with concentration of test compounds largely surpassing the aqueous
solubility [26, 91, 92]. Fig. 8 shows the result of a survey of toxicity data from AQUIRE. The
vertical bars denote the ranges of EC50s at all available endpoints; the small horizontal bar is
the aqueous solubility of the pertinent compounds. From this figure is clear, that (1) many
reported EC50s are well above the aqueous solubility, and (2) the oversaturation (as the ratio
of the EC50 over solubility) increases as solubility itself decreases.
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Fig. 8 Toxicity (EC50, mM) of different compounds in all available tests, from AQUIRE. Vertical
bars denote the range of EC50s at all available endpoints; the small horizontal bar is the aqueous
solubility of the pertinent compounds.
Several methods have been developed that use partition controlled delivery of hydrophobic
test compounds to aqueous test systems. The main common advantage of these methods is
that partition of contaminant from a solid phase reservoir will not generate a toxic response
for compounds where effect concentrations are above solubility, since partition cannot
produce concentrations above the solubility. Where toxic responses are observed, effect
concentrations will be known since a controlled concentration below the aqueous solubility
for the compound is produced and maintained by partition from the solid phase reservoir.
Solid phases that have been successfully used are C18 (disks, [93]), polydimethylsiloxane
(PDMS, films; [13,22, 40]) and PDMS fibers [32].
Future developments will focus on more complex samples, for instance solvent extracts
from environmental matrices, to be applied to in vitro as well as in vivo test systems.

Effect directed analysis and toxicity identification evaluation

191

As mentioned above, several partition-controlled systems have been used in either toxicity
estimation as toxicity determination. Leslie et al. [32] estimated the narcotic (baseline)
toxicity by de facto determination of the total number of molecules (M), present in a PDMS
fiber after partition with a liquid or solid sample. Mayer et al. [93] used a Teflon matrix
holding porous octadecyl silica particles (C18 Empore disk) as solid phase. A solution of test
compounds in hexane was added to the disk, after which the hexane was allowed to evaporate.
Tests with e.g., hexachlorobenzene (HCB) in an algae toxicity test system showed that no
response up to aqueous saturation could be found, in contrast with at least one literature
source. Brown et al. [13] successfully applied PDMS (polydimethyl-siloxane) films in small
in vitro assays (Mutatox genotoxicity assay and Microtox broad-spectrum acute toxicity).
Similar to [93] test compounds were added to the solid phase using a hexane solution. As an
example, the reported toxicity of anthracene in the Microtox test is well over the aqueous
solubility of this compound (TerraTox database). It was shown by Brown et al. [13], that
when using partition controlled delivery, this compound does not give a response in the
Microtox test. Kiparrissis et al. [22] further expanded this procedure to be applicable to higher
aqueous volumes and increased depuration of the water phase by the test species (Japanese
Medaka eggs).
2.1.6. Analytical instruments in EDA and TIE to identify/ causative compounds
The need to identify the isolated compounds of interest will often depend on why an
EDA/TIE study has been initiated (Fig. 3). Since the vast majority of EDA/TIE studies are
conducted on a case-by-case basis generalisation is difficult. If the characterisation process
has identified a specific class of substances as responsible for the observed effects then
targeted chemical analysis of specific substances or groups of substances may be the easiest
option (e.g. cationic metals). There are also sometimes circumstances where it may not be
necessary to identify the toxic substance(s). For example, when analysing effluents the
characterisation procedures may identify an option for eliminating/reducing the observed
effects). Quite often the most difficult class of substances to identify are organic compounds
since they can occur in extremely complex mixtures that are unresolved by conventional
chromatographic techniques.
Currently, the best and most commonly used and available technique for the identification
of unknown non-polar organic compounds is gas chromatography coupled to electron impact
mass spectrometry (GC-MS(EI)) operated in the full scan mode (ca. 50—600 AMU). GC-MS
(El) provides good chromatographic resolution coupled with the formation of mass spectra
under standardised conditions that can be searched against a reference library. Most of the
studies interested in identifying organic compounds have used GC-MS, typically using EMS
generated on bench top quadrupole or ion-trap instruments, however high resolution MS has
been used to identify dioxins and furans [14].
Developments in broad spectrum GC-MS analysis are directed towards increased
identification power.
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GC-MS/MS
In the environmental field GC-MS-MS is a technique often used for target compound
analysis in samples with complex matrices [94,95]. The instrument is build from the coupling
of a GC with a triple-quadrupole MS, using two mass spectrometers in series, or the coupling
with an ion trap mass spectrometer by which the MS-MS process is performed in time. The
principal of MS-MS is based on selection of a parent ion, also called precursor ion, which is
further fragmented to daughter ions (product ions). Both ions are normally monitored, and
quantification is usually performed with the daughter ions.
Compared to single MS the main advantages of MS-MS are i) the enhanced selectivity by
decreasing the matrix interferences, ii) the enhanced sensitivity and iii) molecular specific
information from the daughter ions. GC-MS-MS in the environmental field has mainly been
used to reduce the background noise in chromatograms which results in an increased signalto-noise ratio; improve limit of detection [96]. Recent examples of the improved detectability
and quantification of compounds using GC-MS-MS are the analysis of endocrine-disrupting
compounds (e.g. estrogens and alkylphenols) in ground, surface and wastewater and sludge [
97, 98, 99]. In general, LODs can be improved by a factor of 4 to 20 compared to single MS.
The drawback of MS-MS is that the spectra are not similar to EI-MS spectra, which make a
MS library search difficult, and MS-MS less suitable as identification technique for unknown
compounds. MS-MS spectra libraries are not widely available due to the problem that spectra
can vary between instruments and techniques. On the other hand MS-MS can help to provide
specific molecular information from unknown compounds, and can assist therefore by the
elucidation of the molecular structure of unknown compounds. Especially, the ion trap
system, which has the capability to perform multiple MS (MSn), can be used in the full scan,
precursor-ion, and product-ion mode. This option is not much used for structure elucidation of
environmental contaminants, but has large opportunities, and should further be explored in the
EDA approach.
GC-ToF-MS
GC coupled to a time-of-flight (ToF) MS opens a new dimension for screening and
identification of unknown compounds. ToF-MS systems are always operating in scan mode
providing full mass spectra, and are, therefore, the ultimate systems for the identification of
unknown compounds. Another advantage is that the full scan spectral information is available
at very low limits of detection (low pg range in El mode), often comparable to quadrupole MS
analysers in selective ion monitoring (SIM) mode. Two types of ToF MS systems are
available. The fast scanning systems with rapid spectral acquisition by more than 100 spectra
per second, and the high resolution (5-10 ppm) ToF systems that have a moderate scan speed
(ca. 10 spectra/sec). The possibilities of both systems have been explored for the analysis of
environmental contaminants [100-102]. The high mass resolution provided excellent
selectivity for many analytes, and improved sensitivity and identification of compounds in
complex matrices.
GCxGC in combination with a fast mass spectrometer detector, time-of-flight MS (ToFMS) further increased the capabilities, and allows the identification of compounds. The
capability of GCxGC-ToF-MS is nicely shown in a study on cigarette smoke, were after
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deconvolution of the peaks more than 30,000 compounds were found [100]. The drawback of
GCxGC-ToF-MS is that large amount of data and peaks are generated. This requires fast
computers with large storage capacities.
GCxGC
A novel and interesting technique that until now is not often used in EDA is comprehensive
two-dimensional GC (GCxGC), for an overview of GCxGC ref. [103, 104]. This technique,
which uses two coupled GC columns and an interface also called modulator, can be used both
for target and non-target analysis. Separation by GCxGC produces an order of magnitude
more resolved peaks than traditional single column GC (1D-GC), and has in practice a
sensitivity gain of 2-5 fold compared to 1D-GC [100, 105]. Another advantage of GCxGC is
that the two-dimensional image of the chromatogram offer a rapid overview of contaminants
as many times compounds are grouped in chemical classes and, therefore, can provide a clue
about the "chemistry" of known and unknown compounds, which is not possible in 1D-GC
[106,107].
Impressive results have been obtained in terms of i) separation efficiency (separation of
complex mixtures), ii) group-type classification of structurally related compounds [105,107],
and iii) identification of unknown compounds in complex mixtures [100,101,148],
Target analysis with GCxGC is often limited to FID, uECD or ToF-MS detection, as the
detector data-acquisition rate should be high enough (>50Hz), and peak recognition is based
on relative retention times. These detectors can, beside target analysis, also be useful for
identification of unknown compounds if the GCxGC chromatograms showed ordered or
grouped peaks. Ordering or grouping of peaks in GCxGC chromatograms facilitates the
preliminary identification or classification of unknown compounds since analytes with similar
structures should elute in their own group. An example of group-type classification with
GCxGC-FID is the group separation of acyclic alkanes (paraffins), cyclic alkanes
(naphthenes), and mono-, di- and triaromatics in petrochemical products [108]. Another
example is the ordered structured separation of PCBs using GCxGC coupled to a uECD.
PCBs and PBDEs with similar number of chlorine and bromine atoms, respectively, were
found to elute in the same GCxGC plane [109-111]. In another study a GC column set was
chosen to separate on the basis of planarity of molecules. Planar compounds such as planar
PCBs, dioxins, furans and PCNs, showed the highest retention and, therefore, were grouped
together, and were separated from non-planar compounds [107]. This type of information can
be useful in an EDA approach, as the planarity of a molecule is strongly related to dioxin-like
toxicity. Recently, the separation of various halogenated compound classes (PCBs, PCDD/Fs,
PCTs, PCDTs, PCDEs, PCNs, PBBs, PBDEs, OCPs, toxaphene, and PCAs) from each other
has been reported [107], Other interesting column sets within an EDA approach is a phase
that act as an strong electron acceptor and provide an increased retention for oxygenated
compounds [109].
Another example of the identification of various compounds using GCxGC-FID is the
study of Frysinger et al.[106, 112] in which a wide variety of chemical contaminants
including PCBs, p-nonylphenol isomers, PAHs, benzotriazoles, and the alkane, cycloalkane,
alkylbenzene, alkylnaphthalene, in biomarker fractions of petroleum in marine sediments
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were identified. Different sets of columns were used a more polar second dimension column
to separate fully monoaromatic, naphthalene, and multi-ring PAH compounds, and a chiral
second dimension column for shape selectivity for the separation of individual branched
alkanes and cycloalkanes in the saturates fraction. The provided more information on the
sources, weathering, and toxicity of petroleum contaminated marine sediments [112].
2.2, EDA and TIE procedures
EDA is a philosophical approach that can be used to identify the unknown causes of
biological effects on a case-by-case basis. This section provides a 'menu' of techniques from
the toolbox, that can be used to build an EDA/TIE procedure suitable for most scenarios. For
the purposes of this chapter the techniques have been categorised as per the US-EPA TIE
guidelines into Phase I (characterisation using bioassays, extraction and fractionation), Phase
II (Identification of causal agent) and Phase III (Confirmation). Table 6 shows which
techniques are involved in the three EDA and TIE phases, which are explained shortly.
Table 6
Overview of current EDA and TIE techniques.
TIE/EDA
water extract
bulk sediment
(not manipulated) (porewater/elutriate)
Action

organic solvent
extract

3rd Phase
Extraction
(SPE, SPMD)*

phase I (Characterisation)
Biotesting
fractionation

sediment in-vivo
contact test
TIE: selective
isolation compounds
by SPE/SPMD,
complexing agents
(EDTA), pH

aquatic in vivo/in
vitro test
TIE/EDA: selective
isolation by
SPE/SPMD,
complexing agents,
stripping, filtration,
PH

aquatic in vivo/in
vitro test
none

Organic solvent /3rd
Phase extraction •

Soxhlet, ASE,
Ultrasonic

aquatic in vivo/in
vitro test
none

phase II (Identification)
extraction

Organic solvent / 3rd
Phase extraction •

biotesting
fractionation

chemical
identification

Elution of the
ad/absorbent,
decomplexation
aquatic in vivo/in vitro test

GPC
NP-HPLC
RP-HPLC
pcGC
GC-MS, LC-MS, TOF, spectroscopic
methods (NMR, UV,, FTIR), ICP-MS

phase III (Confirmation)
approaches

Copy ID-mixture
Copy ID-mixture
Spiking sediment with Spiking water with
copy-ID mixture
copy-ID mixture
biotesting
sediment in-vivo
aquatic in vivo 1 in
aquatic in vivo 1 in
aquatic in vivo 1 in
contact test
vitro test
vitro test
vitro test
: SPE; Solid Phase Extraction (i.e. TENAX, Silicon rubber, POM, LDPE); SPMD: Semi Permeable Membrane
Device (LDPE tubing containing fatty compounds).
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2.2.1. Characterisation
Biotesting

Bioassays and applicable endpoints are comprehensively described in Chapter 4. The
applicable tools for TIE and EDA are shortly indicated. The bioassays are guiding the
extraction and fractionation scheme in Phases I, II and III
• bulk sediment (not manipulated)
in-vivo whole organism contact tests. The fractionation procedures are aiming at reducing the
toxic response by removing specific compound groups using selective, non-toxic extraction
tools for organic compounds like SPE, SPMD.
in-vitro tests are not used in combination with bulk sediment.
Metals, macro pollutants and related techniques are beyond the scope of the toolbox
described in this chapter,
• water-based sediment extracts (porewater, elutriate)
in-vivo whole organism contact tests. The overall methods are comprehensively described in
[6]. The extraction tools for organic compounds are like bulk sediment.
• organic solvent based sediment extracts
in-vivo whole organisms and in-vitro can be exposed to organic solvent extract, providing the
proper clean-up and delivery technique for the usually hydrophobic compounds mixture (ref.
2.1.5).
• third phase based sediment extracts (SPE, SPMD)
like organic solvent based extracts.
Fractionation
Essentially fractionation, as described in the toolbox (ref. 2.1.4) is applicable only to
extracts. The fractionation method / technique and number of fractions is determined case by
case. Fraction volumes need to be adapted to the needs of the applied bioassay battery, to
confirm the recons, and the analytical identification, which may imply further subfractionation.
2.2.2. Identification
The general target analytical tools used in EDA and TIE are described in Chapter 3. In
EDA and TIE both target and non-target analysis are applied. The latter technique is more
powerful with respect to the analysed spectrum, but less specific than target analysis (ref.
2.1.6).
The analytical purpose of broad spectrum and target analyses is to identify a broad range
and some target analytes respectively for their presence in the test sample. The analytical
identification library (like MST) and deconvolution databases (like AMDIS) are preferably
linked to the compound toxicological database. Such a database, e.g. the QPID database
(Fig.9, [113]), holds data on compounds with respect to their response levels in EDA(bio)assays, toxicity, locations of earlier EDA-identification. Screening and identification
methods are described in Chapter 3 and by [114-116].
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Fig. 9. The combined Phase I, II and III scheme for in-vitro sediment-EDA bioassays, currently under
development at RIKZ, and the functions of the QPID database [76].
The outcome of Phase II identification analysis is crucial in selecting and prioritising
compounds for effect confirmation in Phase III.
2.2.3. Confirmation
The goal of phase III of an EDA/TIE study is to confirm that the compounds identified in
the previous steps are indeed the causes of the initially observed toxicity in terms of quality
and quantity. Current EDA/TIE studies often end with assessments of 'unresolved toxicity'
meaning that in quantitative terms the original toxicity cannot be explained from the potency
of the identified toxicants. But equally well it might be a mistake to assess any compound
identified as a contributor to overall toxicity. Confirmation efforts are thus all techniques that
are employed to validate the toxic potency of identified substances (quality) and to account
for all observed toxicity (quantity).
These objectives require specific efforts like techniques of correlation, observation of
symptoms, relative species sensitivity, spiking, mass balance estimates and sample
manipulation [117]. The confirmation work should provide suitable confirmation techniques
and a focus on the intended statement "X% confirmed" (Fig. 3). A major technical challenge
is making pure compounds of suspected toxicants. Once the mixture of pure suspected
compounds in concentrations of the original sample or (sub)fraction is applied in the pertinent
bioassay a response comparison with the response on the original sample or (sub)fraction can
be made.
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For the considerations below, however, it is not important whether we deal with pure
compounds or sample fractions from the identification phase.
2.2.4. Phase III considerations
In the most simple case EDA/TIE characterisation and identification may eventually come
up with one compound as the suspected cause of a toxicity generated by an original sample. A
generic confirmation approach would then be to compare the concentration of the suspected
compound in the original sample elucidating a quantified biological effect with the
concentration of the pure compound (if available) that provokes the same effect. Though this
seems straightforward, in reality hardly ever a ratio of 1, a perfect fit of both observations,
will be found due to variance in determination of concentrations and effects. A qualitative
assessment whether one has confirmed the cause of the original sample toxicity will therefore
require some statement on the variability of the experimental determination. The alternative
and often found quantitative statement "X% confirmed" by providing just the numerical ratio
is misleading without confirmation of the cause of toxicity (i.e. the relevant scale is effect).
So far in the TIE or EDA sequence, only information about concentrations is available. As
concentrations rarely translate into effects in a simple linear correlation, one needs to employ
a model to get access to the concentration-effect relationships. This becomes evident when
considering two substances with different slopes of their concentration-effect relationships.
When doubling the concentration of both compounds, the one with the steepest concentrationeffect relationship will fully overwhelm the effect by the other compound. Steep concentration-effect relationship are often found for surfactants or pesticides.
The concentration-effect relationships make effect estimations more reproducible and
enable extrapolation to other untested sites and concentrations. Effects from low
concentrations provoking little or no detectable effects can only be estimated by modelling the
experimental data. Several biometrical methods are described in the literature [118] and the
most commonly based on normal, logit or Weibull distributions are included as non linear
regression models in widely available statistical or graphical software packages.
Simple testing of all identified components in a mixture resembling the original sample is
not always feasible.
• The contribution of the identified toxicants to the combined effect of the mixture is often
unknown [119]
• Robustness of the assessment has to include variability of all analyte concentrations and
(bioassay) responses, which is even statistically far from trivial.
• Extrapolation to other samples, even with the same mixture components, is not feasible.
This means a case by case / sample by sample approach.
Modelling techniques offer a scope for reasonable extrapolation to untested situations such
as different concentrations and mixture ratios, different effect levels and different
compositions. Summation of toxic units [61, 113, 120] or toxic equivalency factors (TEF)
[39, 80] have been used to this end. The model accounting for mixture effects seems to be
dependent on the mode-of-action of the components [119]. Components acting similarly
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enable concentration addition, which inherent to the toxic unit summation (TEF, i.e. DRCALUX). Components acting dissimilar require models using response addition or
independent action [121]. Response addition is the better worst case estimation in case of
unknown mode of action. Concentration addition would overlook 'unresolved mixture
toxieity' [122].
2.2.5. Actual risk assessment
When concentration-effect relationships and combined-effect assessments may be
evaluated into a risk assessment, additional issues have be considered. The choice of sample
manipulation, extraction and clean-up procedures from the toolbox must consider whether
biota would experience the same situation in the field. The main variables to consider are:
• Bioavailability: total solvent extraction or bio-mimetic solid phase extraction
• Changes in redox conditions: e.g. biodegradation of PAHs under aerobic conditions,
oxidation of metalsulphides
• Changes in pH: the pK of a compound determines its non-dissociated toxic status or
dissociated non-toxic status (like chlorophenols) or vice versa.
• Changes in light: e.g. photo-activated toxieity of aromatic compounds (e.g. by fluorescent
tubes)
• External factors like risk of remobilisation and resuspension in case of polluted sediments
• The scope of the applied bioassay with respect to acute or chronic toxieity. The acute and
'high through-put' bioassays may be favoured for EDA and TIE, thus running the risk of
not recognizing chronic, long term effects and missing the ecological relevance of the
bioassay response.
• Many cell-based induction responses (e.g. as used in reporter-assays) may be confounded
by concentration-dependent repression of induction through impaired vitality. Though
accounted for by concentration response curves, it may greatly complicate the assessment
of mixture exposure [40,123].
2.3. Sensitivity of Bioassays to specific compound groups
Some bioassays show a more or less specific sensitivity to compounds. Some examples are
shown in Table 7. Only in combination with selected extraction and clean-up procedures
(excluding certain compounds already during these steps) the bioassay specific sensitivity
may point towards certain compound groups and be of assistance in identification.
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Table 7
Examples of specific sensitivity of bioassays to compounds.
Endpoint
Biosensor
Type
Compound
Daphnia magna

Water phase
Extracts
DR-CALUX
Extracts in
DMSO
ER-CALUX
Extracts in
DMSO
Mutatox
Extracts in
DMSO or
acetone
Microtox
Extracts in
DMSO
Yeast oestrogen Extracts in
screen (YES)
solvent
Yeast androgen Extracts in
screen (YAS)
solvent
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Reference

Death
Reproduction
AhR induction
(e.g. light)
ER induction
(light)
Cell mutation

Lipophilic
P-esters
Aromatic, flat compounds (CBs
TCDD, DBFs
(xeno) estrogens
PAHs, N/S PAHs, PAK, oxyPAC, chlorophenols, herbicides

[62,124,
125]
[49,113,
126,127]

Light emission
(TO)
Receptor binding
(colour change)
Receptor binding
(colour change)

Apolar organic compounds

[26]

Oestrogen receptor agonists

[50,128]

Androgen receptor agonists

[129]

[40]

3. EXAMPLES OF CURRENT TIE, EDA AND TOXICOLOGICAL PROFILING
PRACTICES IN EUROPE
3.1. Spain: Management of dredged material in the Basque Country ports (North
Spain).
For many years there was not any protocol for the management of dredged material of the
Spanish ports, and contaminated sediments were disposed at the sea without any concern on
its environmental impact. The first guidelines regarding the characterization and management
of dredged sediments were published in 1994 as Recommendations for the management of
dredged material in ports of Spain (CEDEX, [130]). These recommendations have been not
implemented in law but have been applied routinely to manage the dredged material in the
Spanish ports.
The Spanish recommendations or sediment guidelines published in 1994 are based on
chemical criteria and are not related with biological effects. They apply to fine sediments and
use two action level approach from which three sediment categories are deduced; category I contaminant concentrations below action level 1 - means that disposal is permitted; category
II - contaminant concentrations below action level 2 - indicates moderate contamination and
the material requires further study before the disposal could be permitted; category III contaminant concentrations above action level 2 - represents high contamination and disposal
at sea is not permitted.
Recently, the Spanish recommendations have been under revision and ecotoxicological
measurements have been added to the protocol for application to dredged material assessment.
The updated protocol will be published soon.
As a particular case, in the Basque Country (North Spain) a tier-testing schema approach
for the hazard assessment and management of dredged material in the Basque ports has been
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developed under the Basque Government support. Since 2002 an extensive characterisation of
the sediments of the Basque ports have been done following a Tier framework. Fifteen ports
have been studied and a total of 177 sediment samples have been analysed. As a result of
this study a new protocol for the management of dredged sediments has been defined. This
new protocol is an example of evolution from Sediment Quality Guidelines (SQG) to a TierTesting schema approaches in which a battery of bioassays is incorporated.
In a first tier, SQG, which are different by countries and vary with the agencies,
conventions and authors who propose them, are used for identifying contaminants of concern.
This first tier also involves documentation of the area providing information to identify the
affected areas where there may be some impact (surrounding industries, contamination
sources, urban nucleus, geology, volume of sediments to be dredged, hydrodynamic). In
subsequent tiers, one moves from a broad to a more focused scope and from general
references to more directed tests.
Fig. 10 presents the Tier scheme applied to the sediments of the Basque ports for their
assessment and management which integrates both chemical and biological assessment tools
into the decision making process. This method provides a valuable information on the type of
contaminants, the extend of the contamination and the potential effects associated to the biota.
Tiers allow an assessor to do only as much sampling and analysis as are needed to make a
reasonable decision and thus to minimise costs [131].
On the basis of the previous information (Tier I) the strategy of sampling for subsequent
tier analysis can be defined selecting the risk areas and optimising the
number of samples. Further testing is done for sediments containing more than 10 % of fine
material (< 63 urn), for rocky and sand sediments with gravels and shell debris further
analysis are not necessary.
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Fig. 10 Tier testing scheme applied by AZTI Foundation (Marine Research Division) to assess and
manage the dredged material of the Basque Ports under the Basque Government support. The scheme
integrates both chemical and biological assessment tools into the decision making process. Modified
figure from DelValls et aL, [131]
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Tier II analyses the concentration of contaminants (metals, PCBs, PAHs and pesticides) in
the fine fraction and compares them to action levels proposed by Spanish Ports [130]. For
those samples exceeding the action levels a Tier III is recommended by means of a battery of
bioassays to determine the toxicity of the material. The selected bioassays are a screening test,
Microtox® in solid phase with a bioluminiscence bacteria Vibrio fisheri [132] and an acute
toxicity test with marine amphipods representatives of the Basque estuaries, Corophium sp
and Corophium multisetosum (protocol in [133,134]. Those samples without biological effect
can be disposed to the sea. Samples that present high contaminant concentrations and show
biological effects must be isolated.
In a final Tier IV the level of biological effect is measured under field conditions. The
study of the benthos community alteration is done at the area to be dredged and that at the
disposal site. Borja et al. [135,136] have been developed a biotic index AMBI (AZTI Marine
Biotic Index) that offers a pollution classification of a particular site, representing the benthic
community health [137].
3.2. France: Characterization of total toxicity in marine sediments
The analysis of potential hazards only considers a limited number of contaminants, i.e.
those listed in the French Decree of 14 June 2000. It is therefore essential to incorporate in the
method both their real bioavailability and the toxicity of other potential substances not
detected via the chemical analysis. Hence, integrated risk characterization requires a
determination of the total sediment toxicity. The common practice involves the use of
bioassays, as in situ methods are usually too complex and frequently yield results difficult to
interpret. Assays available to assess total sediment toxicity are numerous and vary according
to the tested species as well as to the nature of the effects observed: disturbances in growth
and physiological functions, lethality, etc.
Nendza [138] recently established an inventory of bioassays used to analyse dredge spoils
and sediments. The author proposes three series of assays:
• Series 1: screening and detection of toxic impacts with bacterial bioluminescenee (V.
fischeri), algal growth (P. trieornutum, S. costatum), development (embryo of C. gigas,
echinoderms), and amphipod survival (C. volutator, B. sarsi);
• Series 2: characterization of toxic impacts via multiple assays on mutagenesis,
spermotoxicity, reproduction, growth, bioaccumulation and survival for different species,
ranging from bacteria to fish;
• Series 3: in situ check of any alterations via monitoring of benthic community structures
(endofauna and epifauna), with use offish exposure biomarkers.
More recently, IFKEMER conducted a project and tested 10 marine sediments sampled in
the North Sea, the Channel, the Atlantic Ocean and the Mediterranean Sea [139]. A battery of
nine bioassays was used to evaluate the toxicity of dredged sediments. Bioassays were finally
classified in four categories based on their response:
Sensitive and discriminating: development of bivalve larvae, copepod Tigriopus
brevicornis in total sediment (lethality and acetylcholinesterase in vivo in copepodites and
oviferous females),
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low response gradient: acute toxicity on Amphipod Corophium arenarium, Microtox®,
low sensitivity:
Fish: acute toxicity on Dicentrarchus labrax juveniles,
Phytoplankton; inhibition of algal growth with Phaeodactylum tricornutum,
Microcrustacean: acute toxicity on Artemia salina,
Delicate interpretation of results: genetic mutation assays: Ames, Mutatox*.
Another example is given by the approach proposed by Cemagref, VNF and ENTPE in
France [140]. This approach is based on the methodology applied for environmental risk
assessment, with the two following steps (Fig.l 1):

Chemical Characterisation

QPECIII calculation

Bioassays C.
riparius & H. azteca

Detailed risk
assessment

No modification of
the management
options

Modification of the
management options

Fig.l 1 Proposed approach of sediment management based on environmental risk assessment protocol
(Cemagref [29])
• The first step consists in a simplified risk assessment analysis where a contamination index
(QpEcm) is calculated from the concentrations of the different contaminants in the
sediment.
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• The second one, which consists in a detailed risk assessment, is conducted if QPECHI is
higher than 0,5. This assessment is specific to each considered sediment management
system and each site.
For each above step, the three following phases are applied;
• Problem description.
• Data analysis (literature and/or specific bioassays). In the detailed risk assessment step, it
is necessary to conduct bioassays on the aqueous phase (water extracts and pore water) and
on the whole sediment. The bioassays battery should include acute toxicity assays, chronic
assays and, if possible, genotoxicity assays. Moreover, these bioassays should be
conducted on aquatic organisms (e.g. Ceriodaphnia, Algae), terrestrial organisms (e.g.
plants) and benthic organisms (e.g. Hyale.Ua, Chironomus).
• Risk characterisation.
3.3. Netherlands: Characterisation of Chemical and Toxicity Test in dredged harbour
sediments and EU Water Framework Directive.
Starting July 2004 the dredged sediments in the Dutch ports and waterways are to be
screened for complying with targets laid down in the new Chemical Toxicity Test (CTT),
before disposal in open water is permitted [120]. Before the CTT only chemical quality
objectives were addressed. New elements in the CTT is the use of three bioassays to test for
toxicity by dioxin-type compounds (DR-CALUX assay), overall narcotic compounds
(MICROTOX® Solid Phase bacterial assay) and compounds specifically acting on the
Corophium volutator bioassay.
Details of the CTT assessment can be found at http://www.zeeslib.nl.
From the start of the CTT, a two-year evaluation period has been set, during which the
bioassays of the CTT can not be discriminative for disposal, hi case a bioassay does surpass
its targets the authorities are however required to put effort into designating the cause of the
bioassay response, preferably identifying the compounds. This means a TIE or EDA protocol
has to be developed concerning these bioassays.
The EU Water Framework Directive does not recognise a role for bioassays in managing
the ecological targets. National policymakers are currently investigating the possibility to use
bioassays as an alternative to distinguish the presence of groups of compounds exerting a
specific toxicological response. One example, where this 'bio-analysis' is working reasonably
well, is the DR-CALUX assay indicating the presence of dioxins, dibenzofurans and flat
PCBs [39,40].
3.4. United Kingdom
Neither TIE nor EDA are used in a regulatory context in the UK. The techniques have been
extensively used in research programmes to identify contaminants in different environmental
compartments. Examples of these are described below.
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4. EXAMPLES OF PRACTICAL CASES
4.1. DR-CALUX TIE in Delfzijl harbour sediment
In the DR-CALUX bioassay, a modified rat liver cell is used, screening for dioxin-type
response in samples from different possible origins (e.g., sediments, biota, water). The test
itself is described in Chapter 4. The TIE described here is reported by Klamer et at [40].
The DR-CALUX is one of the three assessment tools in the Chemical-Toxicity Test (CTT)
of Dutch harbour dredged material. In some Dutch harbours the DR-CALUX response is
close to or above the maximum permitted response of 50 pg/g TEQ (dry weight) [146]. For
this reason, the authorities were keen to know which compounds are causing the DR-CALUX
response.
The CTT prescribes a clean-up method of the crude sediment extract which is known as the
Multi Layer Silica column clean-up (MLS), which is commonly used in analytical chemistry
of e.g., dioxins. This method removes a large fraction of less-stable compounds like PAHs
and (chlorinated) pesticides that might have responded positively in the DR-CALUX test [43,
145].
To check whether the dioxin-type toxicity could be caused by compounds that would not
pass the MLS column, Gel Permeation Chromatography (GPC) was applied as an alternative
clean-up. GPC acts as a molecular maze and does not hold back or destruct compounds. The
total extract, split in two, is denoted by the clean-up method: the Total-MLS and Total-GPC
extracts.
The actual risk of compounds causing a dioxin-type response in the DR-CALUX test, is
also determined by their ability to reach the biological target organism at higher trophical
levels from fish upwards. Food-web accumulation and magnification of dioxin-type chemicals
is the main pathway for reaching critical concentrations in target organisms. This pathway can
be imitated by using extraction methods that mimic the accumulation of those compounds by
the lower trophic levels, like macrozoobenthos. This so-called "bio-mimetic extraction" is
described in section 2.1.3. In this TIE case, a thin (50 urn) silicon rubber sheet was used for
bio-mimetic extraction. The crude extract went through both the MLS and GPC clean-up
procedures. The resulting extracts are denoted as Biomimetic-MLS and Biomimetic-GPC.
The DR-CALUX response of all extracts is shown in Table 8. The total TEQ (pg dioxin
equivalents-g"1 sediment) is calculated from the compound specific TEF (Toxicity
Equivalency Factor). The TEF of 2,3,7,8-T4CDD = 1 and all compound TEFs are relative to
that based on their concentration/response curve in the DR-CALUX assay. The applied
individual TEFs are listed in Table 9 and Table 10.
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Table 8
DR-CALUX response and causative compounds found in harbour sediment at Delfzijl (NL).
Details in the text. (Source [40]).
Clean-up
method

Total solvent extract
DR-CALUX
TEQ (Pg'E"1)

% explained Compounds
by known
compounds
46% - 77%1] PCBs (77, 81,126,169): 3%
PCBs (118,105): 0.02%
HCB: 1%
Dioxins (T4CDD, P5CDD, H6CDD,
H7CDD,OCDD):18%
Furans (T4CDF, P5CDF, H6CDF, H7CDF,
OCDF): 24%
PCBs (77, 81,105,118,126,169): 0.03%
6.7%
HCB: 0.01%
Dioxins (T4CDD, P5CDD, H6CDD,
H7CDD,OCDD):0.16%
Furans (T4CDF, P5CDF, H6CDF, H7CDF,
OCDF^: 0.23%
PAHs25 (Fla, Pyr, BaA, Chr, BbF, BkF, BaP,
DbahA InP): 6%

MLS

43 ± 12

GPC

4693±681

Clean-up
method

Bio-mimetic extract
DR-CALUX
TEQ (pg-g1)

MLS
GPC

128
8172

% explained Compounds
by known
compounds
PCB 77, unknown and stable compounds
?
7

^ Taking into account the indications for possible synergism of the test mixture for DR-CALUX
response [141].
2)
Fla: Fluoranthene; BaA: Benzo[a]anthracene; BbF: Benzo[b]fluoranthene; BkF:
Benzo[k]fluoranthene; BaP: Benzo[a]Pyrene. DbahA: Dibenzo[ah]anthracene; InP: Indeno[l,2,3cd]pyrene.
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Table 9
DR-CALUX TEF values of PCBs, HCB, Dioxins and Dibenzofurans [142]. A TEF value of
HCB is listed, however, there is debate about whether the response of HCB is actually
dioxine-type, or mediated through an other mechanism [89].
(Flat) PCBs, HCB TEF
PCB118

Dibenzofurans

TEF

1

2,3,7,8-T4CDF

0.32

1,2,3,7,8-P5CDD 0.54

1,2,3,7,8-P5CDF

0.21

1,2,3,4,7,8H6CDD

0.3

2,3,4,7,8-P5CDF

0.5

0.14

1,2,3,4,7, 8-H6CDF 0.13

0.066

1,2,3,6,7, 8-H6CDF 0.039

1,2,3,4,6,7,8H7CDD

0.05

1,2,3,7,8,9-H6CDF 0.11

OCDD

0.0001

2,3,4,6,7, 8-H6CDF 0.18

0.001-10" 2,3,7,8-T4CDD
-6

PCB105

12-10

HCB

100-10,-6

1,2,3,6,7,8H6CDD
1,2,3,7,8,9H6CDD

Non-ortho PCB
PCB77

TEF

Dioxins

1300-10"6
6

PCB 81

10010"

PCB 126

6700010"6

1,2,3,4,6,7,8H7CDF

0.032

PCB 169

3400-10"6

1,2,3,4,7,8,9H7CDF

0.041

OCDF

0.0001

Table 10
DR-CALUX TEF values of PAHs [143, 144], but smoothed.
PAH
DR-CALUX TEF
Fluoranthene (Fla)

0.02-10"6

Pyrene

1.78-10"6

Benzo [a] anthracene (BaA)

7.04-10"6

Chrysene

101.10"6

Benzo[b]fluoranthene (BbF)

33.5-10"6

Benzo[k]fluoranthene (BkF)

1640.10"6

Benzo[a]pyrene (BaP)

90.1-10"6

Dibenzo [ah] anthracene (DbahA)

1170.-10"6

Indeno[l,2,3-cd]pyrene (InP)

296.-10"6
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4.2. Estuaries in the UK
In this study, toxicity identification evaluation (TIE) techniques were used to characterise
the toxic substances present in sediments collected from six UK estuaries that have been
historically impacted by primary industry; Tyne, Tees, Mersey, Humber, Thames and
Southampton Water.
As a first step, sediment pore water extracts and sediment solvent extracts were screened
using a battery of bioassay tests. Pore water samples were tested for the presence of lethal
toxicants by using the Tisbe battagliai bioassay [147], in vitro oestrogen receptor (ER)
agonists using the yeast oestrogen screen (YES) and for in vitro mutagenic activity using the
Mutatox™ assay. Sediment solvent extracts were also tested for ER agonists and mutagens,
whilst in vitro aryl hydrocarbon receptor (AhR) agonists were also tested for by using the DRCALUX® assay. Lethal toxicity was only measured in 10% of the sediment pore water
samples tested. ER agonists were detected in 66% of the porewater samples and 91% of the
sediment solvent extracts tested. Potential mutagens were not detected in any of the pore
water samples, while 25% of sediment solvent extracts scored positive. All of the samples
tested using the DR-CALUX® assay scored positive.
TIE techniques, using the above bioassays to direct the fractionation of the complex
environmental samples, were then applied in an attempt to identify the compounds
responsible for the observed effects. Ammonia was responsible for much of the lethal toxicity
to T. battagliai, although cationic metals, unknown hydrocarbons and unknown substances
also contributed to the toxicity of one sample. TIE techniques were successfully applied to
identify polycyclic aromatic hydrocarbons (PAH), polycyclic aromatic ketones (PAKs), oxyPAH and nitro-PAH as potentially contributing to the mutagenic signal measured in certain
sediments. Unknown polar and non-polar mutagens were also shown to be present.
Nonylphenol, cinnarizine and cholesta-4,6-dien-3-one were shown to contribute to the in vitro
ER agonist potency of sediment solvent extracts, however, the identity of the compounds
responsible for the majorily of the measured ER agonist activity in both sediment solvent
extracts and pore waters remain unknown. Applications of the DR-CALUX® bioassay showed
that dibenzo-p-dioxins, dibenzofurans and PAH were acting as AhR agonists in certain
samples.
Comparisons of the identified substances with OSPAR lists of substances for priority action
and possible concern show that a number of compounds identified as part of this programme
are not to be included. Where available, occurrence, persistence, bioaccumulation and toxicity
data indicate that some of these compounds should be considered for further assessment.

5. CONCLUSIONS AND REFLECTION
The European or world wide use of EDA and TIE techniques to solve environmental
problems and promote successful achievement of policy targets requires a minimum number
of issues to be addressed in future:
• harmonization
• validation
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• inter-lab comparison exercises
• tracking of new and recent developments in effect analysis, gene chips, genomics,
proteomics
These are just a few examples, which may be dealt with in EU- and world wide projects,
strengthening both the scientific and policy-making communities.
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1. INTRODUCTION
Sediment quality assessment is usually performed by means of integrated methods
designed using a weight-of-evidence (WOE) approach. Detailed information on WOE
assessments is provided in Chapter 9. A key component of WOE is the determination of any
alterations in resident aquatic communities, usually focused on the benthos. As noted by Suter
[1], LOE (lines of evidence, e.g., laboratory toxicity tests, models) that contradict the results
of properly conducted field surveys with appropriate power to detect changes "are clearly
incorrect" to the extent that other LOE are not indicative of adverse biological effects in the
field.
However, resident aquatic communities tend to have an innate level of variability that
makes it challenging to determine whether or not alterations are occurring under field
conditions, let alone whether or not these are due to anthropogenic inputs. Typically such
assessments focus on structure rather than function [2], and can use a variety of approaches
from sampling through to final data interpretation and reporting.
The primary purpose of this chapter is to describe globally acceptable [3, 4] methodology
for the macrobenthic community structure LOE such that benthos studies can be conducted
correctly and the information generated can be incorporated into a WOE assessment.
Accordingly, the initial sections of this chapter discuss the different components of benthos
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assessments, beginning with field sampling and progressing through sorting, taxonomy,
analysis and interpretation.
A secondary purpose of this chapter is to provide ancillary but important information
regarding benthos assessments. Accordingly, subsequent sections deal with: the role of
benthos in WOE assessments; bioaccumulation; biomarkers; and, physico-chemical sediment
processes affecting the benthos. The chapter finishes with a brief Conclusions section.
2. SAMPLING
2.1 Introduction
Benthic assessment programs begin with and rely on the quality of field sampling. It must
be recognized, however, that sampling is always an inefficient process — we cannot sample all
organisms and, depending on the distribution of organisms, may not adequately be sampling
all communities. Typically, sampling occurs "blind", with sampling devices (grabs) dropped
into the water column without being able to see the sediments below. Theoretically,
preliminary sampling should be conducted with attendant power analyses of the data to
determine the optimum number of samples required to detect a difference when one exists.
However, this is rarely done. What absolutely needs to be done is to begin with a carefully
designed sampling plan, including appropriate and detailed quality assurance/quality control
(QA/QC) requirements. Also critical is a clear initial hypothesis from which the study
objectives are derived.
However, all studies will have very real constraints, in particular there often need to be
compromises between three key factors:
1. time and money available;
2. background information;
3. required precision of the results (e.g., probabilities of type I and type II errors).
A successful sampling plan must be a result of the integration of three mutually dependent
methodological tasks: sampling design, sampling strategy and sampling techniques. The most
important result of a successful sampling plan is the collection of representative samples,
accounting for inherent variability [5]. Fig. 1 summarizes the different conceptual steps of a
benthic assessment, beginning with the hypothesis, emphasizing the importance of sampling,
and finishing with the presentation of conclusions and recommendations drawn from the
results obtained.
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Fig. 1. The different conceptual steps of a quality assured benthic assessment project
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2,2 Sampling Design
The need to carry out a benthic assessment may arise from three distinct situations: 1)
monitoring; 2) accidental environmental impact evaluation (without previous data on the
area); and 3) controlled environmental impact evaluation. The main objective remains the
same in the three situations (assessment of the quality of the benthic ecosystem), however the
hypothesis being tested and consequently the sampling designs will vary from one to another.
In the first case, the hypothesis can only cover the natural spatial-temporal variability of the
living benthic resources under study and, as a consequence, the sampling design adopted
usually corresponds to long-term studies. The second situation might be covered by a "AfterOnly" approach. In this case, there is a disturbance whose effect on the benthic ecosystem
might be evaluated using a post-disturbance survey of sites that vary in time and in proximity
to the perturbation. Although this is a very common field assessment approach it often
confounds the effect of the perturbation with natural and spatial variability [6]. Underwood et
al. [7] published a protocol to assess impacts of unplanned disturbances, that helps researchers
to step over the problem of lack of data before the disturbance. In the third and last case, the
sampling procedures usually adopted follow the principle of Before-After-Control-Impaet
(BACI) described by Green [8]. Samples are taken before and after a disturbance, in each of
putatively disturbed and control locations. BACI designs have been suffering a
methodological and conceptual evolution since Hurlbert [9] first drew attention to the risks of
pseudoreplication in environmental assessment. An extensive discussion about
pseudoreplication in environmental assessment and solutions is presented by Underwood
[10]. An alternative sampling design was proposed by Ellis and Schneider [11]: gradient
sampling design. This would be the proper design for cases of disturbances that produce
disturbed areas without defined boundaries, such as oil drilling operations, sewerage outlets or
effects of underwater blasting. According to Ellis and Schneider [11], a gradient layout has
the advantage of avoiding the problem of arbitrariness in selecting a control site, at the same
time that it enables chemical, physical and biological changes to be assessed as a function of
distance.
Once the sampling approach is chosen, three key questions must be addressed as discussed
in detail below: 1) what to sample?; 2) where to sample?; and 3) when and how to sample?
2.2.1 What to sample?
An environmental disturbance, whatever its nature is, might produce an effect at all levels
of biological organization (from the suborganistic to the ecosystem level). The selection of the
most suitable level as an indicator in a benthic assessment program will depend essentially on
the objectives of the study. For instance, biochemical and physiological measures allow an
early detection of effects and show high diagnostic ability, while measures at the population
or community level have a stronger prediction potential as they allow detecting the magnitude
and significance of the impact [12]. Thus Underwood and Peterson [13] propose the
simultaneous use of impact measures at several levels of biological organization.
After selecting the indicator, the variables to measure or descriptors should be defined. The
biological descriptors of concern may be of three types: 1) spatial and temporal distribution
descriptors (e.g., abundance, biomass, species diversity, dominance); 2) population and/or
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community structure descriptors (e.g., biometric, demographic, trophic structure); and 3)
systemic descriptors (variables that further the development of an ecological model of the
study ecosystem).
Benthic living resources may be subdivided into animal (zoobenthos) and plant
(phytobenthos) components. The phytobenthos comprises all the primary producers from
unicellular forms (cyanobacteria, protists and unicellular algae) to pluricellular forms (fungi,
lichens, macroalgae and seaweeds). The zoobenthos is composed of all zoological groups,
from protozoans to fishes, except Onycophora [14], and can be functionally subdivided into
various groupings (Table 1). There are four groupings based on size: megafauna, macrofauna,
meiofaima and microfauna. Benthic assessments typically focus on the macrofauna, which are
retained by 0.5 or 1.0 mm sieves. Megafauna comprise, for example, large clams or sea
urchins which are in the multi-centimetre size range, and which are typically collected as
solitary individuals in grab samples (disaggregated as opposed to aggregated species). A
further functional grouping of the benthos is possible into those organisms living above the
sediments (suprabenthos) within the sediments (infauna), and those living in the sediment
surface (epifauna). Benthic assessments typically focus on the infauna. However, this can
vary and the selection of the specific functional groups for study must ensure that they: 1) are
unambiguously useful for biological assessment; (2) can be sampled and interpreted in a costeffective way; and (3) have easily calculated metrics that can be used alone or in a
multimetric index of the assemblage [15].
Table 1
Functional characteristic and functional groupings of zoobenthos.
Functional characteristic

Functional groups

size

microbenthos / meiobenthos / macrobenthos
,
, ,,
/ megabenthos

spatial distribution strategy

aggregated / disaggregated species

relationship to substrate
suprabenthos / epibenthos / infauna
The selection of a particular functional group as the study focus will influence the
sampling strategy and sampling technique, including the choice of sediment depth to sample,
sample size, sieve size and type of sampler.
2.2.1.1 Organism size
The size boundaries of benthic organisms are commonly based on a standardized sieve
mesh width: all the organisms retained by a 500 um sieve belong to macrobenthos and all of
those passing a 42 um sieve (mainly protozoans and organisms of bacterial size) belong to the
microbenthos. The meiobenthos is mainly comprised of metazoans smaller than 500 and
larger than 42 um, that inhabit the interstitial matrix of marine soft sediments [3, 16].
Megabenthic organisms are defined as species large enough to be determined on photographs
(on the order of tens of cm).

220

T.A. DelValls et al.

Macrobenthos - Historically, macroinvertebrates have been the most widely sampled benthic
assemblage. They are an appropriate assemblage for biological assessment of aquatic
ecosystems because they respond to water, sediment, and habitat qualities and they show
limited mobility, particularly the infauna, which favours the integration of long-term changes
that might occur in those ecosystem components. At the species level, macroinvertebrates
have sensitive life stages that respond to stress and integrate effects of short-term
environmental variations, whereas their community composition depends mostly on long-term
environmental conditions [15].
Megabenthos - These organisms not only comprise a major fraction of the deep-sea benthic
biomass, but they also play an important role in abyssal ecosystems, resulting in their
inclusion in environmental assessment studies. However, their use as benthic indicators is
precarious because they are particularly difficult to sample using conventional methods owing
to their low density and their patchy distribution across the seafloor. Moreover, variations in
their community composition are dependent on changes in the abundances of individual taxa
[17].
Mciobenthos - Assessments of interstitial meiofauna are a relatively recent development, but
one whose importance has increased. Several aspects of the life history and demography of
meiofauna, such as their ubiquitous distribution and rapid generation time, as well as their
usually dramatic response to chemical pollution, make them an ideal group for providing
information about anthropogenic impacts [16]. However, constraints related to taxonomic
expertise and high sampling costs are still a strong drawback to the systematic use of
maiofauna in benthic quality assessment [18],
Microbenthos - Micro-organisms are abundant in all kinds of environments, and play key
roles in food webs and element cycling. Owing to their small size and intimate interaction
with the environment, microbenthos are sensitive and respond quickly to disturbances [19].
Benthic microalgae are particularly important for intertidal sediments where they play a
central role in the biostabilization of sediments as well as serving as a food source [20,21].
2.2.1.2 Spatial distribution
The majority of benthic organisms have a solitary life style strategy. However, several
groups have adopted a colonial strategy which favours them in the occupation of substrate and
in the exploitation of several other resources - they are modular organisms. Solitary species
employ gregarious strategies to achieve similar advantages. Gregariousness results in a noncasual spatial distribution of individuals belonging to the same species [14]. Although more
common in the hard-bottom benthos, gregarious and modular strategies may also be present in
soft-bottom communities (in groups such as molluscs, ascids, sponges), which must be
carefully considered in the sampling plan to ensure that representative samples are collected.
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2.2.1,3 Relation with substrate
The position that organisms occupy in relation to the substrate is one of the central issues
in the selection of the proper sampling technique and, in particular, in choosing the most
suitable sampling methodology (discussed later). Soft-bottom benthic organisms may fit
within four categories related to their relationship to the substrate: endobenthos
(endopsammon) - the infauna and phytobenthos that live in the interior of the sediment;
mesobenthos (mesopsammon) - this group mostly corresponds to the interstitial meiofauna
that inhabit the spaces between sand grains; epibenthos (epipsammon) - organisms that live in
the sediment surface, although they might burrow into the sediment to find refuge;
suprabenthos or hyperbenthos - all organisms that live in the water layer just above the
surface of the sediment [14,22].
2.2.2 Where/When and how to sample?
Selection of sampling sites will be strongly influenced by the objectives of the study since,
in many cases, (e.g., impact assessment after a specific environmental disaster) they implicitly
limit the study area. Nevertheless, even in the latter cases, it is essential to carefully select the
sampling sites amongst the variety of environmentally different sites available in a particular
geographical area. Moreover, at least one reference site, relatively free of anthropogenic
influences, should be selected to evaluate natural diversity and variability, acting as a
'control' when compared to the impacted sites [4],
Sedimentary habitats vary according to both vertical zonation in relation to water level and
sediment compactness/grain size, each of these features being determinant in the definition of
the following steps of the sampling plan, particularly sampling strategy. The littoral
sedimentary system comprises all benthic habitats where photosynthetic autotrophy may take
place, which usually extend to the 200m offshore isobath. Littoral habitats may be further
divided into supratidal, intertidal and subtidal, according to their profile in relation to the midtide water line. The deep sedimentary system comprises all the benthic habitats where, due to
the limitation of light penetration, no photosynthetic autotrophy takes place.
Intertidal sandflats and mudflats - Intertidal sandflats and mudflats are submerged at high
tide and exposed at low tide. They are widely present in estuaries and embayments but may
also occur on the open coast. The sediment type of intertidal flats can range from mobile
coarse sand, in beaches of wave-exposed coasts, to the stable fine sediment of estuarine
mudflats. This habitat type can be divided into three broad categories (although, in practice,
there is a continuous gradient between them): clean sands; muddy sands; and muds. Within
this range, the plant and animal communities present vary according to the type and stability
of the sediment and the salinity of the over-lying water [5].
Subtidal sandbanks - This benthic habitat consists of soft sediment areas that are
permanently covered by sea water. Within subtidal sandbanks it is possible to distinguish
between gravelly and clean sands, and muddy sands, according to the predominant sediment
grain size. The diversity of species and communities associated with subtidal sandbanks is
determined not only by sediment type but also by a variety of other physical factors:
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geographical location, relative exposure of the coast (from wave-exposed open coasts to tideswept coasts or sheltered inlets and estuaries), and differences in the depth, turbidity and
salinity of the surrounding water [5].
Open-sea and deep-water - Although the type of sediment in both of these habitats might be
ascribed to any of the other types listed above, studies in open-sea or deep-water require
procedures substantially different from those used in near-shore surveys, such as larger
samplers and larger vessels. Hydrodynamics as well as the distance and time interval between
sampling stations and sampling speed are factors that must inevitably have more weight in
offshore than in inshore sampling [3].
2.2.2.1 Sampling frequency and time
Sampling frequency will strongly depend on background knowledge of the sampling area
and associated benthic communities. If no previous information is available, an area under
study should be sampled monthly over a year, or at least seasonally over a year, to ascertain
seasonal changes to resident assemblages [4].
In the case of a controlled environmental disturbance, the sampling frequency should be
higher in the period just prior to, and soon after, the disturbance, and then lower following
demonstration that the environmental consequences to benthic communities are acceptable
and are stable over time. In any case, sampling must take into account the natural variability
of biological assemblages (e.g., spawning/recruitment).
2.2.2.2 Temporal and spatial scales of variation
The results obtained in any assessment study are always related to the scale of the
observations. Each level of biological organization is defined by a distinct set of time and
space scales [23]. Determining the scales at which significant variation in benthic community
characteristics and dynamics occur is critical hi developing accurate assessment protocols
[24]. The temporal scale of variation in benthic communities is mainly related to species life
history traits such as life span, generation time, reproductive periodicity and output, and these
often show a seasonal oscillation [25,26].
Soft-bottom benthic organisms usually show a patchy distribution, but the spatial scales of
this patchiness are not often known before sampling is done. Thus, patchiness at any spatial
scale between that of the sampling unit (small scale) and the sampling locations (large scale),
will remain unknown during the sampling planning stage [27]. Moreover, determination of
total sampling area in benthic surveys is subject to arbitrary changes such as the intrinsic error
of the sampling gear, depth, vessel size and wind direction [28]. All of these issues may
pervert interpretation of the results owing to pseudoreplication or loss of power in the
statistical tests performed. To overcome this, pilot studies or preliminary surveys are
recommended whenever possible, to identify scales at which variation is significant [27].
Zajac et a! [25, 26] note that the successional dynamics of soft-bottom infauna may change
considerably as the spatial scale increases, which is of special concern when analysing the
recovery of damaged benthie ecosystems. If there were no funding restrictions constraining
benthic assessment programs, they all should follow a nested or hierarchical sampling design.
With this procedure, successively finer spatial (and/or temporal) scales would be employed so
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that data could be sequentially aggregated at broader and broader scales, allowing
independent or crossed analysis between scales [5].
2.2.2.3 Sampling strategy
Distribution of the sampling stations - The strategy used to establish the precise location of
each sample will influence the reliability of the benthic assessment. There are three
commonly used probability sampling strategies: random; stratified random (based on an a
priori sub-division of the study area); and systematic sampling (based on a user-defined grid).
A common alternative to probability sampling, selective sampling, is dependent on the
decision of the field operator [5,29,30]. Sampling strategies, such as adaptive sampling, have
been developed to overcome the issue of contagious spatial distribution so common in benthic
populations [31]. Cochran [29] and Rrebs [30] give an extensive description and application
of these sampling location strategies, which are briefly summarized below.
Selective sampling - This sampling strategy should be used only when strictly necessary statistical analysis of the gathered data will not be valid and sampling errors will be unknown.
It might be useful when attempting to survey a rare species or a feature of particular
importance, if its precise location is known, since samples can be placed in areas subjectively
considered homogeneous or representative. However, extrapolation of results to the whole site
will not be viable without a strong justification, which requires a comprehensive knowledge
of the site (see references in [5]).
Random sampling - This is a method of selecting a certain number of sample units out of the
entire population, such that every one of the distinct samples possible has an equal chance of
being sampled [29]. Random sampling has the advantages of requiring only a minimum
knowledge of the sampled population, being free of possible classification errors, and
allowing the use of most statistical tests and multivariate analyses. However, the sample size
required to obtain a conventional standard for population estimate is extremely high. Hence,
this method is only useful when the studied feature is homogeneous throughout the entire
sampling area, which is rather uncommon, if not impossible, in the case of soft-bottom
benthic communities (see references in [5]).
Stratified random sampling. If there is a distinct environmental gradient, whether it is
natural (e.g., depth or salinity) or a consequence of a disturbance, the best station layout will
result from stratified sampling. It consists in subdividing an apparently heterogeneous
population into more or less homogeneous no overlapping sub-populations or strata. Once the
strata have been determined, a random sample is drawn independently from each. The
maximum precision of this sampling strategy is obtained when definition of strata is previous
to any other sampling definition, such as sample size [29]. Stratified random sampling is the
optimum approach for every benthic survey requiring a certain degree of randomness.
Nevertheless, it has the inconvenience that the most appropriate stratification for a site at one
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time may have changed when repeat surveys are carried out, which may change monitoring
efficiency (see references in [5]).
Systematic sampling or grid. This strategy consists in sampling randomly the element /,
located between 1 and p, and then regularly sampling the (i + p), (i + 2p% (i + 3p) ...
elements of the population. This is the equivalent to defining a sampling grid over the study
area, and then taking several samples at random in each grid square [29]. Systematic sampling
provides an efficient means of mapping distributions and calculating abundances. But, if a
periodic phenomenon occurs, bias may be introduced. Strictly speaking, statistical tests are
not valid, though in practice, conclusions are unlikely to be affected (see references in [5]).
The performance of systematic sampling in relation to that of stratified or simple random
sampling depends on the properties of the population, which is why a knowledge of the
structure of the population is necessary for its most effective use [29].
Adaptive sampling. The concept of this sampling strategy is to take an initial sample by
means of some of the sampling procedures described above and, whenever the variable of
interest of a unit in the sample satisfies a previously specified condition, units in the
neighbourhood of that unit are added to the sample. If any of the newly added units satisfy the
condition, units in their neighbourhoods are also added until the sample includes all the
neighbours of any unit satisfying the condition [32]. It is called "adaptive" because selection
of a sample may be done adapting the values of the variables of interest observed during the
survey [31]. An entire issue of the journal Environmental and Ecological Statistics [33] has
been devoted to adaptive sampling procedures. In this issue several examples of the
application of this strategy to ecological and environmental studies are presented. This
strategy has proven particularly useful in surveys of rare or clustered populations, but it still
presents some constraints specially in lack of control of the final sample size [32].
2.2.2.4 Sample size and replication
The number of sampling units or replicates depends on the size of the sampling device and
on the number of stations defined as well as on the desired precision [3]. For quality
assurance, replication of the sample units within a sample is essential so that measurement
error can be estimated from a subset of sites [5].
The number of taxa (S) taken in the samples usually increases with the area sampled or
with the number of replicates (N), in the proportion S = aN*, where a and b are constants, and
b usually falls within the range 0.2-0.6. The number of replicates sufficient to collect a high
proportion of the taxa present in the sample area may be determined by plotting on a
cumulative basis the number of taxa recorded in each successive replicate against the number
of replicates sampled. The point, in the species-area curve, that corresponds to the ideal
number of replicates, is at the transition from the gradient slope to the asymptotic level [3].
For soft-bottom macrobenthie sampling, a minimum surface area of 0.3-1.0 m2 should be

Benthos sediment quality assessments

225

sampled at each station, requiring a minimum of 3-10 replicates when using an instrument
covering the most appropriate 0.1 m2 area (see references in [4]).
2.2.2.5. Sampling depth
The sediment depth at which samples should be taken depends primarily on the type of
benthic assemblages present, and also on the habitat to be sampled. In intertidal habitats, the
majority of species and individuals occur in the top 15 cm of the sediment. However, in some
shores it may be necessary to excavate to depths deeper than 30 cm. Therefore, preliminary
excavations are recommended to find the most suitable sample depth [3]. In subtidal habitats,
the majority of organisms inhabit the top 5-10 cm of sediment, but some are known to burrow
more deeply. Again a pilot survey is recommended whenever possible, to check whether there
are deeper-burrowing individuals, hi any case, sediment penetration below the desired
sampling depth is preferred to ensure adequate organism collections [15].
2.2.2.6 Sampling techniques
Different types of sampling gear are required to adequately sample different habitats and
types of organisms. The arbitrary size divisions of benthic organisms (Section 2.2.1.1) are at
this point of particular importance, since different techniques are required for each group. For
macro- and meiobenthos, the basic types of instruments are those towed horizontally (dredges
and trawls), and those operated vertically (grabs, corers). Other techniques may be required in
specific cases, such as hand collecting (in very shallow or intertidal areas), photography,
SCUBA, remotely operated vehicles (ROVs) [3]. The selection of a particular sampling
technique will primarily depend on the objectives of the study, but issues such as
qualitative/quantitative samples, sediment compactness, distance to the shore and facilities
available, are also determinant [4, 15]. Adequate quality assurance/quality control (QA/QC)
including personnel training is fundamental since an incorrect handling of the gear may lead
to distortion of the results, which may spoil the entire study.
2.2.2.7 Sampler selection
There is a lot of available literature on selection of the most suitable sampler for benthos
quality assessment. A short review is presented in Table 2, including the available techniques
for each particular sampling situation, together with selected literature references.
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Table 2
Review of the available sampling techniques for benthic quality assessment.
Sampling
technique
SCUBA +
photography,
television
SCUBA+
suction
samplers,
transects,
quadrats
Quadrat
excavation
Operator
handled corer
Riley push-net

Quantitative
sampling11
Q

Habitat type
Subtidal

Target
assemblage
Suprabenthos,
epibenthos

Reference
[3]

Q

Subtidal

All benthic
assemblages

[3]

Q

Supratidal, intertidal

[3]

Q

Supratidal, intertidal

SQ

Intertidal, shallow subtidal

Agassiz trawl

NQ

All subtidal habitats

Beam trawl

SQ

Subtidal: shallow, shelf

Otter trawl

NQ

Subtidal: shallow, shelf

Small biology
trawl of
Menzies
Hessler &
Sanders' sled
IOS Epibenthic
sledge
Maeer- GIR OQ
sledge
Muus sampler

NQ

All subtidal habitats

Epibenthos,
endobenthos
Epibenthos,
endobenthos
Suprabenthos,
epibenthos
Suprabenthos,
epibenthos
Suprabenthos,
epibenthos
Large
suprabenthos
and epibenthos
Epibenthos

NQ

Deep-sea

Epibenthos

[3]

SQ

Deep-sea

Epibenthos

[3]

Q

Subtidal: shallow, shelf, deep-sea

Suprabenthos

[3,34]

Q

Subtidal: shallow, shelf

[3,16]

Suprabenthic
sledge
Oekleman
detritus-sledge
Anchor-box
dredge
Eckman or box
dredge
Forster anchor
dredge
Rectangular
dredge
Sanders anchor
dredge
Sanders small
anchor dredge
Thomas anchor
dredge
Baird grab

Q

Sutidal: shallow

Epibenthic
meiofauna
Suprabenthos

SQ

Subtidal: shallow, shelf

[3,16]

SQ

Subtidal: shelf, deep-sea

Epibenthic
meiofauna
Epibenthos

Q

All soft-bottom subtidal habitats

Endobenthos

[15]

SQ

Subtidal: shallow, shelf

[3]

NQ
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Q
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Q
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[15]
[3]

Q
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Q
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Q
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Q
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Q
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[3]

Q
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[3]
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(macro and
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Suprabenthos,
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SQ, Q ?

All subtidal habitats

[3]
[3]
[3]
[3]

[16]

P7]

[17]
[5]
[5]

[5]

*Q: quantitative; SQ: semi-quantitative; NQ: non-quantitative

2.2.2.8 Sieve mesh size
The mesh size of the sieves through which benthic samples are to be sorted is of critical
importance in benthic surveys as it will determine the size of the organisms that will be
counted and thus will form the basis for the data analyses. But the choice of mesh size
depends not only on the type of organisms investigated, but also on the coarseness of the
sediment and on the importance of collecting juveniles or smaller species [38]. Moreover, a
balance must be achieved between the time and cost of sample processing, and the accuracy
of the information about the composition of the surveyed community [15].
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Macrobenthos (Epifauna) - Screening of epifauna with a sieve has not been widely
standardized; in many cases no sieving has been performed. Callaway et al. [38] demonstrated
the importance of mesh-size in epibenthic surveys. They concluded that a 5 mm mesh is the
most suitable to detect subtle temporal changes in the structure of epifaunal assemblages.
Nevertheless, they point out that large mesh sizes, such as 10 mm, are appropriate for broad
descriptions of assemblage structure based on multivariate analysis. However, because much
of the epibenthos shows the size boundaries ascribed to the macrofauna category, sieve
meshes suitable for epibenthos should also be suitable for macrofauna (i.e., 0.5 mm).
Infauna - The most common mesh sizes used in infaunal surveys are 2 mm, 1 mm, 0.5 mm,
0.250 mm and 0.125 mm, the finer apertures being used to capture juvenile stages or to make
maximum use of deep-sea samples, or for freshwater samples. There is debate among marine
benthic ecology groups about the use of the 1 mm or 0.5 mm mesh size. In general, the 1 mm
mesh size is used in infaunal surveys because the reduction in sample efficiency is
compensated by the reduction in the time spent in the processing of the samples.
Nevertheless, the use of the 0.5 mm mesh size is preferred whenever possible. In areas where
coarse sediment forces the use of wider-meshed sieves, subsamples should be sieved through
a finer mesh to assess the losses occurring through the coarser sieve [3, 5].
Meiobenthos - Regardless of the extraction method used to separate meiofaunal organisms
(size < 0.5mm) from the sediment, sieves are generally between the 63 and 45 um mesh-size
[16]. In exceptional cases of extraction of live animals from fine sediments, finer meshes (30
or 40 |am) are often used to ensure that most of the fauna is retained in the sieve residue [3].
2.3 Sampling Sins
The twenty most common sins in benthic sampling are (adapted from [5]):
1. Not sampling randomly.
2. Collecting far more samples than can possibly be analysed.
3. Changing the methodology in monitoring.
4. Counting the same individual in two locations as two individuals.
5. Not knowing the sampled species.
6. Not having controls in management experiments.
7. Not storing information where it can be retrieved in the future.
8. Not giving precise information as to where sampling occurred.
9. Counting in one or a few large areas rather than a large number of small ones.
10. Not being honest about the methods used.
11. Believing the results.
12. Believing that the density of the sampled individuals is the same as absolute density.
13. Not thinking about how to analyse data before collecting them.
14. Assuming you empirically know the exact location of a sampling site.
15. Assuming sampling efficiency is similar in different habitats.
16. Thinking that someone else will identify the samples.
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17. Not knowing the reasons why the benthic survey is being performed,
18. Deviating from transect routes.
19. Not having an area large enough for numbers to be meaningful.
20. Assuming others will collect data in exactly the same manner and with the same
enthusiasm.
3. TAXONOMY
3.1 Processing benthic samples
A sample coming from a benthic survey consists of a volume of sediment from which the
organisms must be extracted. Holme and Mclntyre [3] and Giere [16] give good insights
concerning standard procedures to separate all types of benthic organisms from the sediment,
in the field or in the laboratory, including the best ways to preserve organisms for taxonomy
and biomass analyses. Even these apparently simple tasks must be controlled in order to
achieve minimum quality standards, and particular attention must be paid to other stages of
sample processing, such as subsampling and organism identification. In terms of QA/QC, at a
minimum 10% of samples sorted (at least one sample sorted by each sorter) must be resorted
by a different sorter. If additional organisms located in the sorted sample by the different
sorter comprise more than 5% of the total number of organisms originally sorted or of any one
group of organisms, then all samples sorted by that sorter must be resorted by a different
sorter.
3.2 Subsampling
Probably the most time consuming, and therefore expensive, task in the processing of
benthic samples, is the sorting of organisms from large quantities of sediment or residue. One
of the most common strategies to overcome this problem is the use of subsampling. But
despite its long and wide application in freshwater benthic surveys [39-43], its common use in
marine benthic studies is generally restricted to meiobenthos [16,44].
Gibson et al. [15] describe a methodology to subsample benthic infauna accomplished
by subcoring: smaller core samples are removed from within a grab or core sample, and the
organisms are sorted from the collected subcore. But this method may not allow a
representative subsampling in the case of a patchy or clumped distribution of the infauna,
which means a loss of accuracy in the final results. Carey and Keough [44] propose and
describe a more effective method based on the argument that if a sample presents a random
distribution of the organisms, counts from a subsample taken from that sample are assumed to
follow a Poisson distribution. The authors resort to the sedimentological technique of coning
and quartering, which consists of mixing a sediment sample, which is repeatedly subdivided
and remixed. But they argue that the use of a purpose-built sample splitter, such as a Jonestype splitter, would also be applicable and even more suitable.
Meiobenthos subsampling has involved at least two different specialized methods: the
Jensen splitter ([16] and references therein) and the Plexiglass sample divider [3]. Simpler
techniques, such as suspension of the sample and subsampling with a Stempel or Hensen
pipette, have also proved adequate ([3] and references therein).
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Regardless of the subsampling method used, subsampling will always be detrimental to the
accuracy of the results. Therefore, a careful assessment of the pros and the cons of
subsampling is essential whenever it is being considered.
3.3 Taxonomic identification
Accurate documentation of any biological assemblage requires the work of expert
taxonomists, sometimes one per taxonomical group (Fig. 2). Yet, in the last decades,
taxonomy has come to be regarded as increasingly unfundable, leading to a striking reduction
in available expertise to supervise identification tasks in biodiversity assessment programs
[45]. With appropriate training, "biological diversity technicians" or "parataxonomists" can
become skilful in the sorting, preparation and broad-scale recognition of taxonomic groups,
yet they cannot substitute effectively for the high-level expertise of experienced, qualified
taxonomists [46].

Fig. 2. Photographic examples of different benthic organisms usually identified in benthos studies.
Expert skills are necessary to correctly identify different taxa.
Accurate identification of specimens is crucial for the validity of any biological analysis.
The QA/QC procedures that must be implemented to ensure the accuracy of identifications
should include: 1) verification of identifications in at least 5-10% of samples, and
documentation (all samples) by a second researcher, preferably with expert skills in
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taxonomy; 2) establishment and maintenance of a voucher collection; 3) documentation of
keys and guides used for identifications as well as the taxonotnie resolution used. Ideally a
taxonomic reference collection should also be available for training and verification purposes
[4].
However, there will invariably be cases when specimens cannot be identified to species
(owing to damage or unresolved taxonomic problems). Also, identification of organisms to
the species level presents many constraints in terms of both time and costs. The use of a
reliable, reduced taxonomic level of resolution may be a useful solution to these problems,
since several studies have shown that little information is lost by working at a taxonomic level
higher than species. Nevertheless, taxonomic sufficiency must be considered with particular
care in monitoring approaches, to ensure that higher level taxonomy does not result in
incorrect conclusions ([45] and references therein). Further discussion is provided in Section
4, below.
4. DATA ANALYSIS
4.1 Introduction
Effects of disturbances on benthic organisms range from no effects to sublethal effects to
death. At the level of the individual or below, these effects can act as sentinels in providing an
early warning. Typically, effects below the level of the individual are termed "biomarkers",
whereas effects at the level of the individual are termed "bioindicators". This section focuses
on the analysis and interpretation of data generated by field sampling programmes designed to
assess benthic community structure changes in relation to disturbance.
Many general statistical analysis software packages exist that can assist in the analysis of
benthic data (e.g., STAGRAFICS, SPSS, STATISTICA, BMDP, CANOCO). The Plymouth
Marine Laboratory in the UK has developed a practical, widely used and easy to use software
package (PRIMER: Plymouth Routines In Multivariate); it includes univariate, graphical and
multivariate analysis and has gained general acceptance as a tool for analysing changes in
benthos.
Following publication of the Index of Biotic Integrity (IBI) in the early 1980s, numerous
indices for assessing aquatic habitat quality have been developed [47-52]. However, as noted
by Diaz et al. [47], so many indices have emerged during the last 20 years that the
development of new indices seems to be an endemic and rarely justified industry among
scientists. Managers and politicians in particular favour summarization of complex
environmental data into a single value, which has favoured this industry. Similarly, new
statistical approaches for the analysis of biological and environmental data are continually
emerging, as well as new statistical software packages that assist their application by
environmental researchers.
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4.2 Data matrices and data pre-processing
The raw data obtained from sampling usually consist of two matrices containing biological
data (abundance and biomass), with species and samples as rows and columns, or vice versa.
An additional matrix of physical/chemical data recorded at the same sites is frequently
available. Usually, prior to data analysis, counts or biomass information from benthic
communities require transformation, selection of species or aggregation of species to higher
taxonomic levels or functional groups (discussed below). Similarly, physical/chemical
variables may require transformation, but the different types of data often lead to different
transformation choices. A useful summary of this analysis step can be found in Clarke and
Green [53] and Clarke and Warwick [54, 55].
A variety of techniques have been employed to analyse the resulting pre-processed data.
These techniques can be grouped under three main headings: univariate methods;
graphical/distributional techniques; and, multivariate methods. In order to assess benthic
community differences (e.g., among sites, dates, replicates) properly, appropriate statistical
tests must be used [53-57].
4.2,1 Univariate methods
In essence, univariate methods combine the full set of species counts into a single
coefficient, and they are typically used to extract general features of communities that are not
a function of specific taxa. Thus, since they are species independent and, consequently, not
sensitive to variations in species composition, they have the advantage that they can be used
in communities with no species in common (from different geographical areas, for example).
However, they tend to be less sensitive than multivariate methods in terms of detecting
benthic community changes.
Among the most conventional and widely used univariate measures of benthic community
health are species diversity indices. There is a wide variety of diversity indices in common
usage, most of which are highly correlated [58]. In addition, most, if not all, are sample-size
dependent and, prior to comparisons of species diversities of different communities, statistical
methods are needed to reduce samples to the same size. The most widely used such method
has been the rarefaction method [59, 60]. However, it leads to an overestimation of species
richness, especially for small samples. To overcome this handicap, Gray [61] has suggested
calculating species accumulation curves for randomised samples and then deriving from them
estimates of species richness at the size of the smallest sample. Two different aspects of
community structure contribute to diversity: the number of species (species richness) and the
proportional distribution of individuals among different species (evenness or equitability). Of
the different types of indices, which are usually used for the assessment of benthic habitat
quality, those devoted to measuring species richness are more dependent on sample size.
Margalef s index (d), together with the total number of species, are among the more
commonly used approaches for estimating species richness, while Pielou's eveness index is
among those preferred for measuring equitability, and the Shannon-Wienner diversity index is
among those that take into account both diversity components [54, 55, 58, 62]. Besides such
conventional diversity indices, Warwick and Clarke [63, 64] and Clarke and Warwick [65]
have proposed two new indices based on the taxonomical relatedness of species present in a
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sample: taxonomic diversity and taxonomic distinctness. The former estimates the mean path
length along Linnean taxonomic lines of individuals in different species, while the second one
is the expected path length of any two randomly chosen individuals from the sample. Both
indices are not dependent on sampling effort, which means that they can be used to compare
results from studies with different sampling efforts. For all diversity indices, high index
values indicate healthy communities and low index values will mean the opposite. However,
diversity and other indices can provide misleading values and should only be used with
caution [66]. In general, diversity indices could frequently provide inferior and deceptive
information. Better univariate measures than diversity indices are separate assessments of the
number of species and number of individuals. As is apparent from Fig. 3, such relatively
simple un-massaged data are at least as informative as constructed mdices.
In addition to diversity indices, a large variety of different community attributes such as
total number of individuals, total biomass, mean size of individuals can be used as measures
of some aspects of community structure. For these and any other single variable derived from
initial biological data matrices, standard statistical tests are generally appropriate; analysis of
variance (ANOVA) is most frequently used. Data transformations are usually required,
however non-parametric tests are also available and should be used when transformed data do
not fit assumptions required by parametric tests.
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Fig. 3. Benthic community response to the decrease of petrochemical waste discharges at Kinneil
intertidal are (Forth estuary), measured as mean number of species per station, Shannon-Wiener
diversity index and Evennesss index (data from [67]

4,2.2 Graphical/distributional methods
These methods attempt to extract information from community data without reducing that
information to a single summary value. They can be considered as intermediate between
univarite and multivariate approaches. As for indices, distributional techniques can extract
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information on community structure unrelated to specific taxa; they permit comparisons
among communities without species in common.
The k-dominance curves developed by Lambshead et al. [68] rank species in decreasing
order of abundance, transform abundance of each species into a percentage of the total
abundance of all benthic species, and plot percentage cumulative abundance against species
rank. If k-dominance curves do not overlap, the lowest curve represents the most diverse
assemblages, while the most elevated curve has the lowest diversity. However, when they
overlap, comparisons among them can become ambiguous.
A further development of k-dominace curves consists in superimposing k-dominance plots
for species abundance and biomass. This method is known as abundance-biomass comparison
curves (ABC) and was proposed by Warwick [69]. In this case, benthic status is inferred from
the relative position of both cumulative curves: undisturbed assemblages have biomass curves
above abundance curves and vice versa. This method is based on the assumption that under
undisturbed conditions, biomass is dominated by a few large species, while under disturbed
conditions biomass is dominated by a few very small species (opportunist species). This
technique has been widely and successfully used in investigating disturbance effects in
different geographical areas and situations, mainly when an organic source of contamination
was present [70-74]. Nevertheless, some authors have questioned the use of ABC curves in
naturally stressed estuarine benthos [75, 76]. Further, when small non-polychaete species
dominate, the ABC method may also fail as a measure of the benthic community status [71,
77, 78]. In addition, ABC curves have two problems: 1) very often k-dominance curves
approach 100% for a considerable part of the curve and it is difficult to distinguish between
the forms of these curves after the first two or three dominant species; 2) the visual result are
over-dominated by the single most dominant species. Both handicaps can be overcome by
using partial dominance curves proposed by Clarke [56] or by plotting family level data [79]
(Fig. 4).

T.A. DelValls et al.

236
Cumulative dominance curves

Pardal dominance curves
Parcial

UnpoDuted
Unpolluted

100
100

50 -

0
Moderately polluted

I
|

%

Cumulative %

100
100

50 -

5
0
Grossly polluted

100
100

Abundance
Biomass

50 -

0
1

5

10
10

1

5

10
10

(log scale)
Species rank (log
Fig. 4. Hypothetical cumulative and partial dominance curves for species biomass and abundance
under different polluted conditions
Another distributional method widely used is the species abundance distribution proposed
by Gray and Pearson [80] (Fig. 5). The number of species (y-axis) is plotted against the
number of individuals per species grouped into geometric classes of abundance (x-axis).
When the benthos is undisturbed, the plot will have a steep and smooth curve with its mode
well to the left, due to the presence of many rare species. Conversely, in disturbed situations,
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the curve will be shallow and more irregular, because there are fewer rare species and
dominant species are strongly represented.
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Fig. 5. Hypothetic distributions of number of individuals per species in benthic samples from
sediments with different disturbance status. Y-axis: number of species; X-axis: number of individuals
per species in geometric classes (2"'1)

4.2.3 Multivariate methods
Multivariate techniques discriminate between samples based on the similarity of their
respective benthic assemblages. They assess the extent to which communities share particular
species at comparable levels of abundance. Because they preserve species identity, they are
usually considered to be more sensitive hi detecting community changes than univariate and
graphical / distributional techniques, hi contrast, their species-specific basis makes them
unsuitable for assessing alteration without a reference dataset (historical data, for example) or
for comparing communities without species in common (from different geographical areas,
for example), hi addition, they are more complex than other methods and involve
considerable data pre-processing (e.g., transformation, elimination of rare species). However,
there are several software packages, such as PRIMER and DECORANA, which permit easy
and fast implementation of multivariate analysis even on large datasets. Furthermore, there
are several ways in which the other cited shortcomings of multivariate techniques, such as
comparisons of assemblages with different species compositions or the absence of reference
data, can be overcome. For example, the index of multivariate dispersion (IMD - [81, 82]) can
be used to investigate whether community structure shows increased variability under
disturbance. It is based on the observation that variability among replicates collected from
disturbed sites is greater than from undisturbed sites, A high IMD value would be interpreted
as a symptom of assemblage alteration. However, this index suffers from the lack of a
statistical test to ascertain the statistical significances of observed community differences.
Multivariate methods can be broadly grouped into two categories: classification and
ordination methods. In benthic pollution studies, the most-used ordination methods are
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DECORANA (DE-trended CORrespondence ANAlysis), PCA (Principal Component
Analysis) and MDS (Multi-Dimensional Scaling), with the latter having theoretical
advantages and being empirically more robust; among classification methods, hierarchical
classification clustering (CLUSTER) is commonly used [53, 54, 55, 58, 73, 74]. MDS and
CLUSTER ordinate and cluster samples, respectively, according to the similarity of the
assemblage they represent. As a measure of inter-sample similarity, the Bray-Curtis similarity
index is commonly used because, among other advantages, this coefficient is invariant to
scale changes and doesn't take into consideration common absences of species [83].
There are statistical methods to determine the significance of differences between
community samples, such as the permutation test ANOSIM (ANalysis Of SIMilarity) or the
more classical MANOVA (Multivariate ANalysis Of VAriance). For species abundance data,
the former should be used in preference to the latter, since MANOVA assumptions are
infrequently complied with by this type of data [53, 57, 84]. When differences have been
found among benthic assemblages, methods have been developed to sort out the species that
best distinguish between compared groups, for instance SIMPER from the PRIMER package,
TWISPAN from the DECORANA package [55] and np-MANOVA [85].
Because there is considerable redundancy in the species which characterise a community,
several authors have suggested the possible use of lower a level of taxonomic resolution
without a significant loss of information [74, 86, 87, 88]. It has been also suggested that
analysis of higher taxonomic levels is more likely to reflect a contamination gradient than are
analyses based in species, because natural environmental variables tend to influence the fauna
by species replacement rather than by changes ha the proportion of major taxa [74, 89].
Warwick and Clark [81, 82] conducted a meta-analysis of benthic abundance and biomass
data (at the Phylum-level) from a variety on locations of the NE Atlantic shelf. Since the
result was an MDS ordination with disturbance as its major axis, they suggested that such a
data set can be used as a training data set against which benthic community status from new
locations can be assessed (e.g., Figure 6). This phylum-level meta-analysis approach has been
applied to data from other geographical areas producing satisfactory results [79, 90],
suggesting that the method may have a more global applicability. However, a reliable
disturbance status was only obtained when new samples were introduced into the MDS one
by one in order to keep the original NE Atlantic data ordination unmodified [90]. In this
approach, the status of the benthos of a new sample may be derived from their relative
position in the resulting MDS. Generally, benthic samples dominated by echinoderms and
molluscs are more concentrated at the non-polluted end of the ordination, while samples
dominated by annelids occur at the most polluted end.
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Fig. 6. Two dimensional MDS ordination of phylum level "production" data. New data (Oula of Cadiz
samples) are represented by crossed symbols, while original training data (NE Atlantic samples) are
represented hy filled symbols, (modified from [90])

A novel multivariate approach has been proposed for assessing environmental quality [91].
Provided that ail undisturbed reference exists, this approach is analogous to the phylum
production meta-analysis previously cited. It uses PRC (Principal Response Curves [92]),
based on ReDundancy Analysis (RDA), which has advantages over traditional ordination
techniques because it permits a powerful statistical analysis of temporal data series along
spatial gradients. Individual species responses to pollution can be derived from the PCR
curves. This technique has been successfully used to asses the effects of eutrophication on
benthie assemblages in a European temperate estuary. Thus, it is a potentially practical tool
for monitoring environmental quality, but its applicability to other pollution situations needs
to be validated.
4.3 Linking community data with environmental information
After assessing the benthie assemblage disturbance status, when a matching environmental
variable matrix is also available, it is useful to explore the extent to which the abiotic data arc
related to the observed biological pattern. ANOVA or non-parametric tests can be used to
determine which environmental variables have significantly changed along with the benlhic
assemblages. Correlation analyses permit insight into the potential causality of some
environmental factors in any observed changes of benthie community. When required
assumptions are met by the data, regression analyses can be also a useful tool in evaluating
effects of disturbances [93]. In some cases, in order to relate a biological response to
contaminants levels, it may be desirable to remove the effects of "nuisance" variables not
controlled in the experimental design by using ANCOVA (ANalysis of CO-VAriance) or its
analogous MANCOVA (Multivariate ANalysis of COVAariancc), depending on the number
of uncontrolled variables [53].
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Multivariate approaches to environmental data analyses can also be applied or a different
analysis may be chosen, for example, the use of PC A analysis based on Euclidean distance for
environmental variables instead of the MDS ordination on Bray-Curtis similarity index more
commonly used for biological data [54], One helpful and easy to use visual approach consists
of superimposing environmental data (for example, sediment concentrations of any
contaminant) upon the ordination plot (derived from biotic data) by using symbols whose size
differs in the same proportion as the environmental variable. In addition to visualization, such
a relationship between the multivariate summary of the benthic assemblage pattern
(ordination plot) and a particular univariate environmental measure can be quantified by
calculating the correlation coefficient between the first (or the second) MDS axis score of
each sample and the corresponding environmental value [94]. In the same way, the summary
provided by a principal component from a PCA of environmental variables can be correlated
with any univariate biotic measure, such as diversity indices [54]. Furthermore, a multivariate
biota pattern can be linked to its analogous multivariate environmental pattern by calculating
the correlation between both sample ordinations. Per Clarke and Warwick [54], the best way
of matching both patterns is calculating the rank Spearman correlation coefficient between
similarity matrices underlying both ordinations. In this regard, the BIOENV procedure,
included in the PRIMER package, selects environmental variables "best explaining"
community pattern, by maximizing the correlation between their respective similarity
matrices. Nevertheless, the resulting best combination of variables cannot be supported by
significance level and the BIOENV procedure should only be used as an exploratory tool.
4.4 Redundancy of community data: taxonomic levels and functional guilds
Since benthic assemblage patterns can be well summarized in a lower dimensional space
than the maximal (total number of species) dimensional species space, it appears that there is
considerable redundancy in the species that characterize a community. Thus, an analysis of a
small subset of all species may result in a similar community structure picture. In fact, Gray et
al. [86] pointed out that environmental monitoring costs could be significantly reduced by
processing samples at higher taxonomic levels than species. An additional advantage of
aggregating species to higher taxonomic levels is that it permits comparisons between benthic
communities with different species (e.g., from different geographical areas). For example, the
configurations produced from an MDS on 110 species (all species of macrobenthos collected
in Frierfjord) were remarkably similar to those obtained using just 19 randomly selected
species [95]. Moreover, it has also been suggested that analyses of higher taxonomic levels
are more likely to reflect a contamination gradient than analyses based on species, because
natural environmental variables tend to influence the fauna by species replacement rather than
by changes in the proportion of major taxa [73, 89]. The PRIMER package includes the
AGGREG routine, whose input is the original species data matrix and an aggregation file
containing the taxonomic designation of each species (e.g., genus, family, order, phylum), and
whose outputs are new matrices with data aggregated at high taxonomic levels. Taxonomic
levels higher than species may be used with different statistical analyses. For instance, an
increasing sensitivity to pollution was found when ABC curves were plotted with data
aggregated to the family level [79]. The information lost by aggregation of species to higher
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taxonomic levels may vary from one community component to another: the family level may
be appropriate for macrofauna, while the genus level may be more suitable for meiofauna [58,
96]. Thus, to exploit redundancy in community data by working at taxonomic levels above the
species level may represent considerable advantages, but it is necessary to be cautious and to
explore carefully the loss of information that aggregation will cause before applying it to a
particular species data matrix.
The division of a community into groups of species that share similar functional
characteristics (functional groups) or which are exploiting common resources (guilds) is a
practical approach for simplifying the study of community structure and function. Although
from a theoretical point of view functional redundancy is not compatible with stable
coexistence of species, in practice environmental variability may permit its existence [97]. As
previously noted for the aggregation of species to higher taxonomic levels, one advantage of
working with functional groups is that it allows comparisons between benthic communities
with different species. Similarly, since the sensitivity of different functional groups to a
stressor (organic enrichment, for example) may be different [75], changes in the proportion of
these groups may be indicative of community alterations. Thus, in principle, functional-group
analyses could be also used for the assessment of pollution impacts, provided that possible
objections (such as the flexibility in ecological functions of many organisms) were
appropriately overcome. Nevertheless, the functional group approach should be considered as
a complement to statistical and numerical techniques rather than an alternative for assessing
community changes [98].
5. WEIGHT OF EVIDENCE (WOE) EVALUATIONS: THE ROLE OF
MACROBENTHIC COMMUNITY STUDIES
A detailed description of the objectives and purpose of designing and using WOE
approaches for sediment quality assessment is provided in Chapter 9 of this book. Specific
ideas related to the selection and application of benthos assessment in WOEs are briefly
described and discussed in this section.
The use of benthic community assessment to address adverse biological effects under field
conditions dates back to the first attempts to determine sediment quality using WOE
assessments (initially named integrative assessments) [99, 100]. Such assessments include,
but are not restricted to univariate indices, taxa percentages [101], multivariate approaches,
and ABC curves [70,102].
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Fig. 7. Schematic representation of a weight of evidence approach using macrobenthic community
structure and based on the classical sediment quality triad approach.
Benthos studies provide strong evidence of 'in situ' alteration to answer the third and the
most difficult question to address in an integrative assessment (WOE); [1) What
contaminants? 2) What levels?] 3) What effects? This question is also supported by the
results obtained from sediment toxicity tests (effects under laboratory conditions). The link
between these two kinds of studies (effects in the laboratory and field studies) is the most
useful evidence to determine effects associated with contamination measured in the
sediments. However, benthos studies should not be used alone (i.e., outside of a WOE) for
sediment assessments because it is difficult to distinguish natural variability from
anthropogenic contamination [70, 90, 103, 104]. Hence the importance of other LOEs in
supporting and explaining the findings of benthos studies [102, chapter 9, figure 7].
6. BIOACCUMULATION AND ADVERSE EFFECTS IN BENTHOS ASSESSMENT
This section presents and discusses complementary information provided by the use of
Contaminant Body Residues (CBRs) as an adjunct to the WOE assessment for establishing
causation. The general guidelines and basic approach of using CBRs for benthic organisms in
a WOE assessment are described, including a brief description of the use of biomarkers as an
adjunct to benthos assessments.
Aquatic organisms may bioaccumulate some environmental contaminants to more than
1,000,000 times the concentrations detected in the water column [105,106]. Because
sediments are a sink (and reservoir) for water column contaminants, benthic organisms may
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be exposed to higher contaminant concentrations than water column organisms. Thus, benthic
organism tissue chemical analysis can serve as an important indicator of contaminant
bioavailability [107] and can also provide information related to potential human health issues
from consumption offish and shellfish collected from areas of sediment contamination.
Sediment quality assessments are typically based on external concentrations of chemicals
(in the whole sediments or pore waters) rather than on body burden residues in benthic
organisms. However, contaminant body residues are a more appropriate indicator of causation
in aquatic biota (and specifically in benthic organisms) than external concentrations because
body residues should represent a toxicologically more relevant dose. For instance, Figure 8
shows decreasing Zn body burdens from 1998-2001 in the clam, Scrobicularia plana (a
deposit feeding bivalve), in the Guadalquivir estuary after the Aznalcollar mining spill in
Spain, which match decreasing Zn sediment concentrations.
In general, the CBR approach suggests that the amount of a chemical in the body is
proportional to the amount of the chemical in the site(s) of toxic action. Bioaccumulation is
the general term used to refer to the uptake and storage of chemicals by organisms from their
environment through all routes of entry. It is the process which allows integrating both the
bioavailable fraction and its consequent uptake/biotransforrnation in the organism.
Bioaccumulation includes bioconcentration, which is the direct uptake of chemicals from
water alone, and is distinguished from biomagnification, which is the increase in a few
organic chemicals (e.g., methyl mercury; PCB; DDT; 2,3,7,8-TCDD) taken up through three
or more trophic levels of a food chain. It has been hypothesized that body residues within a
defined mode-of-action category are relatively constant across different chemicals, organisms
and exposure conditions [107], Thus, the CBR approach offers a complementary tool or
possibly even a separate line of evidence (LOE) for sediment WOE assessments [108].
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Fig. 8. Zn temporal (1998-2001) treads in the clam, Scrobicularia plana (deposit feeding bivalve) in
the Guadalquivir estuary after the Aznalc611ar mining spill. The plot shows decreasing of Zn body
burden levels in agreement with decreasing Zn sediment concentrations
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The CBR has been defined as the threshold concentration of a substance in an organism
that marks the transition between no effect and an adverse effect [108]. This concept is based
on a pharmacology approach (the chemical concentration in the receptor determines its
effect), and on the idea that there is proportionality between the body concentration and the
level of this chemical in the target or receptor. CBRs have shown their usefulness for risk
assessments of several organic compounds [109]. However, the relationship between metal
accumulation and toxicity is more complex that for organic compounds [108]. Approaches
have been developed to model geochemical and biological differences among metals, for
instance biodynamic metal bioaccumulation combines geochemical analysis and
parameterisation of key physiological variables for species and sites [109]. However, in
addition to bioaccumulation, bioaeeessibility within organisms needs to be considered,
specifically contaminant subcellular distribution and compartmentalization, which can modify
the toxicity of bioaccumulated contaminants [108].
6.1. Biological processes and factors affecting bioaccumulation
Some of the most common biological process affecting the bioaccumulation of a
contaminant into benthic organisms are described below.
Biotransformation is the process by which foreign chemical substances are enzymatically
oxidized, reduced, cleaved, rearranged, or conjugated within the metabolically active organs
of biota. In Phase I of metabolic detoxification, foreign chemical substances are
biotransformed to reactive metabolites (bioactivation), enabling them to undergo further
chemical reactions. This process is usually followed by conjugation with endogenous
substrates in Phase II of metabolic detoxification, and excretion from the organism. It can also
result in activation of a foreign substance to a toxicant of higher toxicity than the parent
compound, as is the case with the polynuclear aromatic hydrocarbon (PAH) benzo[a]pyrene
[108]. There are substantial differences among benthic organisms in their ability to
biotransform chemicals. For example, PAHs tend to bioaccumulate in certain amphipods and
bivalves that do not possess the enzyme systems necessary to metabolically detoxify and
eliminate them. These same PAHs are found in much lower concentrations in most fish
because fish possess the necessary enzyme systems for biotransformation and degradation.
Depuration refers to the elimination of toxic substances from an aquatic organism by all
processes and occurs concomitantly with uptake of chemicals. Steady-state bioaccumulation
is considered to exist when the net loss of a chemical by depuration is equal to the net gain by
uptake. In most cases, depuration is a biphasic process; first, chemicals in the bloodstream or
in tissues with high blood exchange are depurated, then the same chemicals in storage tissues
such as fat are mobilized and eliminated over a longer period of time.
Contaminated food is a major pathway for bioaccumulation of contaminants in aquatic
organisms. High levels of chemicals in the tissues of water column-dwelling fish that are
exposed to low concentrations of chemicals in the water may be explained on the basis of
ingestion of contaminated food. Benthic infaunal species that ingest sediment as a part of their
diet probably also receive a large part of their body burden through feeding. Dietary
accumulation is dependent on feeding and clearance rates, and on the ability of organisms to
assimilate chemicals. If the food that an organism ingests is highly contaminated relative to
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the water that the organism respires, and if the quantity of contaminated food ingested is also
large, diet is likely to be the dominant pathway for bioaccumulation,
Bioaccumulation through dietary exposure is also influenced by the strategy by which an
organism obtains its food, i.e., the organism feeding type. The assimilation efficiency of
organic chemicals and organometalloids from food to predatory fish ranges from about 6595%. Deposit feeders that ingest contaminated sediment assimilate these contaminants with
about 20-40% efficiency. Filter feeders are intermediate or similar to deposit feeders in their
assimilation efficiencies [108].
Lipids are organic substances of biological origin that are insoluble in water. Lipids
include structural substances such as phosphatides, substances that are involved in various
biochemical reactions such as steroids and carotenoids, and fats and waxes. Fats are relatively
inert substances that constitute reserve energy stores for biota. Storage lipids composed
primarily of fats have the highest affinity for neutral chemicals. In general, the capacity for
bioaccumulation of hydrophobic chemicals increases with the total lipid content of an
organism. The total lipid content of an aquatic organism or the lipid content of specific tissues
is frequently used as a basis for normalizing the concentration of neutral organic chemicals
found in organisms. Lipid normalization of concentration data makes it possible to make
interspecies comparisons of bioaccumulation.
Metabolic rate affects bioaccumulation. A high rate of metabolism is usually accompanied
by increased rates of oxygen uptake. Rates of oxygen uptake closely parallel rates of
contaminant uptake from water in aquatic species. However, rates of biotransformation and
excretion may also be accelerated by increases in metabolic rate. The net effect on
bioaccumulation depends on whether the uptake or deputation process is favoured. For
example, elevated metabolic rate during a period of reduced external contamination in most
cases would tend to favour increased elimination of chemicals and a reduction in body
burden.
6.2. Biomarkers and the link to bioaccumulation
Bioaccumulation of specific contaminants includes the presence, induction and inhibition
of two specific sets of enzymatic systems as discussed below. Histopathology is also
discussed.
Metallothioneins are low molecular weight sulfur-containing proteins that bind certain
metals. These proteins are produced in the kidney, liver, gill, and digestive organs of most
aquatic organisms. Metallothioneins primarily are involved with regulating the metabolism of
essential metals. However, for many organisms metallothioneins also provide a measure of
protection against the toxic effects of metals in general. Synthesis of metallothioneins is
inducible by an exposure of the organisms to low-level acute or chronic concentrations of
certain metal ions, and can produce a tolerance to the toxic effects of those metals through the
induction of metallothioneins. The consequence of metallothionein induction to
bioaccumulation is an enhanced ability of organisms to accumulate certain metals before the
appearance of toxic effects.
Mixed-Function Oxidases (MFOs) are cytochrome P-450-dependent intracellular enzymes
that function mainly hi the oxidative metabolism of lipid endogenous compounds, and in the
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first phase of detoxification of foreign organic compounds. Several types of MFOs may be
found in the metabolically active organs of all vertebrates, including fish, and of most
invertebrates, including corals [110]. In aquatic invertebrates, the most highly developed
MFO systems are those that catalyse the biotransformation of planar aromatic lipid-soluble
chemicals such as PAHs into more water-soluble compounds. Increasing the water solubility
of such compounds makes them more easily eliminated. Exposure of an inducible organism to
low PAH concentrations or to sufficiently similar compounds, such as the polychlorinated
biphenyls (PCBs), stimulates (induces) the synthesis of appropriate MFOs for detoxification
of those compounds. Subsequent exposure of the induced organism to the same chemical or to
a similar organic chemical can be met with an increased capacity to eliminate the chemical
and a reduced level of bioaccumulation.
These kinds of enzymatic systems can also be used in benthos assessments by linking
chemical concentrations in tissues with any adverse effects, and including biomarkers of
exposure [70]. The use of biomarkers (defined as any biological response to an environmental
chemical at the sub-individual level measured inside an organism or its products indicating a
deviation from the normal status) is a promising tool to link bioaccumulation and toxicity
[111]. Table 3 shows a general scheme to implement biomarkers into the framework of a
benthos sediment quality assessment. For more information on biomarkers of exposure and
effects, see Chapter 5.
One of the most useful and widely used biomarkers of effect is histopathology. Recently it
has been used for a WOE sediment assessment of metal effects [112]. Histopathological
responses are relatively easy to determine, can be related to both health and fitness in
individuals, and can allow further extrapolation to population/community effects. For
instance, extensive studies in the US (e.g., NOAA'S National Status and Trends Program) and
Europe (e.g. the International Council for the Extrapolation of the Sea, ICES, and the North
Sea Task Force Monitoring Master Plan) have established a causal relationship between fish
pathology and levels of pollution in the marine environment [113]. Riba et al. [112] used
information on body burdens of metals and of lesions in benthos from the Guadalquivir River
(Spain) to determine that the lesions were caused by the 1998 Aznalcdllar mine tailing
release. These findings were supported by other studies conducted under laboratory
conditions [114, US]. Furthermore, this kind of relationship has proven useful for sediment
quality assessment in both the laboratory [115,116] and the field using caged animals [117],
Most common methods attempting to quantify histopathological lesions observed in
different organisms, including fish, use the frequency of lesions in field-collected organisms
once they have been previously evaluated in laboratory exposure experiments [112]. The
USEPA in its Environmental Monitoring Program [118] describes a similar approach.
However, these approaches only provide correlations, and causation remains to be
established, as part of a WOE assessment.
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Table 3
Biomarker approach to benthos sediment quality assessment
Objective
Knowledge of natural
variability

Procedure
Seasonal evolution of
biomarkers in sediments

Information obtained
Range of variation of
biomarkers under natural
conditions (variations not
related to anthropogenic
contaminant inputs)

Screening of sediment
quality

Biomarker response to
contaminated and reference
sediments and organisms

Advantages and
disadvantages of biomarker
battery and components for
identification of
contaminated sites

Biomarker extrapolation
from laboratory to field
conditions

Determination of biomarker
responses to contaminants
(exposure) and their effects
(toxicity)

Responses to
environmentally realistic
conditions

Bioavailability of
contaminants

Determination of exposure
and effect biomarkers

Evaluation of the sensitivity
of biomarker battery and
components to the available
contaminants and
concentrations

Biomarkers responses over
time

Toxicokinetic biomarker
responses

Knowledge of biomarker
system

Risk assessment

SQT, three species with
different life styles: filter
feeding, deposit feeding and
burrowing

When contamination is and
is not pollution

6.3 Physicochemical process in sediments affecting bioaccumulation
There are certain physicochemical factors and processes that should be considered in
benthos assessments, including the CBR approach. It is easy for an inexperienced observed to
see only the animal or plant in which he/she has an interest, and overlook the environment
from which it came. In aquatic environments, the underlying or surrounding sediments are
important in determining which animal or plant can thrive or survive. Although it may not be
apparent, sediments are highly structured chemical environments. In the absence of physical
disturbance, chemical structure can be considered of two dimensions consisting of layers of
gradually changing composition parallel to the sediment-water interface. Benthic animals
disrupt this simple structure by burrowing into the sediment or mixing particles from different
sediment layers. The roots of plants cause a similar bioturbation in the sediments, although
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their physical movements are much smaller. This affects the rates of transport of gases,
solutes and particulate matter within the sediment and between the sediment and the overlying
water. Recognition of the importance of these aspects is crucial to a better interpretation of
results from experiments and observations involving exposure of organisms to contaminated
sediments.
6.3.1. Chemical zonation in sediments
Refers to the difference in chemical composition and redox potential between the interior
of the sediment and the interface with the overlying water or air, considering subtidal or
intertidal sediments. The interface can be represented by the sediment surface, but also by the
wall of a water-filled burrow created by a benthic animal living in the sediment. In each case
a chemical zonation is created through the flux of solutes and dissolved gases across the
interface and their consumption within the sediment. Chemical composition may change
rapidly on a scale of millimetres in organic-rich sediments.
To appreciate the relationship between chemical zonation and a benthic animal (figure 9),
one may hypothetically consider that the animal mixes all the anoxic sediment and covers it
with oxygenated seawater. Oxygen is consumed in the oxidation of labile organic matter and
reduced pore water constituents such as ammonia and sulphide, which are toxic to most
animals. Oxygen also reacts with reduced forms of iron and manganese, which are
precipitated as insoluble oxides. As a result of these reactions, the composition of both the
pore water and the solid sediment phase changes and, after some time, a steady state develops
in which the flux of oxygen and other electron acceptors from the overlying water is balanced
by their consumption within the sediment. The electron acceptors that are transported into the
sediment by diffusion or advection created by the benthic animal (oxygen, nitrate, Fe (III),
Mn (IV), sulphate) are consumed in a sequence determined by the free-energy yield of the
reaction between organic matter and the particular electron acceptor. A close look at the
steady state sediment composition would reveal the existence of an initial zone close to the
sediment-water interface created by the animal, and corresponding to reactions involving
oxygen reduction. The next zones correspond to reduction of nitrate, Mn (II), Fe (II), sulfate,
and CO2. The boundaries between these zones are not at a fixed distance from the interface,
but vary spatially and temporally because of variations in temperature and inputs of organic
carbon. Chemical zonation affects the solubility and therefore the distributions and fluxes of
reduced and oxidized metal species, e.g., iron and manganese and metal sulfides in general.
Dissolved iron and manganese migrate towards the interface, and if there is oxygen present
from diffusion or transported by the irrigation caused by animals they will precipitate as
oxides. The overall result is that the sediment will be enriched in iron and manganese oxides
near the interface and depleted away from it.
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Fig. 9. Schematic representation of the chemical zonation in upper sediments and bioturbated
sediments

6.3.2.
2 Kinetics of bioaccumulation
Using a single compartment approach, which is common in small organisms,
bioaccumulation may be seen as a balance between two kinetic processes, as quantified by the
first-order rate constants Ki and K2, respectively [119-124]. The rate of change of
contaminant concentration in an organism is given by

where Cb is biotic concentration, Cm is concentration in the ambient (sediment)
environment and t is time. This model has been applied to contaminants in sediments, in
which the ratio kl/k2 is the sediment bioaccumulation factor (BAF) and relates chemical
concentration in sediment to steady-state concentration in exposed organisms. A fundamental
requirement of the simple kinetic model is that exposure concentration be constant. At
constant exposure, the concentration of chemical in the tissues of an organism at steady state
exceeds the concentration in the exposure medium by the magnitude of the BCF (or BAF).
Although steady-state conditions rarely occur in the real world, this concept is a useful
simplification that makes kinetic calculations possible. For non-metabolising neutral organic
chemicals, the rate of elimination is inversely correlated with hydrophobicity, resulting in
very slow elimination for the higher molecular weight hydrophobic compounds. However,
rates of uptake for such chemicals are generally rapid. Such compounds are taken up and
eliminated passively, and bioaccumulation usually follows first-order kinetics as described
above. The slower the rate of elimination, the greater the magnitude of bioaccumulation for a
given chemical. Animals exposed to the same or to similar chemical substances may develop
the ability to depurate those substances rapidly by having synthesized greater quantities of
intracellular enzymes such as mono-oxygenases or MFOs. Bioaccumulation under these
circumstances is reduced compared to bioaccumulation in similar but chemically naive
animals [120]. In a few studies, first-order kinetics have also been able to describe the uptake
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and elimination kinetics of metals. However, the kinetics of metal bioaccumulation are
influenced by many more variables than are the kinetics of hydrophobie organics, and simple
models are generally less successful in describing them.
6.3.3. Bioturbation
Bioturbation is the process by which animals transport particulate matter when they
excavate burrows and when they feed. Evidence of bioturbation can be seen in tidal flats with
worms, or more subtly in the vertical distribution of the naturally occurring radioisotope Pb210. Although its half-life is 23 years, it is often constant in the upper 5-6 cm sediment layer
because of the mixing that results from bioturbation.
The way that benthic animals move particles depends to a large extent on their feeding
mode. For example, deep deposit feeders feed below the sediment surface and deposit their
faeces on the surface, and surface deposit feeders deposit their faeces either on the surface or
within excavated burrows. A well-studied example is the polychaete Scolaplos sp. [121]; it
feeds at a depth of 4-6 cm near the redox potential discontinuity and egests particles onto the
sediment surface. This causes an enormous transport of particles over a vertical distance of
several centimetres. In highly sulphidric sediments, metals are effectively immobilized and
their toxicity neutralized because of the low solubility of metal sulphides [122]. Oxidation of
the sediments can change this immobilization and increase the flux of metals towards the
burrow wall. For example, mixing of cadmium sulphide subsurface sediment into the
oxidising surface layer leads to sulphide re-oxidation and the release of cadmium [123].
Cadmium, and other trace metals, may be adsorbed onto Fe- and Mn-oxides formed in these
walls or escape to the overlying water. These oxides may be efficient barriers to metals uptake
by animals.
The key question in the bioaccumulation/CBR approaches as part of a WOE assessment is
whether alterations in sediments caused by the animal interact with this bioaccumulation
process or the final result of the WOE. Considering the previous expression one should
question whether Cm is affected by organism ecology. Two situations illustrate the influence
of animals in the bioaccumulation process. If one considers a bivalve inhabiting the upper
sediment layer, food and water are pumped by the siphons from the overlying water [124]. As
discussed above, the contaminant concentration in overlying water might be influenced by the
continuous diffusion mechanism between sediment and water, and by occasional oxidation of
particles transported from anoxic deeper layers to the sediment-water interface by the bivalve.
Contaminants can also be available in food, for instance, phytoplankton and
microphytobenthos suspended together with sediment particles during bioturbation.
Polychaetes, commonly used in sediment toxicity tests, burrow into the sediment and thus are
vigorous bioturbators [125]. Contaminant concentrations inside the burrows, consisting of
oxic sediments, might be compared to those observed in overlying water. However,
polychaetes ingest a large quantity of sediments, and contaminant concentrations in their
tissues may be more influenced by the available forms of the contaminants in the sediments,
than in their food per se. The intensity of these changes may vary with the contaminant
nature. For example, redox-sensitive metals tend to be mobilized during the process of
oxidation of metal sulphides in sediment, migrate in pore water, and are partially incorporated
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onto the iron and manganese oxides formed near the interface with overlying water. Metals
that form stable complexes in pore water will be more available to organisms than via water.
PAHs and PCBs are less affected by the oxidation of sediments associated with bioturbation
and irrigation, and due to their physico-chemical properties have a strong affinity for
organisms (lipids). These compounds may be rapidly incorporated in food and directly into
tissues under field or laboratory conditions.
The use of the CBR approach as part of a WOE assessment thus needs to be seen as a sum
of processes involving the sediment, the organism that is tested, and the interactions between
organism and sediment.

6.4 Contaminants that bioaccumulate.
The extent of the bioaccumulation of a contaminant depends on its concentration and on its
form in the sediments. The form of a chemical determines its availability to be
bioaceumulated. Only bioavailable chemicals can be accumulated by benthic organisms (and
aquatic organisms in general). Thus, bioavailability is defined as the extent to which a
determined chemical can be obtained (absorbed or adsorbed) by a living organism by active
(biological) and passive (physicochemical) processes.
There are two groups of chemicals that can bioaccumulate in benthic organisms: metals
and organic chemicals. Most inorganic chemicals other than metals do not accumulate in
biological tissues. For instance, ammonia is bioavailable but does not bioaccumulate in
organism tissues. Such substances rapidly penetrate the permeable tissue of benthic
organisms; however, they are not retained and are lost just as rapidly from those tissues by
diffusion, metabolic transformation or active transport. Their concentrations in tissues are
equal to or lower than those in the surrounding environment or they are regulated by the
organism at a particular level independent of concentrations in the environment.
6.4.1 Organic chemicals
The physicochemical forms of organic contaminants control their bioaccumulation.
Dissolved forms are much more bioavailable than organic contaminants present in complexes,
adsorbed, or solid form, Complexation of organic chemicals with natural dissolved organic
matter in water and in sediments decreases their bioavailability to benthic organisms. They
can be complexed with dissolved organic matter and colloids, and as micelles in water,
adsorbed on particle surfaces, and occluded in them. Particulate organic contaminants have
limited bioavailability (detailed information is provided in Chapters 2 and 4). For benthic
organisms, the major route for bioaccumulation of organic chemicals (especially non-polar
organic chemicals) is through the water surrounding the benthic system (overlying and pore
water).
6.4.2 Metals
Metals occur in different forms; not only their concentration but also different chemical
species, complexes, adsorbed and solid forms have a tremendous effect on metal
bioavailability and toxidty to benthic organisms. Diagenic reactions occurring under oxidized
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and reduced conditions may result in remobilisation of deposited metals to the overlying
waters or into sediment interstitial waters, from which they may be bioaccumulated by
benthic organisms. These reactions may also transform metals into more stable, immobile,
and non-bioavailable forms [126]. Metal speciation thus controls their bioavailability
(bioaccumulation and toxieity) - for more information, see Chapters 2 and 4.
Bioaccumulation of metals by benthic organisms is more complex than bioaccumulation of
organic contaminants because it involves physicochemical and biochemical processes. Once
inside organisms, essential metals can be regulated and both essential and non-essential
metals can form insoluble metal compounds and complexes via pinocytosis, endocytosis, and
phagocytosis in the gut and some permeable outer epithelia. Although these insoluble metals
have been accumulated, they have not been assimilated. Usually, they are inert and not readily
accumulated from food by predators. However, some of the metal in the tissues of
contaminated benthic organisms does remain available. Regoli and Orlando [127] pointed out
that lead-contaminated mussels (much of this lead in the form of insoluble metal granules),
fed to mice, resulted in increased lead concentrations in the blood, liver and kidney.
Previously described metallothioneins can contribute to the control of the intracellular
concentrations of the metals. For most essential metals tissue concentrations are regulated at
about constant concentration (over a wide range) in the benthic (and generally in the aquatic)
environment; thus, valid bioaccumulation factors cannot be estimated for these metals.
6.5 Selection of target species for bioaccumulation studies
The use of target species allows comparison of chemical residues among sites over a wide
geographic area. Differences in habitat, food preferences, and rate of contaminant uptake
among various benthos species make comparison of contaminant results within an
environment or among different environments difficult unless the contaminant data are from
the same species. It is virtually impossible to sample the same species at every site, within a
study area, due to the varying geographic distributions and environmental requirements of
each species. However, a limited number of species can be identified that are distributed
widely enough to allow for collection and comparison of contaminant data from many benthic
ecosystems. An aquatic organism must fulfil the following criteria before it can be used
directly for contaminant monitoring:
• It should accumulate the contaminant of interest at the concentrations present in the
environment without lethal toxic effects.
• There should be a simple correlation between the concentration of contaminant in the
organism and the average contaminant concentration in the benthic ecosystem or water body.
• Preferably, the organism should bioaccumulate the contaminant to a concentration high
enough to enable direct analysis of the tissues.
• It should be abundant in, and representative of, the benthic ecosystem or the water body.
• It should be easy to sample and survive for long enough in the laboratory to enable
studies of contaminant uptake to be performed.
• All the organisms used for comparison between sampling sites in a water body must
show the same correlation between their contaminant concentrations and those in the
surrounding ecosystem (benthic) at all locations studied, under all conditions.
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Suitable organisms are typically immobile, or at least unlikely to travel far, so that they
indicate the contaminant levels of the area in which they are collected rather than an area from
which they may have migrated. Both plants and animals have been found suitable in many
studies of metal, organic chemical and radioisotope contamination [128]. Fish are widely used
as they are at the top of the food chain (and hence may bioaccumulate high concentrations
from their food sources). As fish are often used as a human food source the results are directly
relevant to human health. However, the focus should be on fish that have limited mobility
relative to potential sources (e.g., contaminated sediments).
Three aims are achieved by using target species in screening studies. First, this approach
can cost-effectively compare contaminant concentrations in the aquatic system (waters,
sediments) and then prioritise sites where tissue contaminants exceed human health screening
values, hi this way, limited monitoring resources can be used to conduct intensive studies at
sites exhibiting the highest degree of tissue contamination. By re-sampling target species used
in the screening study and sampling additional size classes and additional target species, the
magnitude and geographic extent of contamination in species of commercial, recreational, or
subsistence value can be assessed. Second, the use of common target species among study
sites allows for more reliable comparisons of sampling information. Such information allows
for designing and evaluating contaminant monitoring programs more efficiently, which
should further minimize overall monitoring costs. Third, the use of a select group of benthic
species will allow for the development of a database for tracking the magnitude and
geographic extent of contamination, and will permit analyses of trends in contamination of
these species over time.
It cannot be overemphasized that final selection of target species will require the expertise
of site-specific experts in environmental and biological sciences with knowledge of local
characteristics and of species that best meet the selection criteria, and who have knowledge of
local human consumption patterns. Although, ideally, all species consumed from a given
aquatic ecosystem by the local population should be monitored, resource constraints may
dictate that only a few of the most frequently consumed species be sampled.
It is necessary to take some precautions when using biological material for chemical
analysis and specifically during final interpretation. Different natural processes (biological
and physicochemical) can affect the metabolism of organisms and their accumulation of
contaminants. As a result, the age and the related size and weight of each individual used are
important. Some organisms may accumulate contaminants throughout their life or only
throughout their growth period. Consequently, in some species, older organisms may be
expected to have higher concentrations of contaminants. Therefore, all organisms collected
for monitoring should be of a comparable size or a similar age (see above selection criteria).
In some invertebrates the gonads may form a substantial proportion of total body weight, and
this proportion may vary between males and females. When measuring whole body
contaminant concentrations it is, therefore, important that the sex of the organisms be taken
into consideration. The physiological condition of an organism may also affect
bioaccumulation. In preparation for reproduction, or as a result of starvation, body reserves
such as fats or starches may be redistributed or used up. This is particularly important when
contaminants are accumulated in certain tissue types only (e.g., organic chemicals in tissues
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with a high lipid content). Thus, the fitness and reproductive cycles of an organism, which are
in turn related to the season of the year, must be considered.
Before using organisms for biological monitoring, additional information should be taken
into account to determine whether the species of interest accumulate contaminants
preferentially in certain tissues. For example, some contaminants may be accumulated mainly
in organs such as the liver, kidney and hepatopancreas, or in the exoskeleton of invertebrates.
Persistent organic chemicals are frequently associated with tissues with a high lipid content.
Therefore, it may be more economic, and effective, to collect and analyse only specific
tissues.
Some organisms regulate, usually by excretion, particular elements when they are exposed
to levels in excess of normal body or environmental concentrations. As a result, correlations
between body concentrations and environmental concentrations which previously existed,
break down and the organism ceases to be useful as an indicator of environmental
concentrations. This can be tested in the laboratory if the relevant information cannot be
found in the published literature.
Samples of biological tissues for chemical analysis should be handled with the same high
degree of cleanliness as for other environmental samples, in order to avoid possible
contamination, and controls or special reference samples should also be analysed with each
batch of samples (see Chapter 4).
6.6. Sampling strategies and techniques
Analysis of biological data depends on an adequate sampling design and appropriate
numbers of samples. In general, the same descriptions in Chapter 3 and the beginning of this
chapter for site selection, sampling frequency and number of samples collected for monitoring
of sediment apply to biological assessments. Nevertheless, because many biological
communities are not randomly distributed, quantitative sampling may be difficult. The
distribution of the species or communities to be sampled must be considered. Preliminary
surveys may be essential to indicate the number of samples (for a given method) required for
a particular aquatic habitat, to achieve a certain degree of precision and confidence. As
described in the first part of this chapter, there are different techniques for correctly sampling
benthos in aquatic ecosystems. Most of these techniques are valid for the bioaccumulation
studies, although the protocols for pre-treatment of biological tissues are different depending
on the contaminant selected (see Chapter 4). If the final objective of the study is to derive a
CBR approach and to establish sediment-specific Tissue Quality Values (TQVs), tissues
should also be considered for synoptic analysis of chemical residues and sublethal endpoints
that permit linking both sets of data. It is not the aim of this chapter to discuss the different
protocols to conduct chemical, biochemical and biological analyses; detailed descriptions are
provided in Chapters 4 (chemical analysis) and 5 (biomarkers and other biological effect
measurements).
For environmental monitoring the presence of an appropriate reference site or area is
essential, in a similar water body unaffected by the contamination to be monitored. Methods
based on artificial substrates can be particularly useful for sites with restricted access or no
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suitable habitats or substrates, for the collection of test organisms. For example, mussels can
be enclosed in suspended or anchored cages and later collected and analysed for
bioaccumulation (and other measurements such as biomarkers). This approach has been
proposed by Martin-Diaz et al. [Ill] for monitoring the quality of dredged material and
sediments in different aquatic ecosystems (marine and estuarine) in Spain (Fig. 10).

Fig. 10. Photographs illustrating the process of anchorage for caged benthic organisms in two different
ports located in Spain (Huelva and Bay of Algeciras). Monitoring of bioaccumulation, biomarkers and
mortality measurements are conducted every 7 days during a total time of exposure of 28 days.
Regular sampling of biota to study bioaccumulation can also be useful for detecting any
critical build-up of contaminants in the environment that may lead to toxic effects in the biota.
This kind of biological monitoring can also be used to detect trends by repeating the same
type of sampling and analysis at regular intervals over a long time period. Benthic fauna data
and chemical analysis of tissues of the same species collected regularly from the same site are
particularly suitable methods for trend detection. However, particular care is required when
interpreting the results of ecological surveys, since repeated analysis of the species
composition from a given place may illustrate changes other than those directly caused by
changes in environmental quality. For example, changes may be related to natural fluctuations
in river discharge and exposure to light caused by climatic fluctuations [112]. hi addition,
unless great care is taken to select organisms at certain times of the year and at certain stages
of their life cycle (see selection criteria above), concentrations of contaminants in biota may
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reflect seasonal or annual dilution effects (i.e., wet and dry periods) of a fixed contaminant
input. Therefore, interpretation of effects on biota must be carried out in relation to all other
aspects of the water body under investigation.
7. USE OF CONTAMINANT BODY RESIDUES (GBR) IN WOE
Tissue residue-based sediment quality values provide practical tools for evaluating
sediment quality relative to the potential for bioaccumulation [129]. CBRs can define the
concentrations for individual chemicals or classes of chemicals in sediments that will not
result in unacceptable levels of those substances in the tissues of aquatic organisms. The first
step in their development involves the derivation or selection of an appropriate tissue residue
guideline (TRG) for the substance or substances under consideration. These TRGs may be
selected for the protection of human health, wildlife, or both, hi addition, relationships
between concentrations of contaminants in sediments and contaminant residues in aquatic
biota must be established, hi general, the necessary biota-to-sediment accumulation factors
(BSAFs) are determined from field studies or estimated using various modelling approaches.
CBRs are then used to derived residue-based SQGs by dividing the TRG by the BSAF
[129,130]. Residue-based SQGs are important tools for conducting sediment quality
assessments for several reasons. First and foremost, unlike other SQGs, tissue residue-based
SQGs explicitly consider potential for bioaccumulation and effects on higher trophic levels. In
addition, residue-based SQGs provide a basis for interpreting sediment chemistry data, in
terms of the potential for adverse effects on human health and wildlife. Such assessments
should be supported by direct measurements of contaminant concentrations in the tissues of
aquatic organisms and wildlife species to assure that actual hazards are identified. Further,
these chemical concentrations should be linked to sublethal biological effects. While
guidelines, so developed, would adequately address human health concerns, other components
of the ecosystem (e.g., fish-eating birds and mammals which have high daily consumption
rates of aquatic organisms) may not be adequately protected.
8. CONCLUSIONS
This chapter describes methods needed to correctly design, implement and report benthic
community studies, including the ancillary use of biomarkers and/or chemical biological
residue approaches as part of a WOE approach for integrated sediment quality assessment.
Guidance is provided regarding choices that must be made; such guidance is not intended to
be, nor can it be prescriptive. However, ignoring the guidance provided may result in data
whose utility and defensibility are questionable.
Collection of benthic samples begins with the correct sampling design, strategy and
techniques in order to collect representative samples, accounting for inherent (natural)
variability. The approaches used for sampling depend on the answers to three key, but specific
questions: What to sample? Where to sample? When and how to sample? With regard to these
questions, key issues include: organism size (which dictates sampler type, sampling design,
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and sieve size); and study objectives (which dictate the number and type of exposed and
reference sites).
Once samples have been collected, they must be processed. Subsampling is not
recommended but may be necessary, and guidelines are provided. Taxonomic identifications
require a high level of expertise and specific quality assurance/quality control (QA/QC)
procedures both during sample sorting and subsequent identifications.
Data analyses should typically involve both univariate and multivariate methods. Various
options are described, including graphical/distributional methods, and methods to link benthos
data with environmental information. Although a wide variety of approaches are possible and
reasonable, the use of diversity indices is not recommended because they provide inferior and
frequently deceptive information. The most powerful univariate measures are diversity per se,
abundance, and dominance.
In summary, benthos studies provide information as to whether or not there has been in situ
alteration, to assist in determining whether or not effects due to stressors have occurred. In
this regard, the benthos provides an integrated measure of all stressors on an aquatic
ecosystem and a historical record of past pollution levels. The use of WOE is necessary to
assist in determining causation and to separate out natural alteration from anthropogenic
alteration. Additional complementary or ancillary LOE described in this chapter include: the
use of bioaccumulation information to develop contaminant body residues (CBRs), which are
the threshold concentration of a substance in an organism that marks the transition between no
effect and an adverse effect; and biomarkers, specifically metallothioneins, mixed-function
oxidases (MFOs), and histopathology. Use of the benthos or these other LOE requires the
appropriate level of scientific expertise to ensure the validity of the information generated,
from initial sampling through to final data interpretation. In this regard, the methodologies
described in this chapter can and should be followed when conducting benthos assessments in
any aquatic environment.
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1. INTRODUCTION
The previous chapters have dealt with assessment of sediment quality using chemical,
biological and ecotoxicological monitoring techniques, with for example comparison to
benchmark sediment quality guidelines [1], While quantitative assessment of the immediate
ecological effects of sediment contamination is a complex issue, the risks posed over time are
even more difficult to assess. Mechanistic modelling of reactive transport of pollutants in bed
sediments and overlying water cart be used to predict the evolution of pollutant concentration
profiles in bed sediment solids, porewater, and the overlying water column. Modelling
provides a way forward:
• to verify the correctness and completeness of our understanding of the mechanisms for
pollutant behaviour, degradation and transport,
• to help define discharge criteria and cleanup limits for anthropogenic pollutants, based on
their behaviour in generic scenarios,
• to assess and compare the effects of different strategies for attenuation, mitigation or
remediation, on contamination, ecological effects and risk, and
• to support the implementation of sediment management strategies.
There is, in general, a need for greater recognition of modelling as an important tool in the
toolboxes of environmental scientists, engineers and regulators [2]. Modelling of pollutant
fate and behaviour in bed-sediment is essential for full integration of our understanding of
sediment processes in the general framework for sediment quality assessment, protection and
restoration, as represented in Fig. 1.
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Fig. 1. The role of pollutant fate and behaviour modelling in the sediment protection/restoration
framework.
Advances in computational power, and an improved understanding of the physical,
chemical and biological processes that occur in sediments have enabled important progress in
modelling of reactive transport in the past decade [3]. Discussion of the details of this work
could easily fill several volumes, and this chapter will only briefly review the most important
aspects in relation to bed-sediments. We begin with an overview of sediment composition
and structure, including a discussion of the association between pollutants and sediments.
Mechanisms and basic models for transfer of pollutants within sediments, and across the
sediment-water interface are then discussed, followed by the important chemical and
biological effects on pollutant fate. The final section discusses aspects of computer modelling
and compares current integrated models of pollutant fate and behaviour.
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2. SEDIMENT COMPOSITION AND STRUCTURE

2.1. Characteristics of natural sediments
Runoff contains suspended solid particles eroded from land surfaces and banks, including
organic matter and minerals, ranging in size from gravel, to sand, to silt and clay. Natural
organic matter includes leaf detritus in varying degrees of composition, humie and fulvic
acids, and pigments such as chlorophyll, as well as microorganisms; typical inorganic
components of sediments include clay minerals (e.g., kaolinite, illite, smectite, chlorite) and
other aluminosilicates (e.g., zeolites, quartz, feldspar, mica), calcium carbonate (e.g., calcite,
dolomite), and iron minerals (e.g., goethite, haematite, magnetite, siderite, marcasite, pyrite).
These particles are carried into surface waters, where they may remain as suspended sediment
in sufficiently high flow. Under low flow conditions, pavitational settling of suspended
particles takes place, to form bed-sediment at the bottom of the channel. Bed-sediments may
also arise from settling of solids formed by biological and geochemical processes that occur in
the body of water.
Depending on the hydrodynamic conditions, bed-sediments may form a relatively stable
layer, or be transported gradually downstream as bed load. Periods of bed-sediment stability
may alternate with periods of erosion or deposition, for example, due to seasonal changes in
flow conditions. In basins where bed-sediments are very stable, and deposition continues to
occur, dredging may be conducted to clear the channel. As this book is concerned primarily
with ecological effects, it is the conditions in relatively stable sediment beds that are of
interest, where the benthic environment constitutes the habitat of a unique part of the
ecosystem.
Bed-sediments are characterised by a layered structure, due to:
• the process of their formation, whereby successive layers of material may be deposited and
consolidated over time, leading to variations in sediment composition and porosity as a
function of depth. Much work has been undertaken to predict porosity profiles and
compaction in aquatic sediments, and a few often-used and well-validated equations have
been developed [4-6]. The most popular equation to model porosity, <p, at depth x, also
often used for reactive transport modelling [4,7], is the following:
<P = (P0-<PJ exp(-ax)+p.

(1)

where tpo and <px are the porosities at the sediment-water interface and at depth,
respectively, with a, an empirical attenuation constant. Several alternatives to this equation
exist (e.g., [5])
• control of oxygen transport from the sediment-water interface by slow diffusion of
dissolved oxygen in the sediment porewater, which limits growth of aerobic organisms to
the oxic region immediately below the interface,
• development of pH gradients, due to reaction of COa from mineralisation of organic matter
to form bicarbonate/carbonate and acid, or synthesis of organic acids by anaerobes in the
anoxic region; and
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• availability of light only at the sediment-water interface.
Thus, benthic fauna in the anoxic zone tend to be limited to anaerobic chemoheterotrophic
microorganisms, but the oxic layer hosts a range of organisms, ranging from bacteria and
algae to macroinvertebrates. Bed-sediments may also play a role in the life cycles of higher
organisms such as fish.
Microorganisms in the oxic layer may aggregate, and eventually form a biofilm, which
results in a reduction of bed-sediment porosity, due to the biomass itself, and secretion of
extracellular polymeric substances (EPS) by microorganisms binding to sediment particles.
When microorganism growth results in a reduction in permeability of a porous media, this
phenomenon is known as bioclogging [8-10]. Biofilm formation also increases contaminant
immobilisation by sorption, and biodegradation.
Burrowing and feeding activities of larger organisms can lead to mixing of the sediment
and porewater, known as bioturbation, or channelling and enhanced solute transport by
bioirrigation [11].
Fig. 2. shows a schematic diagram that summarises bed-sediment structure, together with
the processes that influence pollutant fate and behaviour. Fig. 3. shows examples of how
sediment characteristics vary as a function of depth in the sediment bed.
2.2. Associations of pollutants with sediments
Depending on the catchment characteristics, sediments derived from land surfaces may
include materials of anthropogenic, as well as natural, origin. Thus, soot and plastics may
comprise part of the organic matter in sediments derived from urbanised catchments, whereas
manure and artificial fertilisers may run off in agricultural catchments. These materials may
be considered pollutants and have an influence on bed-sediment processes, but there is also a
concern with trace anthropogenic contamination by metals from mining and urban sources,
radionuclides from nuclear fuel reprocessing, organotin anti-fouling agents from the shipping
industry, and organic compounds, including polyehlorinated biphenyls once used in
transformer oil, polyaromatic hydrocarbons (PAHs) from combustion processes, pesticides
washed from agricultural land, aqueous film-forming agents, flame retardants, and steroid
hormones, Pharmaceuticals and personal care products present in effluent from sewage
treatment plants [12].
Trace pollutants in bed-sediments have been shown to be associated mainly with fine
particles [13, 14]. Pollutants may be initially attached to suspended sediment, which may be
deposited to become part of the sediment bed, or become immobilised in the bed sediment
over time through contact with the overlying water [15,16].
The processes that determine pollutant fate and behaviour in bed-sediments are summarised
in Fig. 2. and discussed in the following sections. Processes that govern the exchange of
pollutants between the sediment particles and porewater are of crucial importance, since
pollutants in the porewater can be transported by diffusion (3.1) or advection (3.2) and are
generally more accessible to microorganisms, whereas those associated with the sediment
particles are relatively immobile, except by mixing of the solids. Thus, immobilisation of
pollutants by sorption to sediment particles is a significant factor influencing then- fate in bedsediments.
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Fig. 2. Overview of sediment structure and processes involved in the fete of pollutants in aquatic bedsediments
Sorption is dependent on the physico-chemical characteristics of the sorbate (i.e., pollutant)
as well as those of the sorbent (i.e., sediment particles), and solution (i.e., sediment porewater)
[17]. In the case of sediment particles, sorbent characteristics commonly considered to be of
importance include the content and type of organic matter, clay minerals, and iron and
manganese oxides, as well as the specific surface area of mineral particles and the cationexchange capacity. Therefore, sediment stratification, with associated changes in the physicochemical properties of the sediment particles and porewater with depth [18] will certainly
affect the fate of pollutants in bed-sediments.
For modelling purposes, sorption is often assumed to be governed by a constant and
instantaneous reversible distribution (or partition) coefficient,
r,=%L

(2)

where CJa/ is the pollutant concentration bound to sediment particles, and Cp is the
concentration in the porewater. The partition coefficient is sometimes normalised to the
fraction of organic matter, /OM, or carbon, foe, yielding a Kou and Koc, respectively [17, 19,
20]. Such partition coefficients may be calculated from octanol-water partition coefficients,
KQW (Kariekhoff, 1984), other soil or sediment properties [21], or pollutant characteristics,
such as solubility or functional groups on organic molecules, as reviewed by Doucette [22].
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Fig. 3. Example profiles of freshwater sediment characteristics as a function of depth (sediment
surface is at 0 mm): a) pH (in the absence of a biofilm), and dissolved oxygen in the presence/absence
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Whereas the octanol-water partition coefficient is commonly determined for organic
pollutants, Turner and Mawji also determined octanol-water partition coefficients for
aluminium, copper, manganese and lead, taking into account metal speciation, pH and the
presence of different potential organic ligands [23].
For a particular sediment-pollutant system, the partition coefficient, or also Freuhdlich or
Langmuir isotherm coefficients for nonlinear sorption isotherms, may also be determined
experimentally, usually in 24-h batch tests [19, 24]. However, it has been shown that as
contact time between pollutants and soil or sediment particles increases, significant further
sorption and/or desorption may be observed [25, 26]. Slow sorption, desorption, or
irreversible sorption processes have major implications for mobility and bioavailability of
organic pollutants in bed-sediment [27]. Thus, while results from 24-hour batch sorption
experiments are useful indicators of the affinity of specific pollutants to sediments, they may
not represent longer-term sorption phenomena that occur in bed-sediments adequately for
modelling purposes. Nevertheless, although extensive literature on slow and irreversible
sorption exists, these processes have generally not been accounted for in models of pollutant
movement in bed-sediment or across sediment capping layers [28-30].
For metals and other inorganic pollutants, geochemical equilibrium speciation models, such
as MINTEQ [31] or PHREEQCi [32], can be coupled with transport models to calculate their
speciation in sediment as a function of changing conditions with depth and time (e.g., [33]).
Since sorption and solubility of metal precipitates are pH dependent, sediment pH is a master
variable for determining speciation. Similarly, oxidation-reduction potential (EH) is a master
variable, since it controls the oxidation state of sulphur, which can form highly insoluble
metal sulphides, or more soluble metal sulphates, as well as other important reactions. Thus,
modelling of speciation of inorganic pollutants must take into account the significant
fluctuations in pH and oxidation-reduction potential that may occur with depth (see Fig. 3.a),
as a result of oxygen diffusion, algal photosynthesis, decomposition of organic matter, and
other phenomena.
Immobilisation of low concentrations of metals by sorption can often be effectively
modelled using a surface complexation approach, rather than a partition coefficient. At higher
concentrations, metals may form a precipitate if porewater its concentration exceeds the
saturation concentration with respect to a metal salt. Thus, precipitation of metal pollutants in
sediments is dependent on the porewater concentration of the metallic cation and the
concentrations of candidate anions with which it could form a precipitate, as well as the
solubility product constant of the metal salt. In the sedimentary environment, common
candidate anions include carbonate, hydroxide, sulphate and sulphide.
It should be noted that geochemical speciation modelling approaches assume
thermodynamic equilibrium. As was already discussed for sorption, the kinetics of
precipitation/dissolution reactions may not be instantaneous. Unfortunately, reaction kinetics
are difficult to take into account in contaminant fate and behaviour modelling because of our
incomplete understanding of this aspect, and this capability is therefore notably absent from
existing models.
Metal bioavailability is often calculated using either the free ion activity model (FIAM,
[34]) or biotic ligand model (BLM, [35]), based on rate-limited mass transport,
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adsorption/desorption, and metal-ligand dissociation/complexation. However, these models
may not adequately predict bioaccumulation and bioavailability in real environmental systems
as they can fail to account for competition from other species or temperature-dependence of
membrane permeability (e.g. for algae) [36].
Whereas the foregoing discussion has treated pollutants as either dissolved in porewater, or
adsorbed to or precipitated as solid phases, there is another possibility that may influence
pollutant transport. Pollutants may also adsorb to dissolved organic matter and colloids
present in porewater. Colloidal material with a size generally ranging from approximately 1
nm to 1 \im, is dispersed in porewater and exhibits a physical behaviour close to that of true
solutes. Colloids include metal oxides, humic substances, and EPS [37], and form a large
proportion of what is termed "dissolved" organic matter, although they are not truly
dissolved. Binding of hydrophobic pollutants to dissolved organic matter or colloids reduces
the apparent partition coefficient between sediment and porewater, by enhancing the apparent
porewater concentration. For example, Lee and co-workers [38] found that centrifugation did
not permit adequate separation of pyrethroids dissolved in sediment porewater from
pyrethroids associated with dissolved organic matter in porewater, leading to underestimation
of true partition coefficients. Mitra and Dickhut (1999) found that for a range of PAHs,
sorption to dissolved organic matter present in freshwater sediments was increasingly
significant with increasing PAH hydrophobicity [39]. As a result, log-log plots of measured
KQCS for PAHs in that sediment against their respective Kows values were non-linear.
Additionally, partitioning to DOC only accounted for part of the decrease in Koc values with
depth in the sediment [39]. The effect of pollutant sorption to DOC on the overall distribution
coefficient can be characterised by:
K

^ocfoc

where KDOC is the pollutant distribution coefficient between dissolved organic carbon (DOC)
and the porewater, and [DOC] is the dissolved organic carbon concentration.
Colloidal organic matter in bed-sediments originates from the decay of organic matter
through microbial activity during sediment diagenesis. This may produce concentration
gradients in sediment porewater (Valsaraj et al., 1996), providing a driving force for diffusion
of colloidal organic matter, and any associated pollutants, from the bed-sediment surface to
the water column or deeper sediment regions (3.1). Transport of colloids and associated
pollutants may also take place by advection (3.2). However, in certain case, colloidal-aided
transport of hydrophobic contaminants across an estuarine sediment-water interface was
found to be insignificant [40], or dependent on conditions such as pH, ionic strength and type
of electrolyte, which affect adsorption of colloids to sediment particles [41-44]. Importantly, it
seems that porewater DOC profiles may not be extrapolated from total organic carbon profiles
[41]. The effect of association to dissolved organic matter on pollutant movement in porous
media has also been shown for metals [44, 45]. Column experiments representing aquifer
conditions have shown that association/dissociation rate constants for metal-dissolved organic
matter complexes may need to be accounted for especially when reactions are slow compared
to water velocity [45]. Roy and Dzombak [44] observed deposition/filtration of colloid-
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associated phenanthrene and Ni2+ in the column, while porewater ionic strength appeared to
control this deposition or release in the column. Transport enhancement by negatively
charged colloids was also shown to be influenced by pH while an increase in colloidal
deposition was found to be correlated to Ni2+ concentration [44]. In the latter case, the authors
hypothesised that Ni2+ ions acted as a coagulant. Thus, it is apparent that colloids, both
organic and inorganic, may play an important role for the movement and fate of pollutants in
sediments, either facilitating or inhibiting transport depending on the conditions. However,
the quantification of their effects remains difficult owing to the many variables involved, and
problems with measurement of both colloids, and colloid-associated contaminants,
particularly in the field. More work on the characterisation of colloids and their effects is
needed in order to be able to incorporate their effects into models.

3. PHYSICAL PROCESSES IN BED SEDIMENTS

3.1. Pollutant transport by diffusion
When water flow through sediments and bioturbation are low or negligible, movement of
dissolved pollutants, into, out of, and within the bed-sediment is controlled by their molecular
diffusion in the sediment porewater, along a concentration gradient [24, 46]. As mentioned
above, organic matter and colloids may also be transported by diffusion, and may carry
associated pollutants with them [41]. Thus, pollutants present in the overlying water may
diffuse into bed-sediment porewater initially containing relatively lower pollutant
concentrations, or pollutants accumulated over time in bed-sediments may be released into
sediment porewater and diffuse into relatively uncontaminated overlying water. Transport by
diffusion is likely to be significant for chemicals with an affinity for the water phase, in
highly porous sediments, or for sediments below the bioturbation zone [47, 48].
Concentration profiles measured in bed-sediments in many experimental and field studies
have shown that the diffusive movement of organic pollutants in bed-sediment is mainly
retarded by sorption to sediment particles or biofilm and losses through degradation [19, 48,
49], This generally confirms sorption predicted by standard batch isotherm experiments. In
the last two decades, modelling of pollutant diffusion into, out of, and within bed-sediment, as
well as across sediment caps [29, 50], has generally been simplified to a uniform onedimensional system with constant sediment and pollutant characteristics at any one depth.
One-dimensional diffusion from a homogenous overlying water concentration in a direction x,
in time t, is described by Fick's second law [51]:

where DeJg- is the effective diffusion coefficient for the pollutant in sediment. The effective
diffusion coefficient can then be related to the molecular diffusion coefficient of the pollutant
in pure water, Dm, using an empirical equation incorporating a tortuosity factor, 9 3, which
describes the additional length a molecule has to travel between two points in the sediment
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owing to the presence of sediment particles along the path. A variety of empirical equations,
generally based on porosity, have been developed. A modified Weissberg relationship [4] has
been shown to give good agreement for a number of diffusion/porosity datasets:

<^JL=Ds_d%L =
dt

6

2

1

dx

D.

tfC^
2

l-Ln(<p )

dx2

Further, it is also possible to estimate molecular diffusivities for chemicals in water using
empirical formulae such as the Stokes-Einstein or Wilke-Chang equations. The former is
based on the radius of the molecule, and is therefore more appropriate for ions; the latter
requires the molar volume of a solute at its boiling point [52, 53], which may be calculated
using the LeBas method [54], and is accurate for large molecules in low-viscosity fluids.
Quite often, modelling of whole-sediment pollutant concentration-depth profiles in bedsediments is undertaken by finding an analytical solution to Equation 6 For example, results
from experimental studies of the diffusive transport of Aroclor 1242 from overlying water
into bed-sediments [20] were modelled analytically using an error function solution to
Equation 6, (with tortuosity defined as <p ~m based on diffusion in a semi-infinite medium. In
this case, and other more recent work [24, 55], the porosity and tortuosity of the sediment
were assumed constant with time and depth (i.e., no compaction). For the analytical solution
to be valid, the Aroclor 1242 concentration in the bulk water above the sediment was assumed
to be well-mixed, with negligible losses over time. Retardation of contaminants by sorption to
sediment particles was included by incorporating a partition coefficient in Equation 5:
BCP ^

dt

1

Dn B2CP

(6)

(l + Kj) 92 dx2

This partition coefficient was determined semi-empirically as:

log Kx = log Kow - 0.21

(8)

[17].
While this analytical model successfully predicted Aroclor 1242 concentration profiles in
sediments, an advantage of numerical over analytical modelling is the ability to vary
parameters with depth and time, which would otherwise result in very complex analytical
solutions. For example, Koelmans and co-workers observed significant differences in
porosity and organic matter content of bed-sediment with depth as a result of particle settling
and compaction, and therefore used numerical simulation to model carbendazim diffusion into
the bed-sediments [19]. The model assumed pollutant transport by molecular diffusion in
porewater, and included processes of sorption, degradation and bioturbation. Batch sorption
isotherm experiments were undertaken to obtain Freundlich isotherm coefficients normalised
to organic matter, to use in the model. This implied increased sorption at the top of the
sediment bed, where the organic matter content was higher, and lower sorption deeper in the
bed [18, 49], Interestingly, the molecular diffusion coefficient was successfully optimised,
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i.e., model best fit was obtained, by varying the sorption, degradation and bioturbation
parameters within realistic ranges [19]. Sensitivity analysis of the model parameters showed
that sorption and diffusion generally controlled the movement of carbendazim, with negligible
effects from degradation and bioturbation, owing to carbendazim toxieity.
More recently, diffusion of simazine and lindane from overlying water into bed-sediments
in flume experiments was modelled using a one-dimensional numerical model [18]. Rather
than assuming a constant pesticide concentration in the overlying water, pollutant diffusion
was based on temporal changes in overlying water concentration. In addition, similar porosity
profiles to those found by Koelmans were measured and then modelled using a power law
equation (see Fig. 3.b). As no partition coefficients for these pollutants were available for this
particular sediment system, molecular diffusion coefficients were calculated using the WilkeChang equation to allow the optimisation of organic matter-normalised partition coefficients.
While whole-sediment concentration profiles were successfully predicted by optimising
partition coefficients and degradation rates, the modelled and actual porewater concentration
profiles did not agree. Although a decrease in overlying water pollutant concentrations caused
their diffusion back into the bulk water, subsequent pollutant release from the sediment
particles was not observed in experiments. This was resolved by including an additional 1storder kinetic sorption term at the sediment surface, mimicking uptake by the biofikn, or along
the whole sediment profile, mimicking an organic matter-dependent irreversible sorption
process. The total amount bio-accumulated was then calculated and added to the final
sediment-sorbed concentration for the top layers of sediment.
Apparent pollutant immobilisation could also be the result of a mass transfer resistance
between stagnant and flowing bodies of water. None of the modelling cited above has
considered a boundary layer at the sediment/bulk water interface. As exemplified by
experiments on fluxes of phosphorus into bed-sediment [56], the transfer rate of chemicals
between an overlying moving body of water and stagnant water in the sediment is
predominantly governed by the water velocity above the sediment and the consequent
formation of a diffusion-limiting boundary layer above the sediment. When precise data on
water velocity close to the surface are available through the use of laser-Doppler velocimetry
[57], it is possible to obtain an approximate thickness value for such a diffusive boundary
layer.
3.2. Pollutant transport by advcction
Porewater flow, and associated transport of solutes and colloids, may result from
irregularities of the sediment surface or bed surface obstructions, and from hydraulic pressure
differences between surface and groundwater resources in the case of permeable sediments, as
well as waves and tidal flows (for estuarine and marine sediments) [58]. Advective fluxes in
bed-sediments may also result from turbulent flow over the sediment. A dimensionless
parameter called the hydrological Peclet number may be used to estimate the relative
importance of advective transport/ hydrodynamic dispersion versus molecular diffusion, i.e.,
provide guidance as to when it is appropriate to neglect advective effects [29].
Advection may be characterised by a seepage velocity proportional to the pressure gradient
and permeability of the permeable sediment, according to Darcy's law [58,59]:
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where, up is the porewater velocity, k the sediment permeability, p the water density, ft the
water viscosity, dp/dx the spatial pressure gradient, and g the acceleration due to gravity.
Assuming uniformity of the sediment and porewater incompressibility, the equation above
leads to [60]:
dx2

g

&

(10)

Hutchinson and Webster applied this theory to understanding the observed increase in
dissolved oxygen penetration into bed-sediments created by a half-buried stone in sandy
sediments and resolved this equation via a numerical model of advection/diffusion [60]. The
amount of oxygen penetrating the bed-sediment was shown to double owing to advective
fluxes with possible implications for organic matter mineralization and turn-over.
While most of the studies of colloidal transport of pollutants in porous media (groundwater)
have focused on column transport of dissolved organic matter and colloid diffusion out of
bed-sediment under non-turbulent conditions, the movement of colloids between overlying
and porewaters in streams, owing to turbulent bedform-induced advective pumping effects,
has also received attention [61-63]. Ren and Packman showed that these porewater fluxes
were important processes for the filtration of small colloids in streams. A colloidal pumping
model was developed to interpret and predict the filtration and mass transfer of colloids from
the overlying solution to the sediment bed. It uses a sinusoidal expression to characterise the
flow field (longitudinally and with depth) and porewater velocity in the sediment bed.
Further, it takes into account settling for colloids under the influence of gravity (using Stokes'
law). Numerical simulations including Freundlich parameters to model pollutant sorption
revealed that, for low colloid filtration and high pollutant sorption to colloids, transport of
pollutants across the sediment surface was enhanced while under more efficient filtration of
colloids, pollutant movement is significantly reduced [61]. Thus, while colloids may be
transported by porewater advection in the same way as solutes, they may be filtered out by
interaction with the porous medium. Aluminium and iron migration were also reduced by
filtration of their metal hydroxide colloids in a column experiment [45].
Both advection and diffusion may be reduced by bioclogging, which reduces both porosity
and hydraulic conductivity. This phenomenon has been taken into account in some modelling
[64, 65]. However, more work needs to be conducted on this subject, as the full extent of
biofilm interactions with contaminants are not yet well understood.
3.3. Sedimentation and erosion processes
As sediment deposition and erosion are inherent to the dynamic flow conditions typical of
most overlying waters, modelling of bed-sediment processes must include these processes.
Sediment deposition rates in aquatic environments can often be evaluated using sediment
dating techniques involving isotopic analysis, e.g. analysis of 137Cs and 210Pb depth profiles
[13, 66], and both deposition and erosion rates can be estimated using sediment
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hydrodynamics model. The upward or downward shift in the sediment-water interface
resulting from deposition/erosion can be represented as a velocity term [67, 68] in differential
equations for the solid phase (i.e., analogous to an advective porewater flux in the differential
equations describing the transport of water). This approach was developed to understand the
processes responsible for concentration-depth profiles of the sediment-bound (pp1dichlorodiphenyl) dichloroethylene (pp'-DDE) in a contaminated sediments layer of the Palos
Verdes shelf [69]. This solid phase-based model incorporates a particle biodiffusion term, a
particle burial velocity term (positive for sediment deposition or negative for resuspension)
and two first-order rate constants representing losses through degradation and pollutant
desorption into porewater and subsequent release into the overlying water. This corresponds
to Equation 16 (section 4.1.2) with right-hand side terms being particle mixing throughout the
bioturbated zone, particle burial and pollutant losses respectively [4]. As pollutant losses by
diffusion out of the sediment and particle mixing are restricted to the layer below the
sediment-water interface and to the bioturbated layer respectively, burial velocity and
contaminated sediment moving out of these active layers played a critical role in the observed
and predicted profiles [69]. Sediment disturbance during floods and high flows have the
ability to bring in contact anoxic contaminated sediments with oxic overlying water, where
changes in pH or redox potential may significantly alter pollutant sorption, speciation or
degradation [70].
Because deposition also results in sediment compaction, porosity changes with depth and
time need to be accounted for (2.1; [5, 68]). Compaction will also force porewater out of the
sediment Centrifugation is a means to investigate this process in experiments over hours and
days rather than the years actually required for sediment to accumulate and compact, and has
been used to investigate the effect of capping aquatic sediment with a layer of fine-grained
sediments [71]. However, while this methodology reduces compaction time, it does not take
into account effects of the kinetics of immobilisation reactions. Research on the effects of
biological activity on deposition and erosion of sediment particles in the marine environment
has been reviewed [72].
4. CHEMICAL AND BIOLOGICAL EFFECTS ON POLLUTANT FATE AND
BEHAVIOUR
4.1. Bioturbation
Bioturbation is the movement of bed-sediment particles or porewater, or both, driven by
bottom-dwelling organisms, which influences the transport of sediment-bound pollutants, or
alters pollutant fluxes in porewater or across the sediment-water interface [73]. As extensively
reviewed by [13], benthic activity through feeding, burrowing, excavating or irrigation alters
bed-sediment physico-chemical characteristics in the top layer. Experiments have shown an
increase in the release of dibenzofuran, phenanthrene and pyrene from bed-sediment under the
influence of freshwater Tubificid oligochaete worms [74]. Hypoxic conditions resulted in
higher worm activity closer to the surface and significant increases in pollutant fluxes. Other
work, however, did not show significant enhancement of pollutant fluxes by oligochaete
worms [75], although reduced bioturbation in intertidal sediments was shown to increase the
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resistance of the bed-sediment to erosion, which would be expected to affect the release of
particle-bound micro-organics [76]. This section will review quantitative representations of
the effects of porewater and sediment movement due to bioturbation on transport of pollutants
within the bed-sediment, and on the exchange of pollutants between the overlying water and
bed-sediment.
4.1.1. Porewater bioturbation
Different models for transport of solutes in porewater due to bioturbation have been
developed depending on the type of organism activity, and may be classified into four major
categories (Fig. 4.):
The first class involves modelling the effect of benthic fauna by applying a single enhanced
vertical diffusion coefficient (Fig. 4.a) in the bioturbated zone [11, 77-79]. This macroscopic
description of the phenomenon is perfectly suited to situations where pollutant transport
would otherwise be governed by molecular diffusion. In the case of non-reactive and nonsorbing species, these models may be generally described by Fick's second law, i.e., Equation
4, with Db replacing Deff.
Similarly, biopumping models (Fig. 4.b) are a simplified means of representing biologically
mediated advective fluxes in the sediment as a macroscopic phenomenon, resulting from
complex processes occurring at the sediment-water interface and within the active zone [80],
such as the stratification of the bioturbated zone and the formation and irrigation of burrows.
These advective processes may be predominant in coarse-grained sediments. Bio-advective
fluxes of Br" tracer in porewater by lugworms in sandy sediments have been successfully
modelled by a pumping rate [81].

* non-local
exchange
Fig. 4. Schematic diagrams (adapted from [80]) and resulting concentration profiles for a non-reactive
or polar solute for (a) enhanced diffusion (biodifrusion coefficient Da), (b) bio-irrigation (bioturbationdriven advection, Kg), (c) the cylindrical diffusion model with r/ and r2 the hollow burrow cylinder and
the radius of each microenvironment, respectively and (d) non-local exchange transport model based
on a depth- and time-dependent mass transfer coefficient, rj (x,t).
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Burrows are the main focus of cylindrical diffusion models [79]. Here, the bioturbated zone
is made of a large number of burrows excavated by a single tube-building benthic species
(such as chironomids), each of these burrows representing a micro-environment. It is assumed
here that a single micro-environment is a realistic description of homogenous stratified
sediment composed of many micro-environments (Fig. 4.c). The conservation equation in
[80] for a solute is given by:

where D ^ i s its diffusion coefficient in the sediment, r the radial space coordinate centered at
the burrow axis (with rj and r^ the hollow burrow cylinder and the radius of each
mieroenvironment, respectively). In this model, it is assumed that solute concentration at the
surface of burrow walls is equal to that at the overlying water-burrow interface. Below the
average burrow depth, it is assumed that transport is by diffusion in the sediment.
Finally, non-local solute exchange models [80, 82, 83] are based on the addition of a source
or sink term rj(x, i) representing the transport of solute from two nonadjacent zones in the
sediment (Fig. 4.d), to the one-dimensional diffusion of solute in sediment. The coefficient r\
describes the mass transfer between two solute pools at different depth. This model may be
used to characterise processes such as exchange between discreet or non-adjacent solute pools
at depth in the sediment with the overlying water, [77]. r\ (x,t) may be modelled as a firstorder mass transfer rate constant such as;
(12)
where Cp and Cy are the solute concentrations in the reworked porewater (e.g., burrow) and
in the overlying water. For a non-reactive solute, this term may then be incorporated into a
more general fluid-phase transport equation:

^

^
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w
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+

YJR

(13)

These models applied to ^Na transport in sediment under bioturbation by a freshwater
Oligochaete, Branchiura sowerbyi, revealed the appropriateness of the enhanced diffusion
model while both the cylindrical diffusion and non-local exchange models generally
overestimated the depth of diffusion of the tracer [77]. While this model is relatively easy to
implement, it requires the determination of JJ cannot be easily obtained.
4.1.2, Sediment particle movement
While models described above are generally suitable for dissolved pollutants, the
movement of sediment particles will be a crucial factor in the fate of particle-bound
pollutants. Thibodeaux and Bierman [73] hypothesised that pollutant release from bedsediments resulted from the bioturbation-driven movement of particle-bound pollutants
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towards the sediment surface, with subsequent desorption of pollutants from particles into the
overlying water under a favourable concentration gradient between low Cw and higher Cp. A
sediment-to-water mass transfer coefficient K/ was calculated from field-measured steadystate flux, N, and porewater and overlying water concentrations of the pollutant under study:
N = Kf(CP-Cw)
(14)
Kf values measured for 2-chlorobiphenyl and 2-tetrachorobiphenyl in the Upper Hudson
River ranged from 1 to 5 and 4 to 40 cm/d, respectively. A mass transfer coefficient based on
the water-side and sediment-side bioturbation-driven transfer coefficients may be calculated
for incorporation into pollutant fate models using the following expression [73]:
K

l
P

\

|
D

b,

with 0 the water-side mass transfer coefficient (may be dependent on diffusive layer
thickness), h the depth of the bioturbated layer, Dt]Sed a bio-diffusion coefficient applied to
sediment particles rather than porewaters and ps the sediment density. This biodiffusion
coefficient represents the movement of sediment particle-bound pollutants toward the
sediment surface caused by bioturbation. These parameters tend to be specific to a particular
aquatic sediment system.
Matisoff et al. [78] used a particle-bound tracer to investigate particle mixing by Tubiflcids
in lake sediment. Layers of radio-labelled and unlabelled sediment were alternately left to
settle in microcosms with various organisms. Biological diffusive mixing, feeding rates (i.e.,
pollutant uptake by feeding), and sedimentation and particle burial rates were measured.
Observed particle movement was analysed using a model similar to the enhanced porewater
mixing and non-local porewater exchange models presented above [84]. The conservation
equation governing the movement of sediment particles was:

with oa the sedimentation rate ,and y(x) the depth-dependent organism feeding rate. The
removal of particle-bound tracer from deeper layers and deposition at the sediment surface is
an example of non-local particle exchange; however the model in the present form did not
account for particle-bound tracer re-deposition at the sediment surface. It was found that
Db.sed was strongly depth-dependent; Db,sed and y increased with increasing Tubificid density,
and the worms preferentially fed on the small-size illite particles to which the tracer was
associated. Other studies with chironomids and mayfly nymph also showed the suitability of
using biodiffusion coefficients and non-local sediment particle exchange models to
characterise particle-bound contaminant movement induced by these burrow-irrigators [78].
A radically different approach consists of using Levy flight-random walks to model the
food-search by macro-organisms in the sediment [85, 86]. In addition to being successful in
modelling contaminant concentration profiles under the influence of macroorganism foraging,
this also has the advantage of being more representative of benthic macro-invertebrate
behaviour.
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4.2. Pollutant degradation
Whereas the speciation and mobility of inorganic pollutants in bed-sediments may change
according to the chemical environment provided by the sediment (2.2), organic compounds
are additionally subject to abiotic and biotic degradation. An review of literature on
degradation reactions and rates for a number of chemicals in many aquatic situations provides
additional details to those given in the following section [13, 87, 88].
Variations in O2 content, concentrations in electron-donor or acceptor species (e.g. Fe(III),
Mn(III) and (IV) oxides), highly-reactive species (e.g. iron porphyrins, hydroxyl radicals or
quinoid-type compounds), redox (EH) and pH conditions, as a function of depth in the bedsediment, will affect both chemical and microbially-facilitated transformation/degradation of
organic compounds [87]. Work by Vink and co-workers illustrated the effect of redox
conditions, aerobic, anoxic or anaerobic soil or sediment on transformation rates of certain
pesticides, with more rapid degradation of aldicarb, aldicarb sulfoxide and aldicarb sulfone in
anaerobic lake sediments. Correspondingly, simazine, mecoprop or MCPA were found to be
more persistent under anaerobic conditions with fastest transformation occurring in the
aerobic soil [89]. hi addition, sorption of 2,2',4,4'-tetrachlorobiphenyl to estuarine sediments
and dissolved organic matter in porewater was shown to be influenced by aeration of the
sediment [40].
The presence of dissimilar bacterial communities along the dissolved oxygen concentration
gradient [90] in bed-sediments, including formation of a biofilm at the sediment-water
interface, may result in differential degradation of pollutants, through heterotrophic microbial
metabolism (use of the pollutant as carbon substrate), co-metabolism, or
polymerisation/conjugation (inclusion into organic matter), or uptake into cells [13], Transfer
of pollutants to microorganisms or reactive zones may be the rate-limiting step in degradation.
For example, numerical modelling of nitrobenzene degradation at the surface of iron particles
in sand (column experiments) showed that it was possible to characterise decay by a pseudo
first-order degradation rate. However, an equilibrium sorption condition could not be
assumed, as nitrobenzene had to diffuse through sand particles to access iron particles before
degradation could occur [91].
Unless abiotic and biotic degradation pathways are well-understood, and the sediment-bed
is microscopically homogenous, it remains difficult to model pollutant decay mechanistically.
Consistently, modelling has been undertaken by applying or optimising lst-order degradation
rates for the sediment-bed [19,20,28,29]. Differential degradation in oxic and anoxic layers
of bed-sediments, as shown by Vink and van der Zee [89], was shown to improve the
agreement between modelled and observed whole-sediment and porewater concentrations in
bed-sediment for lindane [18]. Numerical modelling allowed optimisation of two 1st orderreaction rates for different layers of sediment. However, it was then difficult to distinguish
between degradation and more complex sorption processes. Depth-dependent biodegradation
rates included in models for pollutant movement in dual-permeability porous media by Ray et
al. also significantly affected concentration profiles and predicted depth reached by pesticides
[92]. Gonzalez and co-workers developed an analytically-solved model to simulate first-order
degradation of parent and metabolite compounds in a single compartment, e.g., soil, sediment
or water [93]. While such a model might help to compare degradation routes for pesticides
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and their metabolites in different compartments, it does mean that all possible pathways,
major metabolites as well as mass balances need to be known.
4.3. Biofilm activity at the sediment surface
While organisms are found even at depth in bed-sediment, biological activity is usually
most intense at the sediment-water interface, often with a multiplicity of species contributing
to formation of a biofilm, with significant impact on pollutant sorption, uptake and
degradation, as well as bed-sediment physical characteristics, including porosity and shear
strength. Most work to examine the effects of biofilm on the fate of pollutants is relatively
recent.
Past work focused on the effect on nutrient fluxes in and out of bed-sediments [94-96],
which may be helpful in considering pollutant behaviour. For example, the presence of a
biofilm comprising diatoms, green algae, and cyanobacterial filaments at the surface of
freshwater sediments at the surface of freshwater sediments was shown to influence the
concentration in the overlaying bulk water for species such as calcium and phosphorus [96].
Profiles of dissolved silicon (see Fig. 3.d) in freshwater sediment were the result of
dissolution in deeper sediment following first-order kinetics, diffusion in porewater following
a concentration gradient and release into the bulk solution or uptake by a surface biofilm [9597], depending on diatom cell density and Monod kinetics for cell growth [95, 96].
Partitioning of monomethyl mercury between water and green algae was investigated with
Freundlich isotherm experiments or a flow through system yielding the determination of
significant plankton/water MeHg partition coefficients of ~6.6 [98]. Zinc bioaccumulation by
periphyton was observed to be controlled by Zn2+ concentration as predicted by the free ion
activity model [99]. In the same study, however, copper uptake appeared to be governed by
weakly complexed copper, contradicting the FIAM model. Limited diffusion of free copper
ions owing to very low concentrations was responsible for this divergence from the FIAM
model.
In packed-bed reactor experiments, the sorption of surrogate compounds of organic matter
to bacterial biofilm was observed to increase with decreasing sorbate size and was lower for
negatively charged molecules [100]. It was postulated that it was more difficult for larger
molecules to diffuse within the porous architecture of the biofilm, and that the generally
negatively-charged biofilm surface tended to repel anions. Headley and co-workers
investigated the sorption of a range of micro-organic pollutants to a mature bacterial biofilm
grown in a bioreactor fed with natural river water [101]. Inlet-outlet depletion rates following
pseudo-first-order kinetics were used to calculate sorption rate constants and partition
coefficients that correlated well to the compounds' hydrophobicities (Log Kow)Modelling of the uptake of persistent organic pollutants (POPs) by bacteria and
phytoplankton [102] was based on the diffusive transport of the molecules between water and
microorganisms across the boundary layer around the cell and through the cell membrane.
Water- and phytoplankton-side membrane concentrations were assumed to be in equilibrium
leading to a constant bioconcentration factor, BCF. This BCF was also assumed to be the ratio
of the uptake rate constant and the sum of the first-order depuration, metabolism and
phytoplankton growth rate constants. Linear relationships were found between log BCF and
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log Kow for a wide range of POPs. In addition, the logarithm of permeability, P (ratio of
uptake rate constant by the specific surface area of phytoplankton) was also linearly correlated
to log KowWhile this modelling assumed minor losses through metabolism owing to recalcitrance of
POPs to degradation, a vital aspect of biofums is their capacity for degradation of a wide
range of organic pollutants, e.g., metabolism of lindane by cyanobacteria Anabaena sp. and
Nostoc ellipsosporum [103], or of the pharmaceutical ibuprofen and anionic surfactant by
river biofilms grown in reactors [104,105]. The modelling of biofilm activity has mainly been
concerned with organic matter decay and processes such as (de)nitrification by heterotrophic
microorganisms. Steady-state diffusion and removal of substrate into biofilms may be
described as:
d2C

r

-uXv

where C is the substrate concentration, D is the diffusion coefficient for the substrate and r is
the zero-order removal rate for the bacterial species with concentration X with pi the specific
bacterial growth rate and v a stoichiometric coefficient for the organic matter decay reaction
[106].
Boeije et al. successfully predicted the biodegradation of linear alkylbenzene sulphonate
(LAS) in river biofilm accounting for degradation in bulk water and within biofilm using a
model adapted from a trickling filter bed model [107, 108]. The model demonstrated a
significant effect of the biofilm on biodegradation and was validated with data from an
artificial stream system and a field study. It is likely that interaction of heterotrophic and
autotrophic microorganisms in all these systems will significantly affect metabolism and
pollutant sorption and degradation [109]. The diffusion of the synthetic pyrethroid insecticide
permethrin into the sediment bed appeared to have been limited by the high sorption in the
algal biofilm and higher losses of the trans isomer may have also resulted from this surficial
biological activity [49].
As mentioned earlier, biofilms in aquatic environments are a complex mixture of
auto/hetero-trophic species that attach to surfaces or sediment particles, generally by secreting
EPS [110]. While in most cases previously cited, EPS may have contributed as an additional
phase for sorption processes, colloidal EPS may affect pollutant transport in bed-sediment
pores. EPS extracted from various bacteria was observed to significantly increase the
movement of lindane during sandy column experiments by increased sorption to EPS
compared to sandy matrices [111]. In aquatic bed-sediments, EPS may be generated at the
sediment surface and will either be transferred into bulk solution or diffuse along
concentration gradients in the sediment-bed. However more work in this area is required.
Biofilms may also have indirect effects on pollutant fate and behaviour. Oxygenproduction through photosynthesis in algal biofilm during daylight is responsible for
fluctuations in pH, dissolved oxygen penetration depth or redox conditions [95, 96], which
can affect pollutant degradation (e.g., [40, 89]; see also 4.2). Furthermore, biofilms may alter
the shear strength of the sediment, and thereby affect erosion.
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5. FROM MECHANISMS TO MODELS FOR RESEARCH SCIENTISTS AND
ENVIRONMENTAL MANAGERS

5.1. Introduction
As described in Fig, 1., modelling of pollutant fate in bed-sediments may be suited to a
range of tasks within a sediment quality restoration and protection framework. It can be used
to understand processes involved in pollutant mobilisation in aquatic environments, in order
to assist optimisation of remediation methods (e.g., dredging, capping or monitored natural
recovery). In addition, it can be used to target and optimise sampling programmes, and
alongside biologieal/ecotoxicological monitoring techniques to assess the efficacy of
remediation technologies or long-term improvement in sediment quality. Modelling tools may
also be used in the initial risk assessment of novel classes of chemicals or emerging
pollutants.
Whether models are applied to assess fluxes across the sediment-water interface or
pollutant depth profiles, model complexity and reliability need to be commensurate with the
objectives. A model used to help develop a rigorous scientific understanding of the
mechanisms responsible for contaminant fate and behaviour may be highly complex, taking
many processes into consideration, but model transparency, clarity of the output and
reliability may be more important than complexity for a model used in decision-making [112].
For decision-making, a worst-case scenario approach may be undertaken.
Whereas the preceeding sections have summarised basic mechanisms and models of
physical, chemical and biological phenomena that determine the fate of pollutants in
sediments, the following sections discuss developments in integrated modelling of these
phenomena.
5.2. Numerical Modelling
While the differential equations developed to describe individual reaction or transport
mechanisms, or simple combinations of a small number of mechanisms, can generally be
solved analytically, the systems of differential equations that result when integrating different
phenomena to model a more complex situation generally require a numerical solution to be
adopted. This then requires choices to be made about the programming paradigm, and the
programming language.
5.2,1. Programming Paradigms
For a model with application to a single scenario, it may be more efficient to develop a
procedural programme, which is composed of sequential modules. However, if it is desired to
implement changes to their functionality, procedural programs require extensive reworking of
their code. Object-oriented programming [33, 113, 114] offers the advantage of dividing the
functionality of the model into separate processing elements that can be individually altered,
and combined as desired. This allows greater flexibility for application, modification and
extension with minimal additional expenditure (Fig. 5.).
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Fig. 5. Cost vs. complexity of numerical model with object-oriented (OOA) and procedural
approaches (PA).

5.2.2. Programming languages
The choice of a programming language for numerical models depends on user/developer
knowledge, but also on the paradigm used and the level of computation required. Because of
its long history of use in scientific and engineering applications, the Fortran programming
language is the most common for modelling of reactive transport in bed-sediments. Whereas
Fortran77 was not suited to an object-oriented approach, Fortran90 and its large number of
available functions, has increased applicability. C++ is an extremely powerful object-oriented
language, which has become dominant in scientific computing. Java is also ideal for an
object-oriented approach, is easier to programme than C++ and is platform independent, but is
slower and has suffered from an absence of numerical libraries, although this situation is
gradually improving. It is also possible to use MATLAB to investigate concentration-depth
profiles in bed-sediments

5.2.3. Model Complexity
It remains crucial that a fit-for-purpose model is selected or designed for the task to be
accomplished. As a simplistic model with too few parameters may not truly represent
processes occurring in the sediment, resulting in wide variation between observed and
predicted concentration profiles or fluxes, it is tempting to increase the model complexity.
However, this approach also has pitfalls [115]. It is clear that building a model with many
more parameters than available data will increase the potential for an unreliable prediction, as
additional parameters will need to be approximated or extrapolated [112]. Laboratory and
field experimentation may be necessary to obtain the data necessary to calibrate models of
increased complexity, resulting in additional expense.
Lab-scale concentration-depth profiles in sediments to understand natural physico-chemical
processes usually present a very fine resolution compared to field data. This needs accounting
for during model parameterisation (e.g., the number of nodes or sediment division). In
addition, it is important to know how data was collected and how representative of the system
it is in order to obtain more useful information from the modelling procedure. The conception
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of a model and its parameterisation need to rely on the type of information provided by
sampling and in-situ monitoring [116].

5.2,4, Model Verification and Validation
The output of a model needs to be verified to be sure that the programme is performing the
intended calculations, and compared with actual data to assess the validity of the simulation.
Model verification can be conducted by comparing output from simple cases involving a
limited number of reaction and transport processes with analytical solutions. For model
validation, data from laboratory or field experiments is required. Thus, availability of data is
an issue for model validation as it is for model calibration.

5.2.5. Model Sensitivity Analysis
Sensitivity analysis is undertaken to assess the effect of individual input parameters on the
model output. A parameter is varied between two relevant min/max values and its effect on
the output data determined [19], In this way, variables and processes with a high impact on
the output can be identified.
The use of Monte Carlo simulation techniques, which allow determination of a probabilistic
output distribution on the basis of the probabilistic distribution of the input variables, is
becoming more common [117,118]. In order to use this procedure, the mean and distribution
of input variables needs to be estimated as accurately as possible.
Another method valid for linear compartmental systems, presented by Walcher et al. [119]
consists of using lower and upper estimates of model inputs, introducing inequalities into the
differential equations [119].
5.3. Integrated Models of Pollutant Fate and Transport
This section provides an overview of recent models developed to assess pollutant fate and
transport often used to interpret field and laboratory-based studies, including models
developed for bed-sediments, and relevant examples from other fields. The characteristics of
these models are summarised in Table 1.
The field of reactive transport modelling to understand early diagenesis and inorganic
species movement in bed-sediments is very active. Models such as CANDY [120] allow
calculation of one-dimensional concentration-depth profiles for a large number of species in
marine sediments. This numerical model was written in Fortran77 with a process-oriented
computer code [113]. As explained by Meysman [114], though the model is impressive, it
lack flexibility to include extra transport and reaction processes, or to expand it to more
species. On the other hand, the more recent one-dimensional reactive transport model,
MEDIA, by Meysman [33] uses an object-oriented approach to compute solute transport and
reaction. Sets of reactions are chosen, with control by an equilibrium or reaction kinetics, with
the possibility of extension to more species. After choosing relevant transport processes, the
system of partial differential equations is then compiled before runtime. Certain input data
(porosity, number of nodes in the vertical and distances between nodes) can be defined and
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parameterised by the user (see Table 8.1). HYTEC is another example of the object-oriented
approach, this time applied to pollutant movement in groundwater [121]. The model part of
platform developed in C++, Fortran and Java, can be used for one-, two- and threedimensional modelling of pollutant movement. Rather than combining the transport and
reaction equations before runtime [33], HYTEC uses parallel computing in an iterative
approach where the transport equation is resolved for time t and concentrations are fed into
the reaction equations (also including effects on porosity owing to precipitation/dissolution
processes). The transport equation is then updated and the system is checked for convergence.
If convergence is found, the process is repeated for the next time step. Using either finiteelements and finite-volumes methods, the HYTEC program was written in Fortran and C++,
respectively.
RECOVERY, a model developed by the US Army Corps of Engineers, is based on linear
reversible sorption to characterise pollutant sorption in aquatic bed-sediments [28]. Transport
processes included are molecular diffusion, burial, sediment deposition and erosion, and
bioturbation. Numerical modelling is used to resolve a system of ordinary differential
equations (ODE) applied to concentration changes in the bulk water. Once these temporal
changes in concentration are computed, they are used as boundary conditions for fluxes of
pollutants across the sediment-water interface. With a similar purpose a MATLAB numerical
model was developed with a web-based fhttp://cappinp.hsrc.lsu.edu/htm/input.htm) userfriendly interface to predict pollutant flux reduction through containment with sediment caps.
It allows testing of capping designs to reduce pollutant fluxes towards bulk water with the
possibility to vary cap characteristics and pollutant/sediment physico-chemical properties.
This work was based on the earlier development of the much more rigid analytical model to
predict concentration profiles in bed-sediments ([20], see also 3.1).
Several different procedural models were also developed procedural by Allan et al. [18, 94,
97] to simulate various sorption and degradation characteristics, e.g. irreversible sorption,
uptake by the biofilm or differential degradation in oxic/anoxic compartment of the sediment
bed.
In summary, very few models to simulate pollutant fate in bed-sediments are presently
available and generally lack the level of computing that has been achieved in other fields, e.g.,
an object-oriented approach, one-, two-, and three-dimensional modelling, flexibility of
parameterisation of various input/output data, or use of a probabilistic approach. While
models from other fields may be adaptable for application to bed-sediments, they lack all
processes involved with the sediment-water interface (e.g., biofilm, DBL, or oxic/anoxic
layers) and depth-dependent sediment characteristics. Much remains to be done in this field.
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6. CONCLUSIONS
A review of physical, chemical and biological processes responsible for pollutant transport
and reaction in bed-sediment has identified a number of significant mechanisms. Bedsediments exhibit a layered structure, which can be represented in modelling by compartments
with different physical and chemical characteristics as a function of depth from the surface.
Partitioning of pollutants between the sediment particles and porewater is determined by
sorption or precipitation. While the former is often described by linear or non-linear
isotherms and the latter by geochemical equilibrium, reaction kinetics play a role that has
been commonly neglected in existing models. Transfer of pollutants across the sedimentwater interface and within the sediment-bed is controlled by diffusion or advection of
pollutants dissolved in the porewater, with possible influences from the association of
pollutants with colloids and mixing of sediment solids and porewater by macroinvertebrates.
Both chemical and biological degradation may cause pollutant concentrations to decrease over
time, and the presence of a biofilm may contribute to this, as well as to pollutant
immobilisation and changes in physical properties of sediment, such as porosity or
permeability. Several approaches for describing these phenomena have been found in the
literature, with most work based on laboratory experiments rather than field measurement.
While macroscopic modelling of complex situations is possible (e.g., for degradation or
bioturbation processes), truly mechanistic mathematical representations are still difficult and
more work is required to understand and quantify underlying mechanisms. In particular,
linkage of contaminant concentrations to ecological effects would be desirable to support risk
assessment.
Most models suffer from limited applicability. Numerical modelling with object-oriented
computer codes offers promising possibilities to develop more flexible models and use these
to improve our understanding of processes governing pollutant movement in bed-sediment.
Appropriate model validation and sensitivity analysis is essential. Model development must
consider the purpose of the simulation; complex models may be required to improve our
understanding of pollutant fate and behaviour, whereas transparent, conservative models are
needed for regulatory decision-making.
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Type
Numerical

Numerical

Numerical

Numerical

Programming
Language
Fortran77

Fortran

Fortan, Java

C++

Fortran

Applicability
ID reactive
transport
modelling &
early
diagenesis

ID reactive
transport &
early

1,2,3D
reactive
transport of
pollutants in
groundwater
ID reactive
transport of
metals in
sediments

Model Features

References
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Procedural programming

Parameters
Transport:

http://diage
nesis.ocean
.dal.ca/root
/CANDI/

Extensible object-oriented
programming. Flexible
parameterisation (e.g. porosity
may be held constant., or be
varying linearly, exponentially,
inverse exponentially with depth)

http://www
.niooicnaw
.nl/homepa
ges/meysm
an/manual/
manual.ht
m

[118]

[121]

[33,114]
Object-oriented programming

Procedural programming Finitevolumes

Finite elements (Fortran) or Finite
volumes (C++). Iterative
approach. Parallel computing

http://www
.cig.ensmp.
fr/~vanderl
ee/chess/in
dex.html

[120,122]

Finite differences and PDE
resolution with method of lines.

Transport: diffusion, advection,
bioirrigation. Reactions: sorption

Transport: advection, colloidal movement.
Reactions: speciation,
complexation(colloids+ ligands),
precipitation/dissolution, acid/base reactions

Reaction: OM mineralisation [kinetics],
acid/base dissociation [equilibrium],
sorption [equilibrium], redox,
dissolution/precipitation [kinetics]

Transport: Advection, diffusion &
bioturbation

Slow OM mineralisation kinetics,
equilibrium reactions

Reactions:

Diffusion, burial (advection), bioirrigation
(source/sink)

Table 1
Models of reactive transport with relevance to bed-sediments
Model ID
CANDY

MEDIA

HYTEC
(JCHESS
modelling
platform)
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K

S'

I

to
00

Numerical

Numerical

Numerical

Type

Table 1 (continuation)
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Model ID
RECOVERY

Capping
Design

D.S.D. ID

Programming
Language
Microsoft
QuickBasic
4.5

MATLAB
(FEMLAB
algorithm for
PDE system
resolution)

Fortran 90

Applicability
ID interactive
pollutant fate
model for bedsediment

Pollutant
movement

from
contaminated
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through a
capping layer
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pollutant
movement
in/out and
with bedsediments
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Parameters
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Model Features

References

http://cappi
ng.hsrc.lsu.
edu/experi
mental
[29]

Transport: burial, porewater diffusion, resuspension, settling and bioturbation.
Reactions: sorption (Kd), degradation, and
volatilisation.

http://www
.wes.army.
mil/el/elmo
dels/index.
html
[28, 67]

Flexibility in choice of cap
properties (up to 3 capping
layers).

[18, 94, 97]

ODE and PDE resolution with a
adaptive-step-size Runge-Kutta
method and Crank-Nicholson
technique, respectively

Procedural programming

Web interface for data
input/output

Transport: porewater diffusion.

Sorption and degradation
parameters optimisations are
possible (SIMPLEX)

Transport: advection, diffusion, and
biodiffusion. Reactions: sorption,
degradation.

Reactions: sorption (optionl: instantaneous
reversible Kd with/without irreversible
sorption, or active uptake by biofilm), 1 storder degradation rates (single or dual
compartments with different rates)

to

00
00

Modellingof pollutant
andbehaviour
behaviourin
inbed
bedsediments
sediments
Modelling
pollutant fate and

289
289

7. NOMENCLATURE

The following table defines the symbols used repeatedly in this chapter. Symbols used only
once are defined only in the text.
Symbol

Definition

Dimensions

^sed

sediment particle-bound pollutant concentration

[M/M]

cP

pollutant concentration in the porewater

[M/L3]

Cw
Dm

pollutant concentration in the overlying water

[M/L3]

molecular or free-solution diffusion coefficient

[L2/T]

Deff

effective diffusion coefficient

[L2/T]

foe

fraction of organic carbon

[M/M]

foM
Kd

fraction of organic matter

[M/M]

sediment-water distribution coefficient

[L3/M]

mass transfer coefficient

[L/T]

Kdeg

first-order degradation rate

[1/T]

Koc

organic carbon-normalised partition coefficient

KOM

organic matter-normalised partition coefficient

Kow

octanol-water partition coefficient

9

Porosity

[L3/L3]

X

Depth

t

Time

[L]
[T]

e2

tortuosity factor

up

porewater velocity

[L/T]

r

organism feeding rate

[1/T]

Pb

Sediment density

[M/L3]

CO

sedimentation/burial rate

[L/T]

porewater or sediment-bound biodiffusion
coefficient

[L2/T]

Db,

Db,sed

L = length; M = mass; T = time.
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1. INTRODUCTION
The EU Water Framework Directive (WFD) has been described as "integrated river basin
management for Europe". It is important to consider how sediment quality is dealt with under
this legislation and the impacts this may have on the development of sediment quality
guidelines (SQGs). From an economic viewpoint, the WFD embraces the polluter pays
principle, along with the use of cost effective analysis (in the broader sense of the term
"analysis"), and considers pricing structures for water as a resource to aid implementation of
policy [1]. However, although the need to take into account the impact of sediments on
environmental quality is implicit in the WFD, there are few explicit references to them in the
text itself [2]. In those few instances, they are mentioned in respect of the setting of
environmental quality standards (EQS) in "water, sediment or biota".
SQGs effectively identify threshold values for different chemicals within sediments, which
can be compared to concentrations determined in areas of concern. SQGs are exactly what
they are named - guidelines. They are not definitive indications of whether or not harm will
occur, though typically three levels are set: concentrations below which adverse effects are
unlikely; concentrations above which adverse effects are likely; and, intermediate
concentrations within which adverse effects may or may not occur. They are not intended to
be used as pass-fail criteria, though some regulators, potentially responsible parties and other
stakeholders may choose to do so based on their own interests. Ideally, SQGs should be used
in a weight of evidence (WOE) approach as only one, initial line of evidence (LOE) [3].
WOE, not SQGs alone, should be used for the setting of EQS. This can be done in several
different ways incorporating non-scientific societal, economic and political concerns [4], as
set out below.
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(1) 'Safe' levels: The emphasis is on maximum benefit regardless of cost,
(2) Prudent reduction; A standard for contaminant levels is set at some 'worthwhile'
reduction from present levels; a compromise approach between the cost and benefit among
interested groups.
(3) Precautionary principle: Generally more stringent than the Prudent reduction principle;
based on "better safe than sorry".
(4) BATNEEC; The Best Available Technology Not Entailing Excessive Cost Costs are
effectively controlled but effects and benefits are not readily taken into account in any formal
or explicit manner.
(5) ALMA; As Low As Reasonably Achievable. Clearly there are similarities in principle
between ALARA and BATNEEC. The latter refers explicitly to costs; the former implies cost
considerations in using the term 'reasonably*.
Since the cost-spent and benefit-obtained is a consideration, the cost which one has to pay
resulting from the conclusions of any WOE study should also be taken into account, with
decisions not made solely based on the concentration of a contaminant within sediments. The
difference between a contaminant and a pollutant is not solely semantic [5]. A contaminant is
a substance present where it should not occur or at concentrations above which it should be
present, whereas a pollutant is a contaminant that causes adverse biological effects and
although it follows that all pollutants are contaminants, not all contaminants are pollutants.
SQGs allow differentiation of contamination on the basis of magnitude compared to guideline
values. They do not determine pollution; this can only be done using other tools such as
toxieity testing and analysis of resident community structure in an integrated WOE
assessment,
WOE assessments are the results of combining different measures of environmental quality
to make an overall assessment on environmental health. Components of a WOE assessment
can include a combination of: sediment chemical analyses, sediment toxieity tests, community
structure studies (these three LOE comprise the Sediment Quality Triad [SQT]) and
assessment of biomagnification [3, 6]. The philosophy behind WOE assessments is a
preponderance / burden of evidence approach where the conclusions drawn from individual
components are considered relative to one another. The methodology of the assessment
emphasises a holistic (top-down) approach, through looking at the whole combination of
parameters to determine the underlying mechanisms. This is achieved through the use of
reductionist (bottom-up) techniques to elucidate cause-effect relationships [7]. WOE
assessments are not only the sum of their individual parts, but all the information about an
ecosystem extracted by a WOE assessment is of considerably greater utility than the sum of
information from the individual components [3,6,8,9].

2. USE OF SEDIMENT QUALITY GUIDELINES (SQGs)
A Society of Environmental Toxicology and Chemistry (SETAC) Pellston Workshop held in
August 2002 summarized the state of the science regarding the development and use of SQGs
for assessing contaminated sediments, covering: the scientific underpinnings of SQGs, their
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predictive ability, other sediment assessment tools, the use of SQGs in sediment assessment
frameworks, and the use of SQGs and other tools for assessing sediments in different aquatic
environments [10]. There was agreement at the Workshop, which involved all major
developers of SQGs and a wide range of international practitioners, that:
SQGs have two primary roles - to address relative spatial and/or temporal patterns of
contamination, including probable no effect and possible effect concentrations; and,
for primary decision-making "in cases of simple contamination where adverse
biological effects are likely...when the costs of further investigation outweigh the
costs of remediation, and there is agreement to act instead of conducting further
investigations."
SQGs have secondary roles as part of an ecological risk assessment (ERA) and/or in a
tiered assessment scheme, in conjunction with other tools. Such secondary roles
include: determining the condition of populations and communities; estimating
ecological risks; screening the suitability of a proposed use or development; assessing
impacts of sediment dredging or management; remediation and restoration objectives;
long-term post-remediation monitoring.
SQGs have no role in evaluating human health risks or biomagnification, nor in
determining sediment stability and transport.
The SETAC Pellston Workshop also addressed the use of SQGs in different aquatic habitats.
Their conclusions are detailed as follows relative to habitats considered by the WFD:
SQGs are generally appropriate for lakes and ponds or low gradient rivers and streams.
Site-specific SQGs may be required for estuaries.
SQGs may not be appropriate for depositional wetlands or highly modified systems.
SQGs are not appropriate for non-deposMonal and erosional environments.
3. WEIGHT OF EVIDENCE (WOE) APPROACHES
Weight of evidence (WOE) is the general term for a process used to evaluate multiple
individual lines of evidence (LOE). WOE is the only means currently available to determine
whether contaminated sediments are in fact polluted. Individual LOE that may be utilised in a
WOE evaluation include:
measures of sediment chemistry - to determine the level and extent of contamination and of
modifying factors (e.g., grain size, total organic carbon [TOC]) compared to SQGs,
and to specifically answer the question "Are contaminants present at levels of
concern?";
measures of resident (usually benthic) community structure - to determine whether
community structure has been altered, possibly due to contamination; and/or measures
of histopathological changes to resident species;
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measures of toxicity (usually derived in the laboratory using field collected sediments) - to
determine whether the sediments are capable of causing adverse effects to biota,
possibly due to contamination;
measures of biomagnification and / or bioaccumulation (usually involving measurements of
body burdens in sediment-dwelling invertebrates and food chain modelling) - to
ensure a complete assessment of risk and evaluation of the capability of contaminants
of concern to biomagnify and the likelihood of their doing so.
Additional LOE can include:
measures of exposure (such as biomarkers or body burdens [bioaccumulation]) - to
determine which sediment contaminants, if any, are bioavailable and to attempt to
assign causation;
toxicity identification evaluations (TIE) to attempt to assign causation;
determinations of sediment stability - to determine whether only surficial sediments should
be evaluated or whether deeper sediments, which may be exposed during storm or
other events, need to be evaluated by answering the question "Is the sediment stable or
is it liable to erosion resulting in exposure of deeper, more contaminated sediments
and/or contamination down-current?
Additional detail regarding sediment WOE approaches using some or all of the above LOE
is provided by [3, 6, 11-15]. Sediment quality WOE is defined as "a determination related to
possible ecological impacts based on multiple LOE" [3]. This determination incorporates
judgments concerning the quality, extent, and congruence of the data contained in the
different LOE. It also includes both observational (e.g., ecology) and investigative or
manipulative (e.g., toxicology used to determine cause-and-effect) components. Ideally, any
WOE framework will be logical, transparent, and readily understandable by lay personnel,
and will also appropriately differentiate between hazard (the possibility of impact) and risk
(the probability of impact)."
WOE evaluations most commonly involve comparisons to a reference site or set of reference
sites or conditions. As such, the choice of reference site(s) / condition(s) is critical.
Approaches to WOE to date have been broadly divided into five different general categories:
indices, statistical summarization, scoring systems, logic systems, and best professional
judgment (BPJ) [3]. All are potentially useful with the exception of the first category.
Specifically, development and use of indices is not recommended as indices result in
information compression that, in the particular case of biological data, can negate full use of
WOE. Uncertainty in WOE can be minimized, though never eliminated [16].
Typically, the sediment chemistry LOE involves measurements of total, rather than
bioavailable, contaminant concentrations. Use of SQGs as the sole LOE for decision-making
is generally inappropriate, because SQGs tend to be generic rather than site-specific, and they
are based on limited toxicity data that consider only some exposure routes. The only time
SQGs could be considered alone for decision-making would be where they have been
extensively and site-specifically field-verified, and where two additional conditions exist.
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First, environmental management recommendations that could result would be less expensive
than additional studies to determine the need for such management. Second, the right to
conduct additional studies is waived by all responsible parties.
A generic, technically defensible, widely usable basic framework for a WOE approach in
sediment assessments has been recommended [14], focusing on stable sediments (e.g.,
sediments unlikely to be disturbed by physical means). This framework comprises a series of
steps adapted from the ERA paradigm as follows:
1. Identify critical receptors, define ecosystem quality, and identify potential stressors and
associated exposure dynamics.
2. Develop a conceptual model.
3. Determine measurement endpoint responses.
4. Select reference sites and comparison methods.
5. Select appropriate LOE combinations and a method to integrate the LOE into a WOE
assessment.
6. Finalize study design including quality assurance/quality control (QA/QC).
7. Collect and verify data.
8. Analyse each LOE.
9. Integrate LOE into a WOE matrix. Evaluate this against the conceptual model. If necessary,
revisit the conceptual model and/or collect additional data.
10. Draw conclusions.
This WOE framework minimizes reliance on subjective decisions, builds on previous
approaches to WOE, and allows investigators to move beyond the relatively easy
discrimination of heavily impacted and unimpacted sites to discriminate intermediate sites.
Iterative, or tiered application of individual LOE within the above framework should follow
Fig. 1, in which initial analyses compare appropriate SQGs with the results of site-specific
sediment chemistry analyses, and sediment stability is the final consideration.
The most effective and logical basis for presenting WOE evidence in a manner readily
understandable by lay personnel involves the use of a tabular decision matrix. Such matrices
can reasonably incorporate either a binary response (pass or fail), or a limited level of ordinal
response. In either case, such a matrix must be based on a strong quantitative, statistical
evaluation / summarization prior to merging into more qualitative matrix tables. Tables 1 and
2 demonstrate the multiple LOE customarily included in a tabular decision matrix. Such
tabular presentation matrices would, in practice, be supported by much more detailed
explanations than the simplified explanations below.
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Fig. 1. Tiered sediment assessment framework. Reproduced with permission from [3]. Copyright
(2002). From Weight-of-Evidence Issues and Frameworks for Sediment Quality (and other)
Assessments by P. M. Chapman et al. Reproduced by permission of Taylor & Francis Group, LLC,
http://www.taylorandfrancis.com
Table 1 provides categorizations for the example WOE tabular decision matrix provided in
Table 2. An ordinal ranking system is used to rate each measurement endpoint as indicative of
high, moderate, or low ecological risk. Use of symbols provides for a convenient and rapid
visual assessment of all endpoint results, as well as an assessment of the concordance among
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endpoints for a given site. Note that the toxicity and benthos LOE are given higher weight
than the sediment chemistry LOE. Note further that all stakeholders involved in a WOE
assessment should agree on the criteria for categorizing or ranking data before any data are
collected, to reduce both subjectivity and bias in the assessment.
Table 1
Ordinal ranking scheme applied for WOE categorization examples in Table 2. SQG =
sediment quality guideline; EC = effective concentration. Note that the Overall definition of
"No significant adverse effects" is independent of sediment chemistry
•
0
O
Bulk Chemistry
(comoarcd to SOG)

Toxicity Endpoints
(relative to reference)

Biomagnification
Potential
(relative to reference)
Benthos Alteration
(multivariate assessment)
Overall

One or more
exceedances of
upper-bound SQG
(adverse effects
likely)
Statistically
significant reduction
of more than 50% in
one or more
toxicological
endpoints
Significant

One or more
exceedances of
lower-bound SQG
(adverse effects may
or may not occur)
Reduction of more
than 20% in one or
more toxicological
endpoints

All contaminant
concentrations below
lower-bound SQG
(adverse effects
unlikely)
Reduction of less
than 20% in all
toxicological
endpoints

Potential

Negligible

"different" or "very
different" from
reference stations
Significant adverse
effects predicted due
to:
elevated chemistry
greater than a 50%
reduction in one or
more toxicological
endpoints, and
different (from
reference) benthic
diversity or
abundance or
increased dominance.
and/or
significant
biomagnification

"possibly different"
from reference
stations
Potential adverse
effects predicted due
to:
elevated chemistry
greater than a 20%
reduction in two or
more toxicological
endpoints, and

"equivalent" to
reference stations

possibly different
(from reference)
benthic diversity or
abundance or
increased dominance,
and/or
potential for
biomagnification

No significant
adverse effects
predicted due to:
minor reduction in no
more than one
toxicological
endpoint,
benthic diversity,
abundance,
dominance equivalent
to reference stations,
and
negligible
biomagnification
potential
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The example in Table 2 is simplistic, but not unrealistic. There were two reference sites,
both of which indicated intermediate levels of contamination. Moderate (and sometimes high)
levels of contamination are often found at reference sites, and emphasize the need to rely on
the other LOE to make informed decisions about environmental risk. Two of the exposed sites
(sites 2 and 7) only demonstrated chemical contamination and thus were classified as low
risk. Two of the exposed sites (sites 3 and 9) demonstrated both chemical contamination and
benthos alteration but no toxicity responses that would link contamination with alternation,
nor any biomagnification potential, and were thus also classified as low risk. Similarly, one
of the exposed sites (site 5) demonstrated both chemical contamination and toxicity, but no
evidence of benthos alteration nor biomagmfication potential and was thus also classified as
low risk. Three exposure sites (sites 1, 6 and 8) were classified as moderate risk because, in
addition to chemical contamination, they demonstrated toxicity as well as possible benthos
alteration and/or biomagnification potential. Finally, two exposure sites (sites 4 and 10) were
classified as high risk based on contamination, toxicity, and benthos alteration. Site 4 also
demonstrated biomagnification potential.
Table 2
Example of a WOE categorization. See text for explanation, na = not assessed

Site

Bulk
Sediment
Chemistry:
Metal-PAHPCB

Toxicity:
Survival Growth Reproduction

Biomagnification
Potential

Benthos
Alteration:
Diversity Abundance Dominance

Overall
Evaluation

Overall
Risk Rating

1

O-O-O

O-O-O

O

O-O-O

O

Moderate

2

•-O-O

O-O-O

O-O-O

O-na-na

na-O-O

4

•-na-na

O-O-*

5

•-•-O

O-O-O

6

•-O-O

o-o-o

7

•-na-na

O-na-O

8

O-O-O

O-O-O

9

•-na-na

O-na-O

O-O-O

o
o
•
o
o
o
o
o

Low

3

10

O-O-O

•

•-•

o
o
o
o
o
o
o
o
o

O-O-«

o

High

RefA

o-o-o

O-O-O

o

O-O-O

Low

RefB

O-na-na

o-o-o

o

O-O-O

o
o

O-O-»
O-O-»
O-O-O
O-O-O
O-O-O
O-O-«

Low
High

Low
Moderate

Low
Moderate

Low

Low
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The example in Table 2 illustrates two issues that are frequently encountered in WOE
assessments. First, the lack of consistent biological responses in spite of elevated chemical
contamination illustrates the limited utility of SQG-based approaches to sediment assessment.
Second, the example shows that not all measurement endpoints were evaluated at all stations,
a situation that is less than ideal from a statistical perspective, but which often occurs in field
studies. Although this example is for surficial sediments, as illustrated in Fig. 1, the final
consideration in this WOE assessment would take into account stability of this material and
whether deeper sediments, not yet assessed, could be uncovered in future. If the latter were
the case, then an assessment would also be required of these deeper sediments.
Multivariate analyses (e.g., Principle Component Analyses) may also be utilised in WOE
analyses [11, 17,18], however, "There is no one right way to relate sets of variables" [17].
The use of multivariate analysis can assist in interpreting data sets which contain large
numbers of variables and support decisions on which are the most significant contaminants
present in relation to observed effects. Such tools assist in the interpretation of data, whilst
retaining the full integrity of the information obtained from individual LOE. DeVails et al.
(1998) [19] have suggested "normalizing" LOE data to reference values to facilitate
interpretation and understanding of the results, which may be particularly constructive when
communicating the information obtained to a wider audience. This approach calculates both a
ratio-to-reference (RTR) value and ratio-to-maximum (RTM) where two points of reference
are utilised, both a clean and polluted site. Different methods of interpretation and
representation of the WOE have been compared and incorporated into the SQT (Fig. 2) [20].
Possible tiering of WOE components to maximize use of limited resources is detailed by
[22]. Tiering within components is also possible as described during the evaluation of the
impact of a mining spill in the Guadalquivir estuary [23]. For instance, for sediment toxicity
tests, a highly sensitive (but not necessarily realistic) test could be used to prioritise stations
and / or areas for subsequent detailed assessment using a battery of toxicity tests [24]. In this
regard, note that sediment WOE toxicity tests have generally excluded tests with plants; such
tests are needed and appropriate for at least some situations (e.g., contamination by
herbicides), and need to be both developed and implemented [25]. In addition, truly chronic
(i.e., full life-cycle) toxicity tests and responses related to changes in benthic community
structure [26-28] and relative end-point sensitivity of contaminant should be included in WOE
assessments.
Although WOE assessments such as the SQT have improved since their initial development,
additional improvements including those noted above are needed. A battery of different LOE
selected for specific purposes should be developed, maximizing flexibility in the use of WOE
within the wide variety of situations and sites which exist in the environment. Also, specific
components designed for highly variable systems such as estuaries should be designed and
applied [29]. Such components could incorporate different measurements of in situ alteration
than simply benthic community structure, for instance histopathology or benthic fluxes which
may be used as a complementary tool to the determination of the macrobenthic community
structure by assessing functional health of the ecosystem and addressing the influence of key
variables such as pH and salinity [30, 31].
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Fig. 2. Representation of different LOE used under in the SQT WOE approach [18]. Ine four LOEs
recommendai in this kind of WOE approach are represented by chemical concentration in sediments
(contamination), sediment toxicity tests under laboratory conditions (laboratory), biological effects
under field conditions (in situ, using caged animals) and also chemical residues of selected metals
under field and laboratory conditions to assess bioavailability of these contaminants, adapted from
[21]. The biological effects both under field and laboratory conditions were determined using sublethal
(histopathology and biomarkers -exposure and effects-) and lethal (survival) endpoints
There is also a need for interpretative guidelines to evaluate chemical mixtures related to
adverse effects. Such evaluations should recognize interactions within classes of chemicals
for which there is some theoretical basis (e.g., additivity for neutral organics). Most of the
applications of WOE to date have been site specific. They have not been, but should be used
to compare large-scale differences in sediment quality between regions and time periods, with
due caution to ensure that spatial and time scales are not mixed inappropriately.
As emphasized by Chapman et al. (1997) [25], WOE assessment such as the SQT should not
be used to develop a single numerical index; any simplification of WOE should be site- or
region-specific, not generic. However, the components of WOE assessments will change as
new, more ecologically relevant measurement endpoints are discovered and applied. In
particular, it is expected that: particular WOE "tools" will be refined and validated;
interpretative guidelines will be more fully developed; and, chronic toxicity tests and
community responses will be further incorporated into WOE assessments.
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4. USE O F W O E TO DEVELOP SQGs
WOE such as the SQT has been and can be used to develop SQXJs, with toe caveat that such
values are only appropriate for screening, i.e., they only comprise the initial (hazard
identification) step in an ERA. Table 3 details criteria which can be usefully applied to
selecting an appropriate methodology for developing SQGs. WOE involving sediment
chemistry, toxicity and benthic community structure (the SQT) meet all of these criteria.
MuMvariate analyses of the SQT has been utilised to derive quantitative SQGs for measured
chemical contaminants [20, 32, 33] and the development of site-specific SQG are considered
further below. Multivariate statistical analysis based on Principal Component Analysis (PCA)
[34] and Factor Analysis was used to establish ranges of chemical concentrations associated
with adverse effects. Specific considerations in the application of the PCA analysis to the
data included:
1. toxic chemicals have an influence on measurable biological responses that outweighs the
influence of natural physicoehemieal factors;
2. chemicals quantified for the analysis should be those that are most likely responsible for the
measured effects, although co-varying chemicals not quantified may have had an
influence;
3. although mixtures of substances probably act together, their patterns were estimated singly
in the PCA data analyses.

Table 3
Criteria for selecting an integrative assessment to provide environmental quality [35]
Criterion 1

The method should consider a range of contaminant levels which is wide enough to
determine the level at which ecotaxic effects become noticeable.

Criterion 2

The method should be based on cause-effect relationships between a specific
contaminant and bendiic organisms in a medium with complex mixtures of
contaminants.

Criterion 3

The SQGs should be derived from chronic effects since acute levels do not offer
adequate protection (acute effects could be included in the method to evaluate
acute impacts on the ecosystems).

Criterion 4

The method should be capable of incorporating a wide range of environmental factors
that could have a bearing on the presence or absence of organisms in a given area.

Criterion 5

The method must be scientifically sound and understandable.

Criterion 6

The method must produce SQG§ that relate to conditions that prevail in the natural
environment.

Criterion 7

The method must be capable of deriving SQGs from existing information bases.
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Concentrations of substances below which biological effects levels were low or minimal
were determined, and described as "no or minimal adverse biological effects". Concentrations
above which biological effects were always high were also determined, and described as
"major adverse biological effects". Finally, an intermediate range of chemical concentrations
representing an "area of uncertainty", or a break point between the high and low
concentrations, was determined.
Site specific SQGs were proposed for five different chemicals linear alkylbenzene sulfonate
(LAS), Pb, Ag, Cr, and Hg in the Gulf of Cadiz (Fig. 3) The remaining substances measured
in the different sediments selected in the Gulf of Cadiz were only present at relatively low
concentrations and were not associated with any measured adverse effects. The full
applicability of these suggested site specific SQGs remains to be determined [32] although
these and other SQGs derived in the area [20, 33, 36, 37] have been useful during monitoring
of the impact of the Aznalcdllar mining spill on the Guadalquivir estuary and other
surrounding areas [23, 38,39].

SQT AT GULF OF CADIZ

Contamination
conventional: TOC,
granulomctry, elemental aoalysi
heavy metals: Fe, Mn, Zn, Cu, Pb,
Cd, Cr, Ag, Hg, V, Ni, Co, As & Sn
surfactant (LAS)

In situ
Alteration
conventional, i.e.
(diversity, richness)
percent of taxa
biomass
SEP & DAP

SQT AT SAN FRANCISCO BAY

conventional: TOC,
TVS, total solids
heavy metals: As. Cr, Co, Pb, Hg,
Ni, Ag. Sn, and Zn
organic
coprostanol; PC&TOTAL'* DDT

Toxicity
amphipod survival
clam retmrial
oyster larvae survival
fish larvae survival
rotifer decline
Microtox

In situ
Alteration
conventional i.e
(diversity, richness
percent of taxa

amphipod survival
amphipod avoidance
mussel survival
mussel abnormal
copepod
clamreburial

Fig. 3. Schematic and summarized description of WOE components involving the SQT in the Gulf of
Cadiz and in San Francisco Bay [19,32]
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5. CONCLUSIONS AND RECOMMENDATIONS
Ultimately, judgements on environmental quality, assuming persistence of suitable habitat,
can only be determined by the responses or condition of multiple (never single) measures
(LOE) conducted as part of integrative assessments. The uncertainty and high variability
inherent in both ecosystems and methods of measurement require a burden of evidence
approach. WOE approaches are, and will continue to be, most useful where they are flexible
and responsive to study goals, ecological realities, and social concerns.
It should be borne in mind during any WOE assessment that uncertainty in the results cannot
be eliminated; however, the approach taken in collecting and evaluating data should be
designed to be transparent and minimise the impact of uncertainty on the final decision.
Examples given in this chapter demonstrate how such approaches have been developed with
flexibility for application in a wide range of situations. Although it is frequently possible for
an understanding of the sediment and its environment, and of the contaminants present and
their sources to be obtained, the consequences of the presence of contaminants in any
particular location are what a WOE evaluation attempts to evaluate. Assessments of sediment
quality and its possible impact should take into account considerations relating to potential
movement of material which may result in the transport, or exposure of, contaminated
material and subsequent consequences.
With respect to the derivation of SQGs within the context of the WFD, it is recommended
that a WOE based approach be utilised to derive values for the concentrations of priority (and
priority hazardous substances) [40]. These values would simply comprise screening-level
guidelines, and would not be considered for use as a regulatory measure in any pass / fail
judgemental application. Any guidelines derived by this means should be used as the first tier
in a WOE based risk assessment or as a probable effect concentration to nigger further
evaluation of the impact of contaminants on a site specific basis.
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1. INTRODUCTION
Although a broad range of publications have been devoted to the analysis and impact
assessment of trace environmental pollutants in water, there is a lack of papers dealing with a
comprehensive and integrated approach and covering both the chemical and biological
analysis as well as combined biological/chemical methods, such as the Toxicity Identification
Evaluation (TIE) applied to environment solid matrices and specially sediments. Usually
chemical and biological analysis and effect directed analysis information on solid matrices is
fragmented and scarce. During the last few years, new developments on instrumentation
occurred in the area of chemical analysis and were implemented in routine laboratories, like
pressurised liquid extraction (PLE) or tandem mass spectrometric detection, leading to
additional analytical information. The importance of developing and validating robust
analytical methods for isolation and analysis of pollutants from solid matrices has been
recognised as a key element in order to make appropriate risk assessment and risk
management options and future policies on soil. A key point when developing various
analytical protocols for solid matrices, is the heterogeneous characteristics of sediments which
makes that tailor-made sample preparation methods will need to be applied. But the analytical
part should include different aspects of sediment characterisation from sampling to
bioavailability, effect direct analysis and the establishment of sediment quality guidelines
among others. All these topics covering the complexity of sediment quality and impact
assessment have been extensively covered in this book, and were also partly covered in a
recent special issue [1].
Soil and sediment have been studied together during years and have some common aspects
that cannot be split. It is wise to start this final chapter with the legislation part and specially
under the European Union. It is obvious that legislation is a key driver that is slowly pushing
both, soil and sediment issues. Although legislation, as compared to water, is lacking in that
area, during the last few years two initiatives at the EU level were very relevant. First, the Soil
Thematic Strategy bringing soil to a higher level of importance for water managers, policy
makers and researchers and on the other side, and partly due to SedNet, the Water Framework
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Directive (WFD) has started to consider sediment as a key element and it is being slowly
introduced in guidance documents on WFD. Hopefully this will create, after certain time, a
more comprehensive and integrated approach covering a detailed list of requirements for
sediment monitoring under WFD.
2. SOIL THEMATIC STRATEGY AND SOIL PROTECTION
Really it is astonishing that Soil Protection was not an issue of environmental policy in
many countries until relatively late in the day. This is despite the fact of the finite nature of
the resource land which limits the supply of food to the population. It is recognised that
purely remedial action by the planning departments concerned is totally inadequate if the
scarce, finite resource "land" is to be protected in the long term, thus a soil protection strategy
which merely treats the symptoms must be replaced by a preventive policy.
The 6th Environmental Action Programme, published by the European Commission in
2001, established the basis for further actions to protect soil against adverse impacts on a
European level. For this purpose, in 2002 a communication from the Commission to the
Council and the European Parliament, entitled: "Towards a thematic strategy for soil
protection" (COM(2002)179 final), was developed and ratified by the 15 ministers of
environment of the European Union in 2002 [2], The purpose of this communication was to
build on the political commitment to soil protection in order to achieve a fuller and more
systematic approach in the following years. In this document, a distinction was made between
soil and land use, which will be the subject of a separate communication, addressing the
territorial dimension.
This communication defined the five main functions of soil for human societies and the
environment, such as the production of food and other biomass, the capacity for storing,
filtering and transformation, the soil as a habitat and a gene pool, the soil as a physical and
cultural environment for humankind and as a source of raw materials.
Moreover, 8 main threats to soil were defined, such as erosion, decline in organic matter,
soil contamination (local and diffuse), soil sealing, soil compaction, decline in soil
biodiversity, salinisation, and floods and landslides. It was also stated that these threats do not
apply evenly across Europe, but that there is evidence that degradation processes are getting
worse.
Because many EU policy areas are of some relevance to soil and its protection, especially
those relating to environment, agriculture, regional development, transport, development and
research and in view of the very inhomogeneous knowledge in Europe, addressing soil survey
monitoring systems and data networks as well as other forms of information, it was stressed
that in the future it will be necessary to develop a new EU-wide monitoring system. It was
also stated that the development of an EU soil protection policy will take time and will require
a precautionary approach based on preventing soil degradation in the future.
A specific task for the Working Group was to base all its results on the DPSIR approach
(see Fig. 1), distinguishing between the driving forces (D), which develop pressures (P),
resulting in a state (S), which by itself creates impacts (I) and for which responses (R) are
needed [3]. E.g. a driving force can be the demand for more space for industrial production
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lodging, transport facilities, sports and recreation facilities, dumping of refuse and others. The
pressure deriving from this demand is urbanisation in a broad sense, which means the
construction of new industrial premises, new houses, transport ways, such as roads or streets,
parking lots and others. The state created through this pressure is a sealed soil, which means
considerable losses of agricultural and forest areas. The direct impact is less agricultural (and
forest) biomass production, less rainwater infiltration, less biodiversity and others, with the
indirect impact that farmers have to give up their profession because there is no land available
any more for agricultural or forest production. Moreover, these farmers might move into other
areas, causing social and economic problems there. Another indirect impact of sealing are the
emissions caused by activities on the sealed surfaces, such as air and water pollution and in
some cases also erosion through concentrated surface water flow under uncontrolled
conditions, creating sedimentation and pollution of soils and sediments. - The response,
should, whenever possible, be directed at the driving force, e.g. towards satisfying the demand
for new urban structures by other means than the sealing of new land, e.g. by the recycling of
old, industrially used sites, building on partly polluted or reclaimed old industrial land. This
means the response would be in the form of incentives, social or economic measures or legal
regulations in order to reduce urban sprawl. Therefore, the DPSIR framework allows for
answering key questions in the understanding of complex soil and environmental systems,
such as: What is the driving force behind a problem? What are the pressures deriving from the
driving forces? What is the state which the pressure creates? What are the impacts that result
from the state? It also allows for responses so as to change the driving forces, in order to
alleviate or reverse a problem, developing solutions through the implementation of
operational measures.
Based on this approach, new concepts for research were developed by the Research
Working Group for answering the following specific questions:
1. Identification and structuring of the existing information;
2. Identification of barriers that prevent the full use of existing results for policies and
recommendations how to improve the transfer of information;
3. Identification of research gaps, with indication, in which time intervals these can be closed
(short-, medium- and long-term activities).
Several sources of risk to river basins occur. For soil resources, for instance, The Thematic
Strategy on Soil Protection of the EC has identified the following main threats on soils in
Europe: contamination, erosion, organic matter decline, salinisation, compaction, landslides,
floods, sealing (see also Fig. 1). Some of these threats have been subject of several research
programmes through Europe at local or regional scale. However other threats are rather
poorly understood and lack of integration in a broader context.
Contamination is such a well studied and maybe even the best studied risk source. Hence,
as an example, this source will be addressed in some more detail here. However, this does not
at all stress the relative importance of contamination with respect to the other sources
mentioned above.
hi case of contamination risk assessment follows the 'source-pathway-receptor' paradigm:
all three components must be in place for a risk to exist (illustrated in Fig. 2). Human health
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risks concerns the health of an individual. Assessments are largely based on laboratory
experiments with animals, and a framework for their interpretation based on medicine,
sociology and psychology. Ecological risk assessment (ERA) has to address the health of
populations of a multitude of species and ecosystems. ERA is still based on the concept of No
Observed Effect Concentration (NOEC), derived from the results of toxicity testing in the
laboratory. However^ there is no general ecosystem theory that can serve as a framework for
interpretation of NOEC data in an ecosystem context [4].
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Fig. 1. The DPSIR framework applied to soil
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Fig. 2. The Source-Pathway-Receptor Paradigm in case of contamination as risk-source [5]
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3. SEDIMENT MONITORING UNDER WFD
Natural soil erosion is generally the dominant source of sediments. Soil erosion affects
large areas of Europe about 17 % of the total land area in Europe is affected to some degree,
with around 27 million ha in the EU Climatic conditions make the Mediterranean region one
of the areas most severely affected. Changes in land use, such as abandonment of marginal
land with very low vegetation cover and increases in the frequency and extension of forest
fires, have had a strong impact on soil resources since historical times. In the most extreme
cases, soil erosion, coupled with other forms of land degradation, has led to desertification in
some areas of the Mediterranean and Eastern Europe Soil erosion is also an increasing
concern in northern Europe, although to a lesser degree. Since the rate of soil formation is so
slow, any soil loss of more than 1 tonne/ha/year can be considered as irreversible within a
time span of 50-100 years.
Contaminants are entering the river system through various pathways. Point sources are
identifiable points that are (fairly) steady in flow and quality (over the time scale of years).
The magnitude of pollution is not influenced by the magnitude of meteorological factors.
Major point sources under this definition included: municipal wastewater effluents and
industrial wastewater effluents. Diffuse sources are highly dynamic spread pollution sources
and their magnitude is closely related to meteorological factors such as precipitation. Major
diffuse sources under this definition include: surface runoff (load from atmospheric
deposition), groundwater, erosion (load from eroded material), diffuse loads of paved urban
areas (atmospheric deposition, traffic, corrosion), including combined sewer overflows since
these events occur discontinuous in time and are closely related to precipitation (it has to be
pointed out that emissions from urban areas is also partly involved in the point source term; so
that these discharges are not constant in reality). Both point and diffuse sources contribute to
the total contaminant load of rivers.
In a recent EU document [5] the development of Guidelines for Monitoring Contaminants
in Sediment has been recently suggested by the EU Expert Group on Analysis and Monitoring
of Priority Substances (AMPS) thus indicating that there is a clear need to develop diagnostic
and technical guidance for sediment monitoring. Such guidance should be made available in
the year 2006 in order to support Member States in their effort to implement the WFD.
Firstly, there is the need to develop new monitoring programmes under the WFD. Secondly,
analyses are under way to identify the necessary measures to meet the good ecological status
and water quality standards.
Under the WFD the purpose of analysing the levels of priority substances in sediments
might be: i) to monitor the progressive reduction in the contamination of priority substances
(PS) and phasing out of Priority Hazardous Substances (PHS) and ii) to demonstrate
conditions of "no deterioration" in sediment quality. This is implicit in the need to ensure
adequate provision of pollution prevention and control. Sediments have an impact on
ecological quality because of their quality, or their quantity, or both. Therefore, sediment
monitoring programmes should also address the basic physicochemical properties of
sediments (grain size distribution, organic carbon content etc.) as well as the
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geomorphological processes within each river system, including those operating in
floodplains, wetlands and coastal zone.
The presence of contaminated sediments might be one of obstacles to achieving "good
ecological status" for a waterbody. One widely accepted way of obtaining an initial indication
of the likely causes of a waterbody's poor ecological status is the sediment quality Triad, i.e.
the simultaneous observations of sediment chemistry, sediment toxicity tests and, in the field,
the benthic community which have been described in previous chapters of this book. The
observed concentrations of sediment-associated chemicals can be compared with Sediment
Quality Guidelines, if these are available. Over the years, research has demonstrated that
contaminated sediments that exceed Sediment Quality Guidelines do not always result in
toxic effects in sediment toxicity tests or in the benthic community as a result of decreased
bioavailability of the sediment-associated contaminants. Sometimes the opposite has been
observed, i.e. sediment that meets a suite of Sediment Quality Guidelines has caused adverse
effects to the benthic community in the field or in laboratory toxicity tests because of
combination toxicity or the presence of unidentified compounds. This demonstrates our need
to better understand the relation between sediment contamination (a hazard) and its actual risk
to the functioning of the ecosystem (ecological status). Recently an excellent book covering
the outcomes of the various presentations that took place at the Pellston workshop has been
published 6]. A comprehensive conceptual model to evaluate sediment contamination in the
aquatic environment, was developed during this workshop. This model describes contaminant
sources, processes linking those sources in the sediment in question, the physical, chemical
and biological processes occurring within the sediment that affect exposure, and how
receptors of concern are exposed on the contaminants associated with the sediment are
critical.
The conceptual model is the basis for formulating project-specific questions that drive
subsequent sediment assessment activities (see Fig. 3).
Sources

Sediment
processes
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Wildelife and
human receptors

Air
Wildlife
that eat fish

Surface sediment
(biologically
acitve zone)

Wildlife that eat
invertebrates or
plants

Reminder: aH of the above have specie spatial
and temporal scales

Fig. 3. Basic conceptual model for sediment risk assessment (Modified from: SETAC Pellston
Workshop, 2002)
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Trend monitoring will provide an indication of temporal changes over a prolonged period,
e.g. increases or decreases in concentrations of contaminants over time. The ICES Working
Group on the Statistical Aspects of Environmental Monitoring in the marine environment has
developed statistical methods for trend detection, including trend detection in sediments. For
the results of trend analyses, see http://www.ices.dk/iceswork/ wgdetail,asp?wg=WGSAEM,
These studies might contribute to a sound basis for the future development of statistical
methods for sediment monitoring under the WFD.
Spatial monitoring will provide an indication of the status of contamination over an area.
Such monitoring is necessary to detect the horizontal spread of a contaminant over a river
basin, and possibly to locate its source. It will provide basic information for appropriate
sediment management. Historic contamination at hot spots is often reflected in the deeper
sediment layers. The spatial variation in sediment contamination is influenced by differences
in sedimentation rate of newly formed particulate material as it influences the degree by
which historic contamination is covered-up. Consequently, the choice of sediment sampling
depth is a critical issue in mapping the status of sediment quality.
WFD quality standards for priority (hazardous) substances are currently being established
for the water phase. In cases where Water Quality Standards have been violated, one of the
sources of pollution might have been the emissions of contaminants from contaminated
sediment to surface waters and groundwaters. This demonstrates the connectivity between the
water and sediment phases. However, compliance monitoring of sediment quality is not yet
appropriate because of the lack of valid Sediment Quality Standards and the complexity of
deriving such criteria in a European context. The limitations of Sediment Quality Standards in
assessing contaminated sediments have been indicated briefly in a previous paragraph. A
further obstacle is the anticipated high costs of obtaining full spatial coverage.
4. PRIORITY SUBSTANCES
There are currently 33 priority substances (cf. 2455/200 I/EC). Additionally, there are 8
other substances covered by the daughter directives 86/280/EC to 76/464/EEC: DDT, Aldrin,
Dieldrin, Endrin, Isodrin, trichlorethylene, perehlorethylene tetrachloroethylene and carbon
tetrachloride. The primary criterion for the selection of compounds to be monitored in
sediments is their physico-chemical preference for the solid phase, i.e. when they are poorly
soluble in water. The more hydrophobic (water repulsing) a compound, the less soluble it is,
therefore the more likely it will adsorb to sediment particles. A simple measure of the
hydrophobicity of an organic compound is the Octanol-Water partition coefficient (Kow).
The coefficient is determined by calculating the concentration of a given contaminant in the
Octenol phase compared to its concentration in the water phase. The Kow of a compound is a
good predictor of the partition coefficient of the contaminant in the organic fraction of the
sediment (Koc). As a rule of thumb, compounds with a logKow > 5 should preferably be
measured in sediments, but compounds with a logKow < 3 should preferably be measured in
water. For instance, HCB (hexachlorobenzene) should preferably not be monitored in water
but in sediment, because of its preference to adsorb to sediment particles (organic carbon, in
particular). Atrazine, on the other hand, should be monitored in water and not in sediment,
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because of its high water solubility. For compounds with a logKow of 3 to 5 the sediment
matrix is optional and will depend on the degree of contamination.
Based on the rule of thumb mentioned above, a distinction has been made between
preferred and optional priority substances to be monitored in sediment (Table 1). Monitoring
in sediments is preferred for 8 of the 41 priority substances and is optional for a further 21 of
the substances.
Annex 1 also refers to monitoring in biota (see WFD AMPS biota monitoring guidance
discussion document DRAFT version: 160404). It is suggested that Member States should be
able to choose at least one matrix for trend monitoring the levels of the priority substances.
Table 1
Water Framework Directive priority substances suggested for trend monitoring in sediment or
biota. P = preferred matrix, 0= optional matrix.
Priority Substance
Alachlor
Anthracene
Atrazine
Benzene
Brominated diphenyl ethers*
Cadmium and its compounds
C10-13 -chloroalkanes
Chlorfenvinphos
Chiorpyrifos (-ethyl, -methyl)
1,2-Dichloroethane
Dichloromethane
Di(2-ethylhexyl)phthalate (DEHP)
Diuron
Endosulfan
Fhioranthene
Hexaehlorobenzene
Hexachlorobutadiene
Hexachlorocyclohexaneb
Isoproturon
Lead and its compounds
Mercury and its compounds
Naphthalene
Nickel and its compounds
Nonylphenols
Octylphenols

Sediment
0
P
—
—
P

o
p
0
0
...
—
0
—
0
p
p

o
o
0
0

o
0

o
o
0

Biota
—
0
—
—
p
0
p
...
—
—
...
0
—
—

o
p

o
p
...
0
p

o
o
0
0
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Table 1 (continuation)
Priority Substance
Pentachlorobenzene
Pentachlorophenol
Polyaromatic Hydrocarbons0
Simazine
Tributyltin compounds
Trichlorobenzenes
Triehloromethane
Trifluralin
DDT (including DDE, DDD)
Aldrin
Endrin
Isodrin
Dieldrin
Tetrachloroethylene
Tetrachloromethane
Trichloroethylene

Sediment
P
0

a

P
—
Pe
—
—
0
p
0
0
0

o
...
—
...

Biota
0
...
—
Pe
—
—
—

P
0
0
0
0
—
—
—

Including Bis(pentabromophenyl)ether, octabromo derivate and pentabromo derivate;
gamma-HCH (Lindane);
° Including Benzo(a)pyrene, Benzo(b)fluoroanthene, Benzo(g,h,i)perylene, Benzo(k)fluoroanthene, Indeno(l,2,3cd)-pyrene;
d
Preferable in mussels;
° marine environment
b

5. KEY RECOMMENDATIONS
A summary of the general remarks and recommendations in monitoring programs
identified by the authors of this book that were part of SedNet core group on Quality and
Impact assessment to investigate sediment quality are listed below:
1. We recommend that the selection of target compounds to be monitored in sediments
should be based on: (1) Persistence; (2) Bioaecumulation/adsorption; (3) Relevance at the
large scale (river basin); (4) High fluxes (tendency to increase concentrations/fluxes on the
long term basis); (5) Compounds already on the priority lists or possible candidates also
called emerging contaminants (WFD list of priority substances is amendable for revision
and addition of new contaminants each four years. Such addition or replacement of
pollutants will be based on the results of present and future monitoring programs and on
the results achieved by RTD projects where identification of new or emerging
contaminants takes place).
2. We recommend to undertake monitoring of sediments and/or suspended solids. Substances
which tend to accumulate in the geo-sphere and are transported bound to particles may to
be better measured in the suspended matter than in the water phase, which is particularly
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important for some new groups of compounds included in WFD, such as flame retardants
(PBDEs) and chloroalkanes. It is clear that transfer of contaminants from the sediments to
the water column through processes of diffusion, advection and sediment resuspension is a
major factor. We recommend that a river monitoring plan should necessarily include that
of the suspended matter in order to obtain a complementary picture of the pollution status
of the whole river basin, hi this respect we should add that contaminants in suspended
sediments represent "current" rather than historical pollution, as they will ultimately lead
to "new" deposits of contamination and newly settled material is the main food source for
detritivorous benthic organisms.
3. We recommend the development of Guidelines for Monitoring Contaminants in Sediment
in agreement with the EU Expert Group on Analysis and Monitoring of Priority Substances
(AMPS). One option could be to adopt these guidelines, with any modifications to account
for applications to lakes, rivers etc. The frequency of sediment monitoring should
furthermore be specified, and could be once or twice per year. Sediment samples could be
collected, randomly at the designated sampling point and the location of each recorded.
Samples shall be collected at the same time of year, each year, the time being chosen
according to local circumstances, bearing in mind the aim of monitoring trends in the
concentration of contaminants. The purpose of sediment monitoring guidelines is to assess
long-term trends in impacts of anthropogenic pressure and to ensure no deterioration
objective is reached and that comparable data are collected.. A summary is indicated
below:
- Initiate the development of a community-wide diagnostic guideline on the assessment
of contaminated sediments in relation to the degradation of both ecological quality
elements (benthic community, fish etc.) and water quality.
- Initiate the development of a community-wide technical guidance on sediment
sampling and handling, analytical techniques and normalisation procedures.
- Instruct Member States to apply sediment monitoring in selected waterbodies in
order to determine the trends in the priority substances that are poorly soluble in
water (in accordance with Table 1)
4. Monitoring should include assessment of bioavailable fraction of pollutants (metal
speciation, organics), in both the laboratory and the real field situations. It has been
recognised that there is a lack of knowledge in the fundamental processes constituting bioavailability. In this respect there is a quest for chemical methodologies that can be used to
mimic the biological availability of substances. A widely accepted concept is that
addressing bioavailability of sediment-bound chemicals improves the assessment of their
'ecological risks'. In this context bioavailability is the key parameter to elucidate routes
and pathways of contaminants from source (sediment) to targets (organisms, populations,
ecosystems), which implies highly complex processes with a multitude of interactions
between abiotic environment and the different parts of the biocenosis in sediments
(different organisms from bacteria to fish). We recommend to use the following tools to
assess the bioavailability;
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a) Biotic indices and the consideration of the bioavailable fraction of contaminants
will improve the predictability of effects in the natural situations
b) Molecular methods will provide the opportunity to get in situ and on site
information on the effects of contaminants on the structure and function of the
biocoenosis.
c) Mechanistic and field research is needed to derive applicable in situ methods for
assessment of bioavailability present at the contaminated site.
5. However, while the negative effects of some anthropogenic chemicals are relatively wellcharacterised, such as the toxicity of lead, others are not well understood, or may not even
have been identified. On the other hand, ecosystems can be resilient, and may be able to
adapt to additions of toxic chemicals, or changes in their environment. For these reasons,
chemical analysis is not necessarily a good predictor of environmental diagnostic and
effects. Consequently, we recommend that the chemical analysis should not be used for
deciding whether intervention in sediment quality is required, but rather, that the effects of
the anthropogenic contamination on the ecosystem should be the determining factor. There
are two fundamental problems with this approach. Firstly, a local sediment ecosystem is
unique and comprises thousands of species. It is impossible to test for effects on all of
them, and the degree to which tests on selected species can be extrapolated to others, or the
ecosystem as a whole, is perhaps as difficult as extrapolating effects from chemical
analysis. Secondly, there are numerous effects that might occur, e.g., acute toxicity, sublethal toxicity effects, carcinogenicity, teratogenicity, mutagenicity, endocrine disruption,
changes in metabolism or role in ecosystem, etc. The mechanisms for these effects can all
be different, but they can all have an impact on ecosystem health and function.
6. Although we have a large range of tools available for biological characterisation of
sediments, for in-situ community structure evaluation, other in-vivo assays, such as in-situ
biological tests and direct toxicity assessment (DTA) and a range of in-vitro assays to
check for endocrine effects and genotoxicity, we do not have a set rationale for what to use
where and at present, tests do not give a clear indication of what factors may be causing
effects. The tools for sediment assessment are available and we recommend the need to use
coherent international standards, already implemented and accepted by industry and
governmental authorities, that will give a clear picture for management at landscape scale
and ecological relevant handling of sediments. Thus, it is important to use the advantage of
the international standards e.g. after ISO (International Organisation for Standardisation) or
CEN (European Organisation for Standardisation) or national well established standard
protocols, e.g. under AFNOR (Association Francaise de Normalisation), BSI (British
Standard Institute), DIN (German Organisation for Standardisation) etc. all those standards
are formed by ISO-Working Groups and validation studies into ISO and CEN - Standards.
We hope that the examples and overall conclusions of this book from SedNet presented
here will certainly contribute to the progress in legislation and guidance document on
sediment quality and risk assessment. We also believe that the various chapters and the
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conclusions of this book will provide guiding principles to integrated risk-based management
of river basins.
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Glossary
AAS
ABC
AFNOR
AFS
ALARA
AMCO
AMD
AMPS
APCI
API
ASE
ASV
AVS
BAF
BSAF
BATNEEC
BC
BCF
BCR
BEQUALM
BLM
BPJ
BSAF
BSI
CEN
CBR
CMC
CRM
CSV
DAD
DGT
DIN
DLC
DO
DOC
EC

Atomic absorption spectrometry
Abundance-biomass comparison curves
Association Francaise de Normalisation
Atomic fluorometric spectrometry
As low as reasonably achievable
American Environment Protection Agency
Automatic multiple development (for TLC)
Expert Advisory Group on Analysis and Monitoring of Priority
Substances
Atmospheric pressure chemical ionisation
Atmospheric pressure ionisation
Accelerated solvent extraction
Anodic stripping voltammetry
Acid volatile sulphide
Bioaccumulation factor
Biota sediment accumulation factor
The best available technology not entailing excessive cost
Black Carbon
Bioconcentration factor
Community Bureau of Reference
Biological effects quality assurance in monitoring programmes
Biotic ligand model
Best professional judgment
Biota-to-sediment accumulation factors
British Standard Institute
European Organisation for Standardisation
Contaminant body residues
Critical micelle concentration
Certified reference materials
Cathodic stripping voltammetry
Diode-array detector
Diffuse gradients in thin films
German Institute for Norming
Dioxin-like compound
Dissolved oxygen
Dissolved organic carbon
Effective concentration

Glossary
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EC50
ECD
EDA
EDCs
El
ELRA
EPS
EQS
EqP
ERA
EROD
ERL
ERM
ESI
ET-AAS
FAAS
FAB
FIAM
FID
FL
FTU
GC
GC-MS
GCS
GCxGC
GES
GPC
HELCOM
HOC
HPLC
HRMS
IBI
ICES
ICP
IMD
IPSC
IRMM
ISO
IT
IWCTU
JMP
LAS

Median effect concentration
Electron capture detector (used as detection system in GC)
Effect directed analysis (Effect indicated by bioassays mainly)
Endocrine disrupting compounds
Electron ionisation
Enzyme linked receptor assay
Extracellular polymeric substances
Environmental quality standards
Equilibrium partitioning
Environmental risk assessment
Ethoxyresorufin-O-deethylase
Effects range low (value)
Effects range median (value)
Electrospray ionisation
Electro thermal - Atomic absorption spectrometry
Flame atomic absorption spectrometry
Fast atom bombardment
Free ion activity model
Flame ionisation detector (used as detection system in GC)
Fluorescence (detection)
Formazin turbidity units
Gas chromatography
Gas chromatography-Mass spectrometry
Good chemical status (WFD term)
Two-dimensional gas chromatography
Good ecological status (WFD term)
Gel permeation chromatography
Helsinki Commission. Convention on the Protection of the
Marine Environment of the Baltic Sea Area
Hydrophobic organic compounds
High performance liquid chromatography
High resolution mass spectrometry
Index of Biotic Integrity
International Council for the Exploration of the Sea
Inductively coupled plasma
Index of multivariate dispersion
International Programme on Chemical Safety of the WHO
Institute for Reference Material and Measuring
International Standards Organisation
Ion trap
Interstitial water criteria toxic units
Joint monitoring programme
Linear alkylbenzene sulfonate

Glossary
LC

LC-MS
LLE
LOD
LOE
LOQ

LRMS
LVI
MAE
MDS

MFO
MLS

MRM
MS

MS-MS
MT
NAA

NAPL
NCI

NOEC
oaTOF
OECD
OM

OSPARCOM
P&T
PB
PBS
PBT
PCA

PDMS
PLE
POM-SPE
POP
PRC

QA/QC
QN

Q-TOF
RAM

RDA
ROV
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Liquid chromatography
Liquid chromatography-Mass spectrometry
Liquid-liquid extraction
Limit of detection
Line of evidence
Limit of quantification
Low resolution mass spectrometry
Large volume injection
Microwave assisted extraction
Multi-dimensional scaling
Mixed-function oxidases
Multi layer silica
Multiple reaction monitoring
Mass spectrometry
Tandem mass spectrometry
Metallothionein
Neutron activation analysis
Non-aqueous phase liquids
Negative chemical ionisation
No observed effect concentration
Orthogonal-acceleration time-of-flight
Organisation of Economic Cooperation and Development
Organic matter
Oslo and Paris Commission. Convention for the Protection of
the Marine Environment of the North-East Atlantic
Purge and trap
Particle beam
Potentially bioaccumulating substances
Persistent, Bioaccumulative, Toxic. Criteria to characterise
compounds with a high environmental risk.
Principal component analysis
Polydimethylsiloxane (silicone rubber)
Pressurized liquid extraction
Polyoxymethylene-Solid phase extraction method
Persistent organic pollutant
Principal response curves
Quality assurance/quality control
Effect related concentrations (water, sediment, suspended
solids) for the "good chemical status - WFD": Quality Norms
Quadrupole time-of-flight
Restricted access material
Redundancy analysis
Remotely operated vehicles
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RTM
RTR
SEM
SETAC
SFE
SIM
SPE
SPLE s
SPM
SPMD
SPME
SQG
SQT
SRM
STP
TEF

TEQ
TIE
TLC
TOC
TOC/DOC
ToF
TRB
TRG
TQV
TSP
US-EPA
UV
WFD

WHO
WISER
WOE
WWTP

Glossary
Glossary
Ratio-to-maximum
Ratio-to-reference
Simultaneously extracted metal
Society of Environmental Toxicology and Chemistry
Supercritical fluid extraction
Selected ion monitoring
Solid phase extraction
Selective pressurized liquid extraction
Suspended particulate matter (usually fine fraction of sediment,
< 63 um)
Semi permeable membrane device (usually low density polyethylene (LDPE) tubing filled with trioleine oil.
Solid phase micro extraction
Sediment quality guideline
Sediment quality Triad
Selected reaction monitoring
Sewage treatment plants
Toxicity equivalence factor (used in dioxine-type toxicity to
indicate the toxicity relative to dioxine (2,2',4,4'Tetrachlorodibenzodioxine = 2,3,7,8-T(4)CDD), of which the
TEF = 1 and determined for bioassay individually)
Toxic equivalents (used in expressing total dioxin-type toxicity
of a compound mixture as pg'g"1 extracted matrix)
Toxicity identification evaluation
Thin layer chromatography
Total organic carbon
Total/dissolved organic carbon
Time of flight
Tissue residue-based
Tissue residue guideline
Tissue quality values
Termospray
United States Environmental Protection Agency
(http://www.epa.gov/)
Ultraviolet
Water Framework Directive (Directive 2000/60/EC; info at:
http://europa.eu.int/comm/environment/water/waterframework/index en.html
World Health Organisation
Wallingford Integrated System for Environmental Monitoring
in Rivers
Weight of evidence
Wastewater treatment plants
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Glossary

YAS
YES

Yeast androgen screen (bio-assay scree
hormonal disruption)
Yeast estrogen screen (bioassay screeni
hormonal disruption)

Chemicals
APEnO, n is
number of ethoxy
groups
ANT
AP
APEC
BBP
BPA
CAPEC
DBP
DDE
DEHP
DEP
DES
DMP
DnOP
E2
17oc-E2
E3
El
EE
HBCD
HCB
HCBP
HCDD
HCDF
LEVO
MCCP
MES
MTBE
NORE
NP
NPEO
NPEC
OCDD
OCDF

Alkylphenol ethoxylates

Anthracene
Alkylphenol
Alkylphenoxy carboxylate
Butylbenzyl phthalate
Bisphenol A
Diearboxylated alkylphenol ethoxylate
Dibutyl phthalate
Dichlorodiphenyl dichloroethylene
Di(2-ethylhexyl)
Diethyl phthalate
Diethylstilbestrol
Dimethyl phthalate
Di-n-octyl phthalate
17P-Estradiol
17a-Estradiol
Estriol
Estrone
Ethynyl estradiol
Hexabromocyclododecane
Hexachloro benzene
Hexachlorobiphenyl
Hexachlorodibenzo-/?-dioxin
Hexachlorodibenzofurans
Levonorgestrel
Medium chain chlorinated paraffins
Mestranol
Methyl-f-butyl ether
Norethindrone
Nonylphenol
Nonylphenol ethoxylate
Nonylphenol carboxylate
Octachlorodibenzo-jP-dioxin
Octachlorodibenzofurans
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OCP
OPEO
OPEC
OP
OT
PAE
PAH
PAK
PBB
PBDE
PCA
PCA
PCB
PCDD
PCDE
PCDF
PHE
PRO
PVC
SCCP
TBBPA
TBT
TCBP
TCDD
TCDF
THM

Glossary

Organochlonne pesticides
Octylphenol ethoxylate
Octylphenol carboxylate
Octylphenol
Organotin compounds
Phthalate esters
Poly aromatic hydrocarbons
Poly aromatic ketones
Polybrominated benzene
Polybrominated diphenyl ether
Polycyclic aromatic hydrocarbons (= PAH)
Polychlorinated alkanes
Polychlorinated biphenyls
Polychlorinated dibenzo-p-dioxins
Polychlorinated diphenyl ether
Polychlorinated dibenzofurans
Phenathrene
Progesterone
Polyvinyl chloride
Short chain chlorinated paraffins
Tetrabromobisphenol A
Tributyltin
Tetrachlorobiphenyl
Tetrachlorodibenzo-p-dioxin
Tetrachlorodibenzofurans
Trihalomethanes
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INDEX
Abundance-biomass comparison, 235
Acid volatile sulphide (AVS), 37
Acute in vivo bioassay, 135
Advisory Group on Analysis and Monitoring
of Priority Substances (AMPS), 63
Air drying, 77
Alkylphenol ethoxylates (APEOs), 96-99
Alkylphenoxy carboxylates (APECs), 96-99
Alkylphenols, 96-99
AMBI, 201
AMD-TLC, 184
AMES-test, 149, 178
Amphipods, 150
Amphipod Corophium arenarium, 202
Antibiotics, 103
Arenicola marina, 141
Arylhydrocarbon Receptor (AhR),, 182
Artemia salina (AQUIRE), 178
Automatic water sampling, 13
AVS (see acid volatile sulphide)
Athrobacter globiformis, 148
BCR sequential extraction, 107
Bed material sampling, 17
Bedload, 17
Bed-sediments, 265
Benthic organisms, 136
Benthic quality assessment, 215, 216
sampling techniques, 226
adaptive sampling, 224
organism size, 219
random sampling, 223
sample processing, 230
sampling Design, 218
sampling frequency, 222
selective sampling, 223
spatial distribution, 220
stratified random sampling, 223
systematic sampling, 224
data analysis, 232
distributional methods, 234
multivariate methods, 237
biomarker, 245, 247
kinetics, 249
BEQUALM, 141

Bioassay, 132, 134, 166
Bioaccumulation, 242, 244
Bioavailability, 35,131, 136, 170
metals for benthic organisms, 36
for microbial degradation, 47
Bioavailable fraction, 51
Biodegradation, 50, 51
Biofilm activity, 280
Biological effect assessment, 132
Biological monitoring, 6
Biomagnification, 296, 301, 302
Biomarker, 132, 144, 146,151, 169
Biomarker-Index, 151
Bio-mimetic techniques, 173
Bioresponse-linked instrumental analysis, 152
Biosurfactants., 50
Biota sediment accumulation factor, 46, 52,
53
Biotic ligand model, 39, 269
Biotesting, 169,195
Bioturbation, 250, 275
Biotoxins, 152
Black carbon (BC), 40-45
Bottom samplers, 19
Brachionus caliciflorus, 137
Brominated flame retardants, 83
BSAF (see biota sediment accumulation
factor),
Bulk suspended-load sampler, 13
Caenorhabdities elegans, 148
CALUX, 182
Carcinus maenas, 146
Ceriodaphnia dubia, 137
Characteristics of natural sediments, 265
Chemical Analysis, 61
alkylphenol ethoxylates, 96
alkylphenols, 96
alkylphenoxy carboxylates, 98
brominated flame retardants, 83
chloroalkanes, 91
chlorinated paraffins, 91
dioxins, 81
furans, 81
hexabromocyclododecane, 90
inorganic compounds, 105

Index
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metals, 105
nonylphenol, 98
octylphenol, 98
octylphenol ethoxylates, 97
organotin compounds, 94
pesticides, 100
Pharmaceuticals, 103
personal care products, 103
phthalate acid esters, 99
PCB, 81
PCN, 81
polyaromatic hydrocarbons, 101
polybrominated diphenyl ethers, 83
polychlorinated persistent pollutants, 81
steroid sex hormones, 103
tributyltin, 94
Chemical contamination, 302, 303
Chemical zonation, 248
Chironomus riparius, 138
Chloroalkanes, 91
Chromatographic separation, 85
Chemotaxis, 49
Chronic bioassays, 142
Chronic in vivo bioassay, 135
Classification of sediments, 133
Clean-up, 78
Compliance monitoring, 7
Community responses, 304
Community structure, 296, 297, 303, 305
Contaminant body residues (CBR), 256
Continuous-flow centrifugation, 15
Coplanar, 46
Core sampling, 19, 25
Core samplers, 19-22
Corophium multisetosum, 201
Corophium volutator, 141, 203
Co-solvent, 177
Cosolvent strength, 176
Cylindrotheca closterium, 145
Dangerous Substances Directive, 62
Daphnia magna, 137, 199
Degradation, 47, 48
Depth -integrating USDH sampler, 13
Desmodesmus subspicatus, 149
Dicentrarchus labrax, 202
Diffuse gradients in thin films, 52
Dioxin-type toxic ity, 171
DPSIR, 312-314
DR-CALUX, 182, 199
Dredging, 9
Dredged Material Management, 147
Drying techniques, 77

Echinocardium cordatum, 141
Ecological relevancy, 134
Ecological risk assessment, 7
Ecotoxicological classification, 154
Effect Directed Analysis (EDA), 163-214
Phase I (Characterisation), 168
Phase II (Identification), 168
Phase III (Confirmation), 168
Eisenia fetida, 139
ELRA, 149, 153, 154
Elutriate, 170
Emerging contaminants, 64, 65
Endocrine effects, 135
Environmental levels
Alkylphenols, 115
Chloroalkanes, 115
Pharmaceuticals, 117
Polyaromatic hydrocarbons, 116
Polychlorinated persistent pollutants, 111
Polybrominated persistent pollutants, 113
Environmental risk assessment, 131, 132
Environmental Quality Standards (EQS), 61
Equipment cleaning, 27
17p-Estradiol equivalents, 153, 154
Endocrine Disrupting Compounds (EDC), 153
Equilibrium partitioning, 37
ER-CALUX, 182, 199
EROD, 146, 147
Erosion processes, 274
Excavation enclosures, 22
Exposure time, 169
Extraction, 78, 95, 170
Extraction methods, 173
Factor Analysis, 305
Feminisation, 156
Field characterisation, 28
Formazin turbidity units, 14
Fractionation, 182
Free ion activity model, 269
Freeze core sampling, 26
Freeze drying, 77
Freundlich sorption model, 40-43
Gas chromatography (GC), 80
GCxGC: See two-dimensional gas
chromatography
GC-MS-MS, 192
GC-ToF-MS, 192
Gel permeation chromatography (GPC), 184
Genotoxicity, 135, 149, 171

Index
Geochemical equilibrium speciation models,
269
Good chemical status, 133,164
Good ecological status, 133,164
Grab samplers, 18
Guidelines for monitoring contaminants in
sediments, 315
hAR assay, 149
hAR biomarker assays, 154
Helley-Smith bedload sampler, 18
hER assay, 154
Hexahromocyclododecane (HBCD), 90
High resolution mass spectrometry (HRMS),
82
Hordeum vulgare, 140
Hormones, 103
Hyalella azteca, 139
Hydra attenuate, 137
Hydrobia ulvae, 145
Hydrophobic organic chemicals, 40
sorption, 40
Identification of unknowns, 110
Immunotoxieity, 135
Index of Biotic Integrity, 232
Infauna, 229
Inhomogeneity, 5
Injection techniques, 85
Inorganic compounds, 105
Instrumental analysis, 80
Integrated Models, 284
Integrative assessment, 305
Interstitial water criteria toxic units, 38
Intertidal sandflats, 221
Invertebrate fauna, 6
In vitro bioassay, 135
In vivo bioassays, 136
Intersexes, 156
ISO-Standards for sediment testing, 149
Isokinetic samplers, 12
Isotherms, 42
Isolation procedure, 170
Key toxicants, 170
Kinetics (see rates), 44,48,55
K-strategy, 133
Lemna minor, 138,148
Lifecycle, 134
Lines of evidence (LOE), 215,295
Liquid ehromatography, 80
Long chain chlorinated paraffins, 91
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Macoma balthica, 142
Macrobenthos, 215,220,229
Manual sampling, 12
Marine benthic organisms, 141
Maximum depth profile, 5
McNeil sampler, 24
Measurement of pH, 29
Measurement of Eh, 29
Medium chain chlorinated paraffins, 91
Megabenthos, 220
Meiobenthos, 220,229
Mercenaria mercenaria, 142
Mesocosm, 144
Metabonomics, 156
Metals
analysis, 106
Metal bioavailability, 269
Microbenthos, 220
Micronuclei,, 149
Microtox, 199
Microwave assisted extraction (MAE), 79
Mixture toxicity', 198
Modelling, 263
Model Sensitivity Analysis, 284
Model Verification, 284
Monitoring
compliance, 7
spatial, 7
trend, 7
Mudflats, 221
Mutatox, 199
Mutagenicity, 135
Neurotoxicity, 135
Non-aqueous phase liquids (NAPL), 47
Non-equilibrium sorption, 36
Non-regulated compounds (see emerging
contaminants), 65
Nonylphenol ethoxylates, 96-99
Nonylphenol, 96-99
NP-HPLC, 185
Numerical Modelling, 282
Octanol-water partition coefficient, 61,269
Octylphenol ethoxylates, 97
Organic compounds, 72
analytical methods, 73
Organic matter, 40
Organochlorine pesticides, 100
Organotin compounds, 94
OSPAR, 143
Oven drying, 77
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Particle size, 27
Partition controlled delivery, 170,190
PDMS, 176
Pharmaceuticals, 64,103
Phaeodactylum tricornutum, 147,202
Phagocytosis Index, 152
Phthalate acid esters, 99
Phthalates, 99
Phytobenthos, 219
Pimephales promelas, 178
Pipe samplers, 24
Planarity, 43
Porewater, 7
Persistent organic pollutants (POP), 82
Personal care products, 103
Pesticides, 100
Pipe dredging, 18
Pipe sampler, 24
Pollutant degradation, 279
Pollutant transport
advection, 273
diffusion, 271
Polyaromatic hydrocarbons (PAHs), 101
Polybrominated diphenyl ethers (PBDEs), 83
Polychlorinated biphenyls (PCBs), 81
Polychlorinated dibenzofurans (PCDFs), 81
Polychlorinated dibenzo-p-dioxins (PCDDs),,
81
Polychlorinated persistent pollutants, 81
Polyoxymethylene (POM), 181
Porewater, 7,170
Porewater bioturbation, 276
Precautionary principle, 132,151
Preparative capillary gas chromatography, 187
Pressurized liquid extraction (PLE), 79
Priority substances, 62,317
Principal Component Analysis, 303,305
Programming languages, 283
Programming paradigms, 282
Proteomics, 156
Pseudokirchneriella subcapitata, 138
Pseudomonas putida, 148
pT-value, 134,147,155
Random sampling, 5
Rates (see kinetics), 45, 50
Rating Curves, 14
Ratio-to-maximum, 303
Ratio-to-reference, 303
Receptor selective columns, 173
Remediation, 297
Restricted access material, 97

Restoration, 9
Resuspension sampling technique, 22
Risk minimization, 151
R-strategy, 133
Salmonella typhemurium, 148
Sample contamination, 27
Sample description, 29
Sample location, 4
Sample size, 4
Sample pre-treatment, 77,105
Samplers, 12-24
Sampling, 1, 8
analytical quality assurance, 27
depth, 4
design, 3-6
targeted sampling design, 5
systematic sampling designs, grids,5
random sampling, 5
stratified random sampling, 5
ranked set sampling, 5
dredging and restoration, 9
estuaries and marine areas, 8
frequency, 3
lakes and reservoirs, 8
maximum depth profile, 5
plan, 2
resuspension techniques, 22
rivers, 8
strategies, 1
subsurface channel bed material, 23
surficial channel bed materials, 18
vacuum, 23
techniques, 10
Scoop sampling, 18
Sediment assessment, 297,303
Sediment chemistry, 297-305
Sediment environmental quality standards
(EQSs), 143
Sediment particle movement, 277
Sediment quality, 295,298,301,304,307
Sediment quality guidelines (SQGs)., 143
Sediment Quality Triad [SQT]), 296
Sediment risk assessment
conceptual model, 316
Sediment structure, 267
Sedimentation, 274
Sediment-water partition coefficient, 61
Selenastrum capricomutum, 149
SEM-AVS, 37, 39,55
Semi Permeable Membrane Devices (SPMD),
181
Sequential extraction, 106

Index
Short chain chlorinated paraffins, 91
Shovel sampling, 18
Silicon Rubber, 181
Simultaneously extracted metal (SEM), 37
Soil Thematic Strategy, 311
Solea senegalensis, 146
Solid phase extraction, 173
Solid phase micro-extraction (SPME), 53, 55,
181
Solvent extraction, 173
Sonication, 79
Sorption isotherms, 41
Soxhlet, 79
Sparus aurata, 146
Spatial monitoring, 7
Spatial variation, 6, 10
Species diversity indices, 233
Standard analytical methods, 66, 67
Stratified random sampling, 5
Subtidal sandbanks, 221
Surfactants (see biosurfactant), 48
Supercritical fluid extraction (SFE), 79
Suspended matter, 172
Tandem mass spectrometry, 89
Tangential-flow filtration system, 16
Taxonomic distinctness, 234
Taxonomic diversity, 234
Taxonomic identification, 230, 231
Tenax®, 48, 52, 53,54, 55, 181
Tessier scheme, 107
Thamnocephalus platyurus, 144
Time-integrating fine sediment sampling, 16
Time of flight mass spectrometry (TOF-MS),
83,89
Tisbe battagliai, 207
Toxicity Equivalents (TEQ), 81, 197,
Toxicity Equivalency Factor (TEF), 204
Total organic carbon (TOC), 40-45
Toxicity, 135, 170
Toxicity classes, 155
Toxicity Identification Evaluation (TIE), 132,
163-214
Toxicogenomics, 156
Traps, 17
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Trend monitoring, 7
TRIAD, 168
Tributyltin, 94
Tubifex tubifex, 138
Turbidity, 14
Two-dimensional gas chromatography
(GCxGC), 80, 193
Umu-test, 149
Uptake rate, 46
US grab samplers, 22
Vacuum sampling, 23
Vibracoring, 25
Vibrio fischeri, 144, 201
Vitellogenin, 146, 156
Wallingford Integrated System for
Environmental monitoring in Rivers
(WISER), 11
Water Framework Directive (WFD), 7, 61,
143,164,295,315
Weight-of-evidence (WOE), 215, 241, 295
Wet acid digestion, 106
Xenoestrogens, 154
Xenoestrogenic effects, 155
Yeast androgen screen (YAS), 199
Yeast oestrogen screen (YES), 199
Zoobenthos, 219
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